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Pharmaceuticals, due to their pseudo-persistence and biological activity as well as their extensive
use in human and veterinary medicine, are a class of environmental contaminants that is of emerging
concern. In contrast to some conventional pollutants, they are continuously delivered at low levels,
which might give rise to toxicity even without high persistence rates. These chemicals are designed
to have a specific physiological mode of action and frequently to resist inactivation before exerting
their intended therapeutic effect. These features, among others, make pharmaceuticals responsible for
bioaccumulation and toxic effects in aquatic and terrestrial ecosystems. It is extremely important to
know how to remove them from the environment and/or how to perform their biological inactivation.
Hence, the detection, determination and analysis of the fates of pharmaceuticals and their metabolites
in different compartments of the environment are some of the main tasks of modern analytical
and environmental chemistry. An important limitation of such studies is the availability of sufficiently
sensitive and reliable analytical methods for determining the different pharmaceuticals present in trace
amounts in such complex matrices. Although great advances have been made in their detection in
aquatic matrices, there are limited analytical methodologies for the trace analysis of target and non-target
pharmaceuticals in matrices such as soils, sediments or biota. There are still many gaps in robust data
on their fate and behavior in the environment, as well as on their threats to ecological and human
health. This Special Issue has included nine current research and three review articles in this field.

Seven research articles deal with the presence of pharmaceuticals in wastewater samples
and evaluate their fate, ecotoxicity and/or elimination in wastewater treatment plants (WWTPs)
equipped with different purification technologies [1–7].

Giebułtowicz et al. [1] have provided a comprehensive overview of the presence of 26
selected antibiotics in two Polish WWTPs (wastewater and sludge) and have provided crucial
information on their removal efficiency and their risk to resistance selection as well as cyanobacteria
and eukaryotic species. They established that the removal efficiency of these compounds was more
than 50% for both WWTPs. The highest antimicrobial resistance risk was estimated in the influents
of WWTPs for azithromycin, ciprofloxacin, clarithromycin, metronidazole and trimethoprim and in
the sludge samples for azithromycin, ciprofloxacin, clarithromycin, norfloxacin, trimethoprim, ofloxacin
and tetracycline.

Guedes–Alonso et al. [2] have studied the removal efficiencies of 11 pharmaceuticals in three
wastewaters treated by conventional or natural purification systems over two years in order to determine
the occurrence and removal of pharmaceutical residues in Gran Canaria (Spain). A combination of
secondary treatments and reverse osmosis presents favorable removal efficiencies (over 95% for most
studied compounds). However, all the target pharmaceuticals were present in the effluent samples.

Molecules 2020, 25, 2941; doi:10.3390/molecules25122941 www.mdpi.com/journal/molecules1



Molecules 2020, 25, 2941

Zhang et al. [3] have found that constructed wetlands (CWs) could achieve a high removal
efficiency of sulfamethoxazole (SMX) (>98%) and that the concentration of SMX in the bottom layer
was higher compared with that in the surface layer. A degradation mechanism of SMX was also
proposed. Moreover, the relative abundance of sul genes exhibited an increase, which tended to be
stable throughout the treatment duration.

The effectiveness of CWs for the removal of 15 pharmaceuticals and endocrine disrupting
compounds in municipal WWTPs was also investigated by Wolecki et al. [4]. For the first time in
such a study, three plants, namely Cyperus papyrus (Papyrus), Lysimachia nemorum (Yellow pimpernel)
and Euonymus europaeus (European spindle), were taken into account. The investigation was performed
using real municipal WWTP conditions and with the determination of target compounds not only
in raw and treated wastewater but also in plant materials (a new ASE-SPE-GC-MS(SIM) method for
this purpose was developed and validated in this study). The authors confirmed that the elimination
efficiency of the investigated compounds from wastewater was in the range of 35.8% to above 99%.
Moreover, Lysimachia nemorum was the most effective for the uptake of target compounds among
the tested plant species.

Nałęcz–Jawecki et al. [5] have evaluated the biological activity of four antidepressants, fluoxetine,
sertraline, paroxetine and mianserin, on the ciliated protozoan S. ambiguum. Acute toxicity, bioconcentration
and biotransformation studies were performed. The authors observed that sertraline was the most toxic
among the studied antidepressants. However, the toxic effects occurred at concentrations at least two
orders of magnitude higher than those determined in effluents and freshwaters.

The main aim of the Pazda et al. research article [6] was to compare the occurrence of selected
tetracycline- and sulfonamide resistance genes in raw influent and final effluent samples from two
Polish WWTPs which were different in terms of size and applied biological wastewater treatment
processes (conventional activated sludge (AS)-based in one WWTP and a combined conventional
AS-based method with constructed wetlands (CWs) in the other). The genes selected for the study are
commonly detected in wastewater samples, represent different resistance mechanisms, and are also
located in different genetic elements (especially in mobile genetic elements which significantly influence
the spread of antibiotic resistance genes (ARGs)). Furthermore, a method for the isolation of total DNA
and the identification of selected ARGs in wastewater samples was developed. All thirteen ARGs coding
resistance to tetracyclines, tet (A, B, C, G, K, L, M, O, Q, X) and sulfonamides (sulI, sulII, sulIII), were
detected in raw influent and final effluent samples from both WWTPs. The results of the comparative
quantitative qPCR-based analyses in most cases showed the enrichment of the selected ARGs after
the wastewater treatment processes (more than a 10-fold increase in five of the studied resistance genes
was observed in the final effluent of a conventional WWTP). The results of this research article allowed
the authors to estimate the scale of ARG spread in the environment, depending on the size and type of
WWTP system, and highlight the need to implement high-efficiency preventive actions.

Pieczyńska et al. [7] have investigated the degradation of cytostatic drugs (CD), 5-Fuorouracil
(5-FU), cyclophosphamide (CP) and ifosfamide (IF) and their mixtures, using an electrochemical
filter press cell divided by a Nafion membrane in batch treatment (flow recirculation). The order of
the CD degradation rate in single drug solutions and in mixtures was found to be 5-FU < CP < IF.
The fundamental reaction mechanism, as well as the effects of natural water constituents on the kinetics
and mechanisms of electrochemical oxidation of cytostatic drugs in their mixtures, were studied.

Two research articles describe the occurrence of pharmaceuticals in soil samples and evaluate
their mobility and toxicity on environmental organisms [8,9].

Wychodnik et al. [8] established the influence of mass breeding of hens on soil contamination
with 26 pharmaceuticals and caffeine (CAF). The results showed that the observed changes in
pharmaceutical presence in the analyzed soil samples could be defined as seasonal (in all summer
samples, less substances (four pharmaceuticals) were determined in contrast with samples collected
in March 2019 (10 pharmaceuticals and CAF)). Moreover, concentration levels of sulfamethazine
and sulfanilamide in samples collected in July 2019 were approximately five times higher than those
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collected in March 2019. The antibiotic resistance of 85 random bacterial strains isolated from soil
samples was also determined. The level of bacterial resistance to antibiotics did not differ between
the samples from intensive breeding farm surroundings and those from the reference area.

The soil behavior of the veterinary drugs, lincomycin, monensin and roxarsone, and their
toxicity on environmental organisms (algae, plants, daphnia, fish, earthworms and quails) have been
investigated by Li et al. [9]. Lincomycin and roxarsone were characterized by moderate soil mobility;
however, roxarsone’s ecotoxicity implied that it is a potential ecological risk. Monensin was the most
toxic among the three drugs tested, and its higher affinity for soil made it easier to be accumulated.

Apart from research papers, three interesting review articles [10–12] have been published in this
Special Issue. Two of them were written by Pereira et al. [10,11]. The first [10] tackled the source,
fate and occurrence of 22 pharmaceuticals, six metabolites and transformation products belonging to
seven therapeutic groups, in several aquatic compartments (wastewater influents and effluents, surface
waters, groundwaters, seawaters, mineral waters and drinking waters). The second article [11] presents
the issues of toxicity and the risk assessment of pharmaceuticals, using the occurrence data obtained in
the first paper, highlighting and updating the current knowledge on this subject. Such an approach led
to the integration of all of these issues under the scope of the environmental risk assessment, providing
new and updated data not only on occurrence and toxicity but also relating to the risk assessment of
human pharmaceuticals in the most important water compartments.

The last paper of this Special Issue, written by Treder et al. [12], deals with the use of ionic liquids
(ILs) in liquid chromatography, gas chromatography and capillary electrophoresis for the determination
of pharmaceuticals in environmental and biological matrices. Based on the large number of reported
references, these compounds are very effective for the analysis of different classes of compounds.
In addition, they are eco-friendly and therefore very useful in the analytical and preparative fields.
However, the limitations that appear during their use show that success in experiments is not easy
and this field of research requires further development.

In conclusion, the frequent detection of many pharmaceuticals in the environment has been
an increasing concern due to their potential to cause undesirable ecological effects, which may range
from endocrine disruption in fish and wildlife to antibiotic resistance in pathogenic bacteria.
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Abstract: In this study, a screening of 26 selected antimicrobials using liquid chromatography coupled
to a tandem mass spectrometry method in two Polish wastewater treatment plants and their receiving
surface waters was provided. The highest average concentrations of metronidazole (7400 ng/L),
ciprofloxacin (4300 ng/L), vancomycin (3200 ng/L), and sulfamethoxazole (3000 ng/L) were observed
in influent of WWTP2. Ciprofloxacin and sulfamethoxazole were the most dominant antimicrobials
in influent and effluent of both WWTPs. In the sludge samples the highest mean concentrations were
found for ciprofloxacin (up to 28 μg/g) and norfloxacin (up to 5.3 μg/g). The removal efficiency of
tested antimicrobials was found to be more than 50% for both WWTPs. However, the presence of
antimicrobials influenced their concentrations in the receiving waters. The highest antimicrobial
resistance risk was estimated in influent of WWTPs for azithromycin, ciprofloxacin, clarithromycin,
metronidazole, and trimethoprim and in the sludge samples for the following antimicrobials:
azithromycin, ciprofloxacin, clarithromycin, norfloxacin, trimethoprim, ofloxacin, and tetracycline.
The high environmental risk for exposure to azithromycin, clarithromycin, and sulfamethoxazole to
both cyanobacteria and eukaryotic species in effluents and/or receiving water was noted. Following
the obtained results, we suggest extending the watch list of the Water Framework Directive for
Union-wide monitoring with sulfamethoxazole.

Keywords: antibiotics; wastewater; sewage sludge; risk assessment; removal efficiency; LC-MS/MS
analysis

1. Introduction

The fate of contaminants, particularly pharmaceutically active compounds (PhACs) in the
environment is receiving considerable attention from researchers. PhACs appear as contaminants in
wastewater, soil, surface and ground water, municipal sewage, and in the influents and effluents of
wastewater treatment plants [1–3]. There are several sources of PhACs in the environment. The most

Molecules 2020, 25, 1470; doi:10.3390/molecules25061470 www.mdpi.com/journal/molecules5
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important is human and veterinary medicine as well as plant agriculture. The main sources of aquatic
contamination with human antimicrobials are wastewater treatment plants (WWTPs). The PhACs
enter WWTPs along with wastewater from the disposal of unused or expired drugs in toilets. However,
human excretion is considered to be the most important source. Generally, WWTPs are not designed
to eliminate PhACs during the technological process, and a number of studies have shown the
presence of different PhACs in both raw and treated sewage sludge and wastewater [4–8]. There
is no data on either the removal efficiency or the concentration of antimicrobials in Polish WWTPs.
The concentration of PhACs in the environment depends on the consumption of pharmaceuticals,
which is country- and culture-specific, and their pharmacokinetics, and may considerably vary with
seasons and physicochemical properties of these compounds, various process operating parameters
of WWTPs, and bacterial community structure [9,10]. According to the European Centre for Disease
Prevention, in 2018 the corresponding population-weighted mean consumption of antimicrobials
(in defined daily dose (DDD) units per 1000 inhabitants per day) in European Union and European
Economic Area countries was 18.4 DDD. In Poland the consumption rate was calculated as 23 DDD.
Higher values were observed only for France (23.6 DDD), Greece (32.4 DDD), Romania (25.0 DDD)
and Spain (24.3 DDD) [11].

Antimicrobials are one of the most extensively investigated PhACs. They belong to contaminants
of emerging concern (CEC), which helps assess hazards to human health and ecosystems. They are
one of the most popular pharmaceuticals used in veterinary care, farming, and medicine. According
to the United States Geological Survey (USGS), CEC includes “any synthetic or naturally occurring
chemical or any microorganism that is not commonly monitored in the environment, but has the
potential to enter the environment and cause known or suspected adverse ecological and/or human
health effects” [12].

WWTPs are not specifically designed for antimicrobial removal, and, consequently, these molecules
are released directly into the receiving environment. An important issue is to identify the sources
of antimicrobials in water and to assess their concentrations in surface, ground, and potable waters.
The presence of antimicrobials in surface and ground waters, and even in drinking water, has been
identified worldwide, for example in the UK [13], Italy [14], China [15], Australia [16], and the
USA [17]. In our previous study, 20 of the 26 investigated antimicrobials up to a concentration of
1000 ng/L in the river water close to the effluent discharge from the main WWTP in Warsaw (Poland)
were detected [18]. Although WWTPs are considered the main source of antimicrobials for surface
waters, the current legislation at a European level does not contain an antimicrobial concentration
requirement for discharge from WWTPs to receiving water. Antimicrobials have been determined in
numerous WWTPs such as those in Germany [8,19], France [7], Croatia [20], Spain [21], China [22],
Switzerland [23], Sweden [24], and Norway [25]. Given the number of scientific papers regarding the
analysis of the antimicrobials’ concentrations in European and global WWTPs, the knowledge of the
occurrence of antimicrobials in Polish WWTPs is scare. Moreover, there are only scarce data on risk
assessment on resistance selection and on environmental toxicity in WWTPs. To our best knowledge,
no such data regarding sludge and sludge-affected soils exists.

The presence of the antimicrobials in the environment may pose an environmental risk.
Environmental risk is defined as actual or potential threat of adverse effects on aquatic and/or
terrestrial organisms. In the case of antimicrobials, the most endangered are prokaryotes, e.g.,
nitrification bacteria [26] or cyanobacteria [27]. Antimicrobials can also pose a risk of resistance
selection. It is observed as preferential outgrowth of antimicrobial-resistant bacteria and changes in
the antibiotic sensitivity of the entire microbial population in antimicrobial concentrations below the
minimal inhibitory concentration. As a consequence, the resistant bacteria is able to survive in the
presence of an antimicrobial in concentration that is usually sufficient to inhibit or kill microorganisms
of the same species [28]. The antimicrobial-resistant genes can be transferred between distantly related
bacterial species and to bacteria that colonize the human body and human pathogens [26]. The estimates
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suggest that 700,000 deaths occur every year because of antimicrobial resistance; moreover, by 2050,
there might be 10 million deaths every year [29].

In this context, the aim of the study was to investigate the occurrence, abundance, and removal
efficiency of the selected antimicrobials in two Polish wastewater treatment plants. The risk assessment
approach based on environmental risk quotients (RQs) was also calculated to assess antimicrobial
resistance risks and ecological environmental risk of antimicrobials to cyanobacteria and eukaryotic
species. The antimicrobials were selected based on the sales data and occurrence of the antimicrobials
in the environment in Europe. Additionally, the satisfactory performance of the analytical method was
taken into account.

2. Results

2.1. Predicted Concentrations of Antimicrobials in WWTPs

According to sales data for 2018 (published by the Polish National Health Fund (NFZ)), among
detected antimicrobials, the highest sale in Poland was noted for clarithromycin (up to 1509 kg/month),
sulfamethoxazole (up to 1358 kg/month), ofloxacin (up to 829 kg/month), ciprofloxacin (up to
821 kg/month), and clindamycin (737 kg/month). We compared the predicted load of antimicrobials in
the WWTP1 (PLoad) (Poland) with the load calculated based on the measured concentrations of the
drugs in the influent (water phase) and in the primary sludge (LoadW+S) (Table A1, Online Resource).
For most of the tested antimicrobials, the LoadW+S to PLoad ratio was low (up to 20%) because the high
metabolism in the human body results in a lower level of parent compound, e.g., the biotransformation
ratio of clindamycin is 85% [30]. Moreover, the measured load of fluoroquinolones (ciprofloxacin
and norfloxacin) was very close to that of the predicted load, and unlike other antimicrobials that are
primarily present in the water phase, ciprofloxacin and norfloxacin are distributed evenly between
water and the primary sludge. For six antimicrobials (erythromycin, metronidazole, oxytetracycline,
tetracycline, sulfathiazole, and vancomycin), the LoadW+S to PLoad ratio was very high and exceeded
1000% because of the low and very low predicted load value. Note that almost all antimicrobials
in Poland are available by prescription and most of them are reimbursed; however, some, such as
vancomycin, are primarily used in hospitals, while tetracyclines (oxytetracycline and tetracycline) and
sulfathiazole are primarily used in veterinary medicine and are not reported by NFZ.

2.2. Antimicrobial Concentrations in Influents of WWTPs

The concentrations of 26 antimicrobials in influents from WWTP1 and WWTP2 and receiving
waterbodies are shown in Table 1. The significant differences between the concentrations of antimicrobials
in the samples collected in different sampling periods were observed. The differences were due to
seasonal variations in antimicrobial use. According to National Health Fund (NFZ) database, in
summer the consumption of antimicrobials was low (Table A1). In autumn and winter, the consumption
increased significantly, probably due to numerous infections occurring each year in that period [31].
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Nineteen and 18 out of 26 analyzed antimicrobials were detected in the wastewater from WWTP1
and WWTP2, respectively. In most cases, the antimicrobial levels were higher in wastewater of
WWTP2 than in wastewater of WWTP1. The mean values of antimicrobials’ concentration in analyzed
samples ranged from <MDL (method detection limit) to 7400 ng/L. In influent from WWTP1, the
average concentrations of two antimicrobials, i.e., ciprofloxacin and sulfamethoxazole, were higher
than 1000 ng/L and concentrations of 10 antimicrobials was higher than 100 ng/L. While in influent from
WWTP2, the concentration of four antimicrobials, i.e., ciprofloxacin, metronidazole, sulfamethoxazole,
and vancomycin, exceeded the level of 1000 ng/L and concentrations of 12 antimicrobials exceeded
the level of 100 ng/L. The highest average concentrations of antimicrobials in influent from WWTP2
were recorded for metronidazole (7400 ng/L), followed by ciprofloxacin (4300 ng/L), vancomycin
(u 3200 ng/L), and sulfamethoxazole (3000 ng/L). In other countries, the concentration of metronidazole
was lower than 1000 ng/L, that of ciprofloxacin was up to 3800 ng/L [32] but frequently below
400 ng/L [33], and that of sulfamethoxazole was up to 7900 ng/L [34]. There are not much data on
vancomycin occurrence in the environment, and it has not been detected in very high concentrations to
date as it is primarily used intravenously to treat severe infections in hospitals [35]. The differences
in the concentrations of antimicrobials in the influent between two WWTPs can be due to various
consumption of antimicrobials in the sampling period and various sources of antimicrobials in these
regions. As an example, near WWTP1 is a hospital (449 beds), whereas near WWTP2 is a hospital
(458 beds), poultry plant, and galenic laboratory.

2.3. Antimicrobial Concentrations in Effluent of WWTPs

The concentrations of 26 antimicrobials in effluents from WWTP1 and WWTP2 are shown in Table 1.
In effluents from both WWTPs, the highest average concentrations were observed for azithromycin
(up to 650 ng/L), sulfamethoxazole (up to 770 ng/L), ciprofloxacin (up to 312 ng/L), and clindamycin
(up to 290 ng/L). In effluent from WWTP2, a higher mean concentration of azithromycin but lower of
metronidazole was observed. The percentage contribution of the analyzed antimicrobials in influent
and effluent of both WWTPs are presented in Figure 1. To summarize, among antimicrobials tested,
ciprofloxacin and sulfamethoxazole were the most dominant antimicrobials in influent and effluent
from both WWTPs.

Comparing our data from the literature, the results obtained were similar. The concentration of
azithromycin was up to 380 ng/L [36] in Switzerland, that of sulfamethoxazole was up to 1300 ng/L in
Spain [21], and that of clindamycin was up to 5 ng/L in Australia [32].

2.4. Antimicrobial Concentrations in Receiving Waters

In order to assess the impact of antimicrobials on the receiving water bodies, samples were
taken upstream and downstream from the WWTPs’ discharge (see Section 3.1). The concentrations
of 26 antimicrobials in receiving water are shown in Table 1. The river upstream of WWTP1 was
more polluted with analyzed antimicrobials than WWTP2 upstream river (Table 1). The highest
concentration of sulfamethoxazole (average value: 644 ng/L) was detected upstream of WWTP1. While
in the upstream of WWTP2, the highest concentration of clarithromycin (average value: 12.2 ng/L) was
detected. The wastewater discharge from WWTP2 resulted in a significant increase of antimicrobials’
concentration in the river. This fact can be explained by the high concentrations of antimicrobials in the
case of effluent from WWTP2 (Table 1). In the case of WWTP1, taking into account all antimicrobials,
no statistical differences between upstream and downstream were observed. Despite this, the average
concentration of azithromycin in WWTP1 downstream was more than 15 times higher compared to the
concentration in the upstream. The concentrations of antimicrobials in the receiving waters depend
on the concentration of antimicrobials in effluent, distance of sampling, or the different flow rate.
In our study, WWTP2 effluent effect on antimicrobials’ concentrations in the receiving surface water
was observed.

9



Molecules 2020, 25, 1470

 

Figure 1. Percentage contribution (%) of tested antimicrobials in influent and effluent of both WWTPs,
n = 3.

2.5. Antimicrobials’ Removal Efficiency

The removal efficiency (calculated based on equations described in Section 3.3) of tested
antimicrobials was similar for both WWTPs (p > 0.05). The average removal efficiency was above
50% for 12 and 10 out of 20 detected antimicrobials for WWTP1 and WWTP2, respectively (Figure 2).
Among the antimicrobials from the sulfonamide group, four were detected in effluents and their
removal rate ranged from 17% to 80% with an average of 52%. Certain inconsistencies exist in literature
about sulfonamide removal, as per the review by Le-Minh et al. [37]. Some researchers have reported
an effective removal of sulfonamide [38], although others have mentioned the opposite results [39].
Based on the literature data, this fact might be explained by the differences in operational conditions of
each WWTP.

The removal efficiency of trimethoprim was 37% in WWTP1 and 76% in WWTP2 (p = 0.2) (the
treatment process used in the WWTPs are presented in Section 3.1). Regarding fluoroquinolones, three
of them, i.e., norfloxacin, ciprofloxacin, and ofloxacin, were detected in influent of both WWTPs with
the average removal being above 80%. The plausible mechanism for the removal of fluoroquinolones
from water is sorption to sediment because their concentration was detected as very high in the
sludge [40–42] and a slow biodegradation rate was reported [43]. The average removal efficiency
for fluoroquinolone antimicrobials estimated by Wang et al. [44] was about 50%. Rodayan et al. [45]
reported values of around 60%, while for WWTPs in Switzerland, higher removal efficiencies were
observed, reaching up to 87% (for norfloxacin) [46]. In the study of Gao et al. [47], the removal
efficiencies of WWTPs for fluoroquinolone antimicrobials ranged from 48% to 72%.
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Figure 2. Removal efficiency (%) of selected antimicrobials in WWTPs calculated based on equations
described in Section 3.3.

In this study, a negative removal rate for azithromycin, clindamycin, lincomycin, and thiabendazole
was observed (Figure 2). Moreover, for these antimicrobials, a high variance in removal rate was noted,
which agrees with previous studies in which certain antimicrobials were reported to be more abundant
in effluents than influents [6,8,10,25,33,48].

The negative removal rate has been detected in the literature. For example, Chunhui et al. [49]
reported that the removal efficiencies for macrolide antimicrobials in WWTPs was –4%. Similarly,
Gao et al. [47] reported that the removal rate of macrolide antimicrobials was higher, and reached from
–34% to 69%. The negative removal rate is explained in many ways. First, certain metabolites can return
to the parent pharmaceutical during primary and secondary treatment because of glucuronide conjugate
hydrolytic cleavage. Second, pharmaceuticals that sorb to organic matter and particles, as well as
accumulate in sediments and biofilms, might be resuspended in wastewater during storm water events.
Typically, deconjugation or resorption from particles is observed for fluoroquinolones (ciprofloxacin,
ofloxacin, and norfloxacin), lincomycin, tetracycline, trimethoprim, and sulfamethoxazole. This issue
is particularly relevant to pharmaceuticals that are mainly excreted with bile and feces-like macrolides.
During wastewater treatment, they are redissolved, and, therefore, their concentrations in water
increase [10,33].

HRT (hydraulic retention time) is one of the major factors influencing the antimicrobial removal
efficiency, particularly for compounds that are readily biodegradable and have a low Kd (low tendency
to absorb to sludge) [50]. In this study, HRT was 12 h in WWTP1 and 24 h in WWTP2. Other factors
influencing the removal efficiency are adsorption coefficients and persistence of the antimicrobials.
Lower levels in effluents could be also interpreted as the removal of antimicrobials because of
biodegradation and/or chemical and physical transformations, e.g., hydrolysis or sorption to solid
matter. Biodegradation/biotransformation and sorption are the two primary mechanisms occurring in
the WWTPs. The sorption to sewage sludge is the primary removal mechanism for certain antimicrobials
in the samples, e.g., the percentage of the daily load of antimicrobials was >40% for azithromycin,
ciprofloxacin, ofloxacin, and oxytetracycline in sludge (Table 2), while the lowest value was observed
for sulfamethoxazole and lincomycin. The differences between the sorption of antimicrobials depend
on their physicochemical properties, such as charge and lipophilicity, the properties of the sludge-like
chemical nature, and other factors such as pH and redox potential [51]. Sorption may occur by
hydrophobic interactions with lipophilic cell membranes of the microorganisms or the lipid fractions
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of the suspended solids and electrostatic interactions of positively charged groups of chemicals with
negatively charged surfaces of microorganisms or other components of the sludge [33]. Figure 3
shows differences between the concentrations of antimicrobials in wastewater and sludge (separation
observed by principal component 1 (PC1) accounted for 45% of total variance). Two groups were
designated by the various amounts of oxytetracycline and norfloxacin in the samples. The relative
percentage estimated for the antimicrobial was significantly higher in the sludge than in the wastewater.
In wastewater, the relative percentage of metronidazole, lincomycin, and sulfamethoxazole was higher
compared to that in the sludge. Similarly, a higher contribution of metronidazole and erythromycin in
wastewater and ciprofloxacin in sludge was observed by Ostman et al. [24].

 
Figure 3. Differences in antimicrobials’ concentrations between the wastewater, sludge samples, and
leachate collected from WWTP1 and WWTP2. Principal component analysis (PCA) of the all samples
(A). Variables of a data matrix are represented as arrows. Visualization of the observed relations on the
heat map (B). ES, excessive sludge; FS, fermented sludge; In, influent; LS, leachate; Out, effluent; PS,
primary sludge; RS, residual sludge.

Our results showed that leachate from WWTP1 contained a significant amount of antimicrobials.
The mean concentrations of nine antimicrobials were above 100 ng/L (Table 1). The concentrations
of azithromycin, ciprofloxacin, norfloxacin, ofloxacin, sulfamethoxazole, and vancomycin were
comparable to those in the WWTP1 influent. The results obtained suggest that the antimicrobials
are strongly sorbed to solids (Table A1). The antimicrobials bound to solids can be leached to the
environment, which should be taken into consideration when conducting the risk assessment. In the
Table A1, the Kd values for tested antimicrobials are presented. Generally, Kd is used to estimate
the mobility and distribution of the pharmaceuticals in the environment [41,52]. Compounds with
low Kd are potentially mobile from soil to the water (through leaching or runoff). According to our
study, the most mobile antimicrobials are trimethoprim (log Kd = 5.8), sulfamethoxazole (log Kd = 5.1),
lincomycin (log Kd = 5.2), clarithromycin (log Kd = 5.7), clindamycin (log Kd = 5.7), and thiabendazole
(log Kd = 5.9).

2.6. Antimicrobials’ Concentrations in Sewage Sludge from WWTPs

Fifteen antimicrobials in the primary (WWTP1-PS) and excessive sludge (WWTP1-ES) from
WWTP1 as well as in the fermented (WWTP2-FS) and residue sludge (WWTP2-RS) from WWTP2 were
detected (Table 2). Results obtained indicated that a part of the antimicrobials were adsorbed to the
sludge along the whole technological process.
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Table 2. Mean and standard deviation (n = 3) of target antimicrobial concentration (ng/g dry weight) in
sewage sludge samples in two wastewater treatment plants (WWTPs) located in Poland at Silesian
(WWTP1) and Warmian-Masurian Voivodship (WWTP2).

WWTP1-PS WWTP1-ES WWTP2-RS WWTP2-FS WWTP1-RS 1

MDL MQL
Mean SD Mean SD Mean SD Mean SD Mean SD

AZM 1260 690 370 280 82 75 1040 940 100 110 23 79

CIP 12500 6900 6200 2000 6100 5500 28000 22000 7800 4400 490 1670

CLR 289 52 18 14 18 23 150 180 3.0 0.8 2.2 7.4

CLI 40 25 58 35 29 29 47 30 9.1 5.6 1.3 4.5

LCM 4.3 3.2 1.5 2.0 2.5 2.6 19 24 0.13 0.05 0.2 0.6

NOR 5300 3200 3600 2500 1600 1400 3400 2300 <MDL 370 1270

OFX 810 890 640 510 300 190 480 120 36 21 12 41

OTC 590 410 320 230 50 35 190 200 4.0 6.5 0.2 0.7

PEF 250 150 190 110 140 120 256 81 <MDL 29 100

ROX 11.4 7.8 <MDL <MDL <MDL 0.22 0.26 12 40

SD <MDL <MDL 1.1 0.8 7.7 11 0.14 0.18 1.1 3.7

SDM 12 14 13 14 7.5 11 <MDL 0.29 - 0.6 2.0

SXT <MDL 81 54 <MDL <MDL 5.9 9.4 41 140

TET 82 50 40 13 58 29 201 95 25 29 0.7 2.5

TBZ 19.5 5.2 15.6 5.8 43 43 49 22 8.3 6.2 0.6 2.2

TMP 170 110 5.7 4.4 <MDL <MDL 2.6 1.7 0.5 1.5

VAN 363 55 181 91 36 30 <MDL 370 130 32 110

CFR (350 ng/g), FLRX (12 ng/g), LOM (7.9 ng/g), NAL (3.3 ng/g), MTZ (25 ng/g), RIF (150 ng/g), ST (30 ng/g),
SDD (39 ng/g) were not detected. Their MDLs (method detection limits) are provided in parentheses; MQL,
method quantitation limit; WWTP-PS, primary sludge; WWTP-ES, excessive sludge; WWTP-FS, fermented sludge,
WWTP-RS residual sludge; 1calculated based to the lowest Kd observed and concentration of antimicrobials
in leachate.

In our study the highest concentrations for fluoroquinolones, such as ciprofloxacin (up to 57 μg/g),
norfloxacin (up to 9.5 μg/g), ofloxacin (up to 2.0 μg/g), and azithromycin (up to 2.3 μg/g), were
determined in the sludge samples (data not presented). In China, the concentration of norfloxacin,
ofloxacin, and ciprofloxacin in sludge was determined from all the major provincial cities, ranging
ranged from 0.1 to 15.7 μg/g, from 0.3 to 7.9 μg/g, and from 0.1 to 4.7 μg/g, respectively [53].
In Switzerland (up to 3.3 μg/g) and Sweden (up to 4.2 μg/g), the maximum concentration of norfloxacin
was lower than that in China and presented in Poland. Furthermore, the maximum level of other
fluoroquinolones was higher in Poland than in Switzerland (up to 0.9 μg/g for ciprofloxacin) and
Sweden (up to 4.8 μg/g for ciprofloxacin and up to 2.0 μg/g for ofloxacin) [54,55]. The concentration of
azithromycin in the activated sludge was up to 0.16 μg/g and 0.056 μg/g in Germany and Switzerland,
respectively, and the values were lower compared to those for Poland (up to 0.71 μg/g) [56]. Recently,
a study from Germany reported the concentration of azithromycin and ciprofloxacin in sediments to
be up to 0.33 μg/g and 0.71 μg/g [41], respectively.

2.7. Antimicrobial Resistance Risk Assessment

The risk factor of antimicrobial resistance selection (named as antimicrobial resistance risk,
defined as preferential outgrowth of antimicrobial-resistant bacteria) in wastewater was high for
the following antimicrobials: azithromycin, ciprofloxacin, clarithromycin, metronidazole, and
trimethoprim (Figure 4A). As expected, this factor was the highest in influent from both WWTPs.
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Similar results were obtained by Ostman et al. [24], who observed a high risk of resistance selection in
influents in Swedish WWTPs because of the prevalence of ciprofloxacin and metronidazole. No risk
for azithromycin was detected in their study.

 

 

Figure 4. Estimation of risk quotients of resistance selection for the antimicrobials occurring in
wastewater (A), sludge (B), and sludge-amended soil (C). Risk quotient below 0.1 indicates minimal
risk (green area), between 0.1 and 1 is medium risk (orange area), and over 1 is high risk (red area). ES,
excessive sludge; FS, fermented sludge; In, influent; LS, leachate; Out, effluent; PS, primary sludge; RS,
residual sludge.
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It is interesting, the notable antimicrobial resistance risk was also predicted upstream of both
WWTPs. High antimicrobial resistance risk for ciprofloxacin and medium risk for azithromycin,
clarithromycin, and clindamycin was observed in the case of WWTP1, while medium antimicrobial
resistance risk for ciprofloxacin was noted in the case of WWTP2. Downstream WWTP1, on top of the
previous risk, the risk for metronidazole turned medium, whereas the risk for azithromycin rose to
high. In the case of WWTP2, the risk for ciprofloxacin rose from medium to high and the medium risk
for ofloxacin, clarithromycin, and clindamycin appeared (data not presented).

The antimicrobial resistance risk was high for azithromycin, ciprofloxacin, clarithromycin,
norfloxacin, trimethoprim, ofloxacin, and tetracycline in sludge (Figure 4B). Interestingly, residual
sludge could pose a risk to the environment, particularly because of the presence of fluoroquinolones
and macrolides. Mean PECsoil (predicted environmental concentration in soil) was mainly lower than
1 ng/g and higher concentrations were observed for ciprofloxacin (up to 41 ng/g), norfloxacin (up
to 7.8 ng/g), ofloxacin (up to 1.2 ng/g), and azithromycin (up to 2.3 ng/g) (Table 3). When RQ was
analyzed, a high risk for soil was noted for ciprofloxacin (Figure 4C). The data on risk assessment on
the antimicrobial resistance selection in sludge and sludge-amended soil presented in this paper are
the first.

2.8. Environmental Risk Assessment

The high risk was observed for both cyanobacteria (Figure 5A) and eukaryotic species (Figure 5B)
due to azithromycin, clarithromycin and sulfamethoxazole in effluents. Furthermore, medium risk
was predicted for chronic exposure of cyanobacteria to ciprofloxacin, erythromycin, norfloxacin, and
ofloxacin (in effluents). The same level of risk was evaluated for chronic exposure of eukaryotic
organisms to ciprofloxacin, erythromycin, and roxithromycin (in effluents). Verlicchi et al. [33] published
a review, which reported that six antimicrobials posed a high environmental risk for eukaryotes,
i.e., erythromycin, ofloxacin, sulfamethoxazole, clarithromycin, tetracycline, and azithromycin.
Harrabi et al. [6] observed a high risk for ofloxacin, ciprofloxacin, azithromycin, sulfamethoxazole,
and trimethoprim for eukaryotic species; however, clarithromycin was not evaluated. In their studies,
the predicted no effect concentration (PNEC) was, however, calculated differently compared to our
study. The authors obtained PNEC values 1000 times lower than the toxicity values found for the most
sensitive eukaryotic species that were assayed [6,33]. In our study, other factors, i.e.1000, 100, 50 or10,
were used to calculate PNEC. Thus, RQ values obtained for the same concentrations of antimicrobials
were lower.

In the case of upstream of WWTP1, there was high risk for cyanobacteria posed by azithromycin,
norfloxacin, and sulfamethoxazole, whereas medium risk was observed for ciprofloxacin and
clarithromycin. The risk for eukaryote was also observed but the level of the risk was different for the
antimicrobials, e.g., for clarithromycin high risk was estimated, and for azithromycin, ciprofloxacin,
and sulfamethoxazole medium risk was noted.

None of the antimicrobials posed high risk from upstream of WWTP2. However, medium risk
was posed by azithromycin, clarithromycin for cyanobacteria, and medium risk for eukaryote posed by
clarithromycin were observed. The medium risk for cyanobacteria posed by ciprofloxacin, ofloxacin,
clarithromycin, and sulfamethoxazole in WWTP2 downstream was noted. The risk of toxicity due to
azithromycin content increased from medium to high comparing the upstream and downstream. Two
more antimicrobials, i.e., azithromycin and ciprofloxacin, were predicted to cause the medium risk
for eukaryote.

The RQ calculated for cyanobacteria exposed to sludge was medium for azithromycin (primary
sludge up to 0.36, excessive sludge up to 0.12, fermented sludge up to 0.39) and clarithromycin (primary
sludge up to 0.13, fermented sludge up to 0.16). No data on risk assessment on antimicrobial presence
in sludge was found in literature to compare with our data.

Antimicrobials are designed to act on prokaryotic organisms; thus, environmental bacteria are more
likely to be adversely affected compared to other environmental species such as aquatic invertebrates
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and vertebrates. However, compared to cyanobacteria, certain microalgae and macrophytes are more
sensitive to certain antifolate and quinolone antimicrobials [27].

Figure 5. Estimation of risk quotients of chronic exposure of cyanobacteria (A) and eukaryotic organisms
(B) to the antimicrobials occurring in effluents and receiving water. Calculations were based on the
measured concentration of antimicrobials in wastewater and PNEC calculated based on [27]. Risk
quotient below 0.1 indicates minimal risk (green area), between 0.1 and 1 is medium risk (orange area),
and over 1 is high risk (red area).

3. Materials and Methods

3.1. Description of WWTPs and Sample Collection

The raw influent, final effluent, leachate, and sludge samples (i.e., primary sludge and excessive
sludge (WWTP1) or fermented sludge and residual sludge (WWTP2)) were collected from two Polish
WWTPs during the three sampling campaigns: (1) In June/July 2018, (2) in October 2018, and (3) in
December 2018. Simultaneously, the receiving river water samples from upstream and downstream
(WWTP1, 0.25 km; WWTP2, 1.8 km) of the outlet were collected. Each sample was collected in triplicate.
The rivers’ average annual flow is 3.5 m3/s (WWTP1) and 3.7 m3/s (WWTP2).

WWTP1 is located in one of the cities from Metropolitan Association of Upper Silesia, one of
the largest urban areas in the EU and the center of Poland’s industries, particularly coal and metal,
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with a density of 1600 people per km2 [57], geographical coordinates: N 50◦ 5′ 35.881, E 19◦ 3′ 32.202.
WWTP2 is located in the forested and agriculture area of Warmian-Masurian Voivodship in the city
with a density of 1960 people per km2 [57], geographical coordinates: N 53◦ 48′ 46.700, E 20◦ 26′ 55.800.

In 2018, WWTP1 had an equivalent population of 189,332 inhabitants, the average flow rate was
26,830 m3/d, and the plant was operated with a hydraulic retention time (HRT) of ~12 h and a solid
retention time (SRT) of 25 days, while WWTP2 served a population equivalent of 250,000 inhabitants,
and had a flow rate of 32,130 m3/d, HRT of 24 h, and SRT of 87 days. Both WWTPs receive domestic,
hospital, and industrial wastewaters and treat wastewater with a mechanical-biological system with
elevated removal of nutrients. The biological section of WWTP1 included sequential reactors activated
sludge chambers (the system of chambers of different oxygen conditions: anaerobic, anoxic, and
aerobic), secondary settling tank, and anoxic chamber. In the case of WWTP2, the biological part
included a pre-denitrification chamber, phosphorus removal tank, nitrification/denitrification chambers,
and secondary settling tanks. Sewage sludge produced in the WWTP1 was subjected to a thickening
process, methane fermentation, and dehydration. The leachate produced during sludge fermentation
(WWTP1-FS) was returned to the pumping station and again treated. The sewage sludge from WWTP2
was used as a soil improver. The detailed description and technical parameters of both WWTPs are
presented by Buta et al. [58].

All samples were collected in triplicate and placed in the sterile glass bottles in volumes of
1–2 liters. Sludge samples were collected after mechanical concentration (primary sludge, WWTP1-PS),
after gravity concentration (excessive sludge, WWTP1-ES), after an open fermentation pool (fermented
sludge, WWTP2-FS), and after all processes (residue sludge, WWTP2-RS), i.e., sludge for management.
Then the samples were transported to the laboratory on the same day and stored at a temperature of
4 ◦C until analysis.

3.2. Analysis of Antimicrobials’ Concentrations

3.2.1. Chemicals

This study targeted 26 antimicrobials including: Azithromycin (AZM), cefadroxil (CFR),
ciprofloxacin (CIP), clarithromycin (CLR), clindamycin (CLI), erythromycin (ERY), fleroxacin (FLRX),
lincomycin (LCM), lomefloxacin (LOM), metronidazole (MTZ), nalidixic acid (NAL), norfloxacin
(NOR), ofloxacin (OFX), oxytetracycline (OTC), pefloxacin (PEF), rifampicin (RIF), roxithromycin
(ROX), sulfadiazine (SD), sulfadimethoxine (SDM), sulfamethazine (SDD), sulfamethoxazole (SXT),
sulfathiazole (ST), tetracycline (TET), thiabendazole (TBZ), trimethoprim (TMP), and vancomycin
(VAN). All pharmaceutical standards for target antimicrobials were of high purity grade (>90%).
All compounds were purchased from Sigma–Aldrich (Darmstadt, Germany). Only trimethoprim was
sourced from The National Drug Research Institute in Warsaw, Poland. Isotopically labeled compounds
used as mixture of internal standards (1 μg/mL in methanol), i.e., azithromycin-C13, ciprofloxacin-D8,
sulfamethoxazole-D4, clindamycin-D4, erythromycin-C13D3, ofloxacin-D8, tetracycline-D6, and
trimethoprim-D9 (Toronto Research Chemicals, Toronto, Canada), were added to each sample before
extraction (500 μL). Solvents, such as HPLC-grade methanol, acetonitrile (LiChrosolv), and formic acid
(98%), were obtained from Merck (Darmstadt, Germany). Moreover, ultrapure water was obtained
from a Millipore water purification system (Milli-Q water). All working solutions were prepared prior
to analysis.

3.2.2. Preparation of Water and Sewage Sludge Samples

Aqueous samples were filtered through glass fiber filters (GF/C, Whatman, Pittsburgh, PA, USA)
and membrane filters (0.2 μm, Sartorius Goettingen, Germany). To 200 mL volumes of filtrate, 200 mg of
ethylenediaminetetraacetic acid was added. Then, solid-phase extraction (SPE) (Oasis HLB cartridges,
3 mL, 400 mg, Waters Corp., Milford, MA, USA) using a Phenomenex vacuum system (Torrance, CA,
USA) was performed. The elutions were made with pure methanol (3 × 2 mL). The eluents were
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evaporated to dryness under a stream of nitrogen (99.999% purity, Multax, Poland) at 40 ◦C and
reconstituted in a methanol-water mixture (10:90, v/v) (1 mL).

Sludge samples were centrifuged at 5000 rpm for 5 min and the supernatant was discarded. Five
g of WWTP2-RS or 10 g of the other samples were placed into 50 mL polypropylene tubes, which were
then mixed with 9 mL of 30 mMpotassium phosphate monobasic solution and 1 mL of methanol, and
extracted for 20 min using 10 mL of acetonitrile with 1% formic acid and modified QUECHERS salts
(4 g MgSO4, 1 g NaCl, 1 g Na3Citrate, and 0.5 g Na2Citrate•H2O). Next, the samples were centrifuged
for 5 min at 5000 g. The samples were then cleaned by incubating 9 mL of extract with 500 mg octadecyl
sorbent and 750 mg of MgSO4. They were then vortexed for 5 min at 1200 rpm and centrifuged for
5 min at 5000 rpm. Eight mL of the extract (organic layer) under a nitrogen stream at 40 ◦C and
reconstituted in 0.5 mL of a mixture of methanol-water (10:90) was evaporated. The isotopically labeled
compounds were used as an internal standards mixture to each sample before extraction (50 μL).

3.2.3. Antimicrobial Detection by LC-MS/MS Analysis

Antimicrobial concentrations were analyzed by high-performance liquid chromatography
coupled to mass spectrometry with a Hybrid Triple Quadrupole/Linear Ion trap mass spectrometer
(QTRAP®4000, AB SCIEX, Framingham, MA, USA). LC analysis was performed using an Agilent
1260 Infinity (Agilent Technologies, Santa Clara, CA, USA) equipped with a degasser, thermostated
autosampler, and binary pump, and connected in series to an AB Sciex 4000 QTRAP mass spectrometer
equipped with a Turbo Ion Spray source that was operated in both positive mode and negative mode.
The curtain gas, ion source gas 1, ion source gas 2, and collision gas (all high purity nitrogen) were
set at 35 psi, 60 psi, 40 psi, and “medium” instrument units, respectively, and the ion spray voltage
and source temperature were set at 5000 V and 600 ◦C, respectively. Chromatographic separation was
achieved with a Kinetex RP-18 column (100 mm × 4.6 mm, 2.6 μm) supplied by Phenomenex (Torrance,
CA, USA). The column was maintained at 40 ◦C and the flow rate was 0.5 mL/min. The mobile phase
consisted of HPLC-grade water with 0.2% formic acid as eluent A and acetonitrile with 0.2% formic acid
as eluent B. The gradient (%B) was as follows: 0 min. 10%, 1 min. 10%, 25 min. 90%, and 35 min. 90%.
The injection volume was 10 μL. The target compounds were analyzed in multiple reaction monitoring
(MRM) mode in positive ionization mode (ESI +), monitoring two transitions between the precursor
ion and the most abundant fragment ions for each compound. Internal standards were attributed to
analyzed compounds based on similarities between chemical structures of surrogate and analyzed
compound (according to the Tanimoto similarity index). The LC-MS method was validated using three
quality control levels (low, medium, and high) prepared on effluents. The interday precision higher
than 15% was observed for cefadroxil (up to 22%), norfloxacin (up to 22%), lomefloxacin (up to 24%),
and azithromycin (up to 35%) in case of wastewater and for cefadroxil (up to 23%), azithromycin (up
to 26%), roxithromycin (up to 34%), and clarithromycin (up to 38%) in case of sediments. Significant
matrix effect (lower than 85% or higher than 115%) was observed for 12 compounds in the case of
wastewater and 21 in the case of sediments. Additionally to internal standard addition to control the
matrix effect, each sample was tested without and after fortification with antimicrobials.

The following blanks were used: the HPLC blank (10% methanol) and the method blank (Milli-Q
water, calcinated sand) to evaluate the contamination resulting from the complete preparation and
analytical procedure. The positive control (water or sand fortified with pharmaceuticals) was also
applied. Then, the obtained results were adjusted with recovery and matrix effect. The method
detection limit (MDL) and method quantitation limit (MQL) for the entire method (including extraction)
were determined as the amount of analyte in matrix spiked with signal-to-noise ratios (S/N) of 3:1 and
10:1, respectively. For the pharmaceuticals already present in samples, MDL and MQL were estimated
by determining the S/N of the minimum measured concentrations and extrapolating to S/N values of 3
and 10, respectively.
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3.3. Calculations

The following parameters were calculated:
Antimicrobial removal (RE) calculated using Equations (1) and (2) according to Douziech et al. [59]:

RE [%] = (1 − exp (RR)) × 100% (1)

RR = ln (CEWW/CIWW) (2)

where RE is the removal of antimicrobials during treatment [%], RR (response ratio (effect size)) is
measured per WWTP and antimicrobial, CEWW is the mean of the effluent wastewater concentration
of the antimicrobial (n = 3), and CIWW is the mean of the influent wastewater concentration of the
antimicrobial (n = 3).

PNEC (predicted no effect concentration) for resistance selection in wastewater was calculated
according to Bengtsson-Palme and Larsson [28], whereas PNEC for eukaryotic species was calculated
as described by Page et al. [27]. Depending on the number of long-term toxicity tests performed, i.e.,
no test, the test on one, two, or three trophic levels, the lowest obtained NOEC (no observable effect
level) or EC50 (half maximal effective concentration) was divided by 1000, 100, 50, or 10 [60]. PNEC for
cyanobacteria was obtained by dividing the NOEC or EC50 by 10. All PNEC values were presented in
Table 4.

PNEC for soil (PNECsoil) and sludge (PNECsludge) was obtained by multiplying PNEC with Kd

(solid/liquid partition coefficient, Table 2). Kd was calculated as the ratio of the concentration of an
antimicrobial on a solid phase (sludge) divided by the equilibrium concentration in the contacting
liquid phase (wastewater). PNEC values for resistance selection can be found in Table 5.

Risk quotients (RQs) were calculated using Equation (3):

RQwastewater =MECwastewater/PNEC (3)

RQsludge =MECsludge/PNECsludge (4)

RQwastewater = PECsoil/PNECsoil (5)

where PECsoil is predicted environmental concentration in soil (Table 3), MEC is measured
environmental concentration, and PNEC is predicted no effect concentration.

The risk ranking criterion was RQ < 0.1, minimal risk; 1 > RQ ≥ 0.1, medium risk; and RQ > 1,
high risk [61].

Predicted daily load of the antimicrobial into WWTP (PLoad) from actual consumption data of
the product using Equation (6) is:

PLoad = TOTAL·WWTP/(INHAB· 30) (6)

where PLoad is the predicted daily load of the antimicrobial into WWTP (mg/d), TOTAL is the total
monthly consumption of the pharmaceutical in a country (mg), WWTP is an equivalent number of
inhabitants in a WWTP, and INHAB is the number of inhabitants in a country (38,000,000).

Average daily load of the antimicrobial into a WWTP from the measured data using Equation (7) is:

LoadW+S = LoadW + LoadS = CW·Flow + CS·PS (7)

where LoadW+S is the average total daily load of antimicrobial into WWTP (mg/d), LoadW is the load
of a compound in a water phase of an influent, LoadS is the load of a compound in a primary sludge,
CW is the concentration of antimicrobial in the WWTP influent (water phase) (mg/m3), Flow is the
average daily flow rate in the WWTP (m3/d), CS is the concentration of antimicrobial in the WWTP
primary sludge (mg/m3), and PS is the average daily volume of the WWTP primary sludge (m3/d).
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3.4. Statistical Analysis

The statistical analysis of the results was performed with the STATISTICA version 13.1 for
Windows (TIBCO Software Inc., Palo Alto, CA, USA) and Metaboanalyst 4.0. Student’s t-test was used
for comparison of samples. Principal components analysis (PCA) was used to determine differences
between wastewater and sewage sludge.

4. Conclusions

In this study, 70% of the examined antimicrobials in both wastewater and sewage sludge collected
from two Polish WWTPs were detected. To the best of our knowledge, this is the first report on
antimicrobial occurrence in Polish WWTPs. The removal efficiency, antimicrobial resistance risk,
and ecological threat (RQs) were examined according to the obtained data. The WWTPs removed
~50% of selected antimicrobials with good efficiency, above 50%. The level of antimicrobials in
both untreated and treated wastewater, river as well as sewage sludge, poses a risk of resistance
selection as shown by RQ calculations. Moreover, influents and river waters posed high and medium
risk, particularly for cyanobacteria and eukaryotes due to the presence of ciprofloxacin, macrolides,
and sulfamethoxazole. Following the obtained results, the watch list of substances for Union-wide
monitoring in the field of water policy (already includes macrolides and ciprofloxacin) should be
extended with sulfamethoxazole. Our study also indicates the need for evaluation of antimicrobials’
concentrations not only in treated wastewater, but also in sewage sludge because of its usage in the
fertilization process, which is environmentally sustainable options for re-use of the WWTP by-products.
Several antimicrobials tested were present at levels that have been suggested to promote resistance
development in sludge-amended soils (predicted concentrations).

The most important observation made is a possible pressure for the development of antimicrobial
resistance in the WWTPs. WWTPs can be considered as potential hot spots for the dissemination
of antimicrobial resistance. Leakage of antimicrobials can select for increased resistance among
environmental bacteria and influence the virulence of antimicrobial-sensitive bacterial infections
directly by reducing the infective dose and transmission [27,29]. Therefore, additional studies on
the characterization of wastewater treatment plants’ microbial communities and the profiles of
antimicrobial-resistant genes are necessary. Our study also highlights the lack of sufficient data to
evaluate or predict the risk of resistance development and environmental threat. In fact, data on risk
assessment of wastewater and sludge in other European countries is also scarce.
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Table 2. Mean values of sorption coefficients (log Kd) calculated for sludge and the percent of the total
mass of the compound sorbed in sludge to its total daily mass load to WWTP.

Antimicrobial % of Total Mass Load Sorbed to Sludge log Kd Sludge

AZM 73% 7.1 ± 4.3
CIP 55% 7.3 ± 4.2
CLR 18% 5.7 ± 2.5
CLI 9% 5.7 ± 2.6

LCM 7% 5.2 ± 1.9
OFX 43% 7.7 ± 4.8
OTC 62% 9.8 ± 6.9
SDM 32% 6.8 ± 3.4
SXT 2% 5.1 ± 1.7
TET 13% 8.3 ± 5.5
TBZ 23% 5.9 ± 2.6
TMP 19% 4.8 ± 1.6
VAN 24% 6.3 ± 3.2

Table 3. Predicted antimicrobial concentration in sludge-amended soil (single sludge application).

Antimicrobial
(ng/g)

WWTP1-PS WWTP1-ES WWTP2-RS WWTP2-FS WWTP1-RS 1

Mean SD Mean SD Mean SD Mean SD Mean SD

AZM 1.9 1.3 0.55 0.50 0.17 0.14 2.3 1.6 0.14 0.13
CIP 18 13 9.1 3.5 8.9 9.8 41 40 11.4 5.2
CLR 0.42 0.09 0.03 0.02 0.03 0.04 0.33 0.37 <0.01 -
CLI 0.06 0.04 0.08 0.06 0.04 0.05 0.07 0.05 0.01 0.01

LCM 0.01 0.01 0.01 - 0.01 0.01 0.03 0.04 <0.01 -
NOR 7.8 5.8 5.2 4.4 2.4 2.4 5.0 4.1 - -
OFX 1.2 1.6 0.94 0.91 0.44 0.33 0.70 0.21 0.05 0.02
OTC 0.86 0.74 0.48 0.41 0.07 0.06 0.41 0.37 0.01 0.01
PEF 0.36 0.25 0.28 0.20 0.28 0.22 0.38 0.15 - -
ROX 0.03 - <0.01 - <0.01 - <0.01 - <0.01 -
SD <0.01 <0.01 <0.01 - 0.03 - <0.01 -

SDM 0.03 0.03 0.03 0.03 0.03 - <0.01 - <0.01 -
SXT <0.03 - 0.12 0.10 <0.03 - <0.03 - 0.01 0.01
TET 0.12 0.09 0.06 0.02 0.08 0.05 0.29 0.17 0.04 0.03
TBZ 0.03 0.01 0.02 0.01 0.09 0.08 0.07 0.04 0.01 0.01
TMP 0.25 0.19 0.01 0.01 <0.01 - <0.01 - <0.01 -
VAN 0.53 0.10 0.27 0.16 0.11 - <0.01 - 0.55 0.15

1 WWTP-PS, sludge after mechanical treatment; WWTP-ES, sludge after gravity treatment; WWTP-FS, sludge after
an open fermentation pool; WWTP-RS, sludge for management.

Table 4. NOEC/EC50 (μg/L) and PNEC (ng/L) used for the risk assessment; nd, no data available.
Abbreviations in parentheses indicate the most sensitive taxa: MA, microalgae; MP, macrophytes; IN,
invertebrates. The data based on the review of Le Page [27].

Compound
Cyanobacteria

NOEC/EC50

Cyanobacteria
PNEC

Eukaryote
NOEC/EC50

Eukaryote
PNEC

AZM 0.19 19 1.8 180(MA)
CIP 5.65 565 10 1000(MP)
CLR 0.84 84 2 40(MA)
ERY 2 200 10.3 206(MA)
LCM 18 1800 548 10976(MA)
MTZ 0 nd 250,000 5000000(IN)
NOR 1.6 160 300 3000(MP)
OFX 5 500 31.2 624(MA)
OTC 3.1 310 183 3660(MA)
ROX nd nd 10 100(MA)
SD 3900 390,000 135 2700(MA)

SDM 7800 780,000 100 5290(MA)
SXT 5.9 590 10 1000(MP,IN)
TET 90 9000 300 6000(MP)
TMP 1385 135,800 1000 20000(MP)
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Table 5. Predicted no effect concentration values for resistance selection of microbial community in
wastewater, sludge, and soil.

Antimicrobial
PNEC Wastewater

(μg/L) 1 PNEC Sludge (μg/kg) 2 PNEC Soil (μg/kg) 3

AZT 0.25 1200 47
CIP 0.064 1200 27,000
CLR 0.25 140 66
CLI 1 280 -
ER 2 - 260
LIN 2 340 -

METR 0.125 - 0.07
NFL 0.5 - 300
OFL 0.5 4200 730

OTET 0.5 4,200,000 210
RIF 0.5 - -

ROX 1 4300 50
STH 16 2000 9.6
TET 1 3000 1100
TRI 0.5 100 3.7

VAN 8 17,000 2.4
1 According to Bengtsson-Palme and Larsson [28]; 2 calculated based on Kd obtained for sludge; 3 calculated
according to [26,40,42,62].
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Abstract: To encourage the reutilization of treated wastewaters as an adaptation strategy to climate
change it is necessary to demonstrate their quality. If this is ensured, reclaimed waters could be a
valuable resource that produces very little environmental impact and risks to human health. However,
wastewaters are one of the main sources of emerging pollutants that are discharged in the environment.
For this, it is essential to assess the presence of these pollutants, especially pharmaceutical compounds,
in treated wastewaters. Moreover, the different treatment processes must be evaluated in order
to know if conventional and natural treatment technologies are efficient in the removal of these
types of compounds. This is an important consideration if the treated wastewaters are used in
agricultural activities. Owing to the complexity of wastewater matrixes and the low concentrations
of pharmaceutical residues in these types of samples, it is necessary to use sensitive analytical
methodologies. In this study, the presence of 11 pharmaceutical compounds were assessed in three
different wastewater treatment plants (WWTPs) in Gran Canaria (Spain). Two of these WWTPs use
conventional purification technologies and they are located in densely populated areas, while the
other studied WWTP is based in constructed wetlands which purify the wastewaters of a rural area.
The sampling was performed monthly for two years. A solid phase extraction (SPE) coupled to
ultra-high performance liquid chromatography tandem mass spectrometry (UHPLC-MS/MS) method
was applied for the analysis of the samples, and the 11 pharmaceuticals were detected in all the
studied WWTPs. The concentrations were variable and ranged from ng·L−1 in some compounds
like diclofenac or carbamazepine to μg·L−1 in common pharmaceutical compounds such as caffeine,
naproxen or ibuprofen. In addition, removal efficiencies in both conventional and natural purification
systems were evaluated. Similar removal efficiencies were obtained using different purifying
treatments, especially for some pharmaceutical families as stimulants or anti-inflammatories. Other
compounds like carbamazepine showed a recalcitrant behavior. Secondary treatments presented
similar removal efficiencies in both conventional and natural wastewater treatment plants, but
conventional treatments showed slightly higher elimination ratios. Regarding tertiary system, the
treatment with highest removal efficiencies was reverse osmosis in comparison with microfiltration
and electrodialysis reversal.

Keywords: wastewaters; pharmaceutical residues; constructed wetlands; conventional wastewater
treatments; solid phase extraction; ultra-high performance liquid chromatography
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1. Introduction

The reuse of reclaimed waters for irrigation could represent an alternative to the scarcity of water
in arid locations, in addition to saving fertilizers and avoiding the discharge of this water into the
environment, which has important ecological impacts [1]. However, the reuse of reclaimed waters
is controversial because of the possible presence of emerging contaminants and their entry into the
food chain [2]. Wastewaters have been revealed as one of the main pathways of introduction of these
types of compounds into the environment. Thus, the increasing demand of water and discovery of the
harmful effects of the emerging pollutants over aquatic biota suggest that continuous monitoring of
wastewaters is needed [3].

Among these types of pollutants, pharmaceutical compounds are of great concern, not only for
legislators, but also the scientific community, due to the variety of physic-chemical properties and the
many toxic effects of them. Moreover, this concern is also related to the large consumption of these
compounds in modern society, which is estimated as several tons in the European Union alone [4].

The harmful effects of pharmaceuticals over biota are produced when these compounds reach
aquatic compartments through wastewaters and organisms are exposed to them [5]. This exposure
is due to purification technologies of wastewater treatment plants (WWTPs) which are not designed
to eliminate emerging pollutants [6,7]. Moreover, current legislation, does not establish limits for
the concentrations of pharmaceuticals in environmental waters. The elimination of pharmaceutical
compounds from wastewaters is significantly complex due to the variety of these analytes, their
properties, and the possible conjugated compounds formed during metabolization [8]. Nevertheless,
in 2015 the European Commission created a watch list which “is a mechanism for obtaining high-quality
Union-wide monitoring data on potential water pollutants for the purpose of determining the risk
they pose and thus whether Environmental Quality Standards (EQS) should be set for them at EU
level” [9]. In this watch list, one anti-inflammatory compound, diclofenac, was added because of the
well-known harmful effects of this compound to the aquatic environment [9].

Many studies have focused on determining the occurrence of pharmaceutical compounds in
environmental samples. In this sense, some compounds like caffeine and nicotine and their respective
metabolites paraxanthine and cotinine, and some broadly used drugs like naproxen or acetaminophen
are usually detected at higher concentrations (in the range of μg·L−1) than other pharmaceuticals. Other
common pharmaceuticals like diclofenac, erythromycin or carbamazepine are usually in the range of
ng·L−1 as previous research has indicated [10–12]. However, many studies evaluate the occurrence of
pharmaceuticals during a short period of time; few studies examine these compounds in the long term
to evaluate seasonal fluctuations and determine patterns from the presence of these compounds.

In light of the above, it is necessary to carry out monitoring studies of pharmaceuticals to establish
not only if the recipient aquatic ecosystems could be contaminated by these kinds of residues, but
also to evaluate the efficiency of wastewater treatment facilities in the removal of these compounds.
The removal of pharmaceuticals is not always achieved in WWTPs and, as some authors have
determined, sometimes this degradation is partial and, in most cases, inefficient [13,14]. For this,
it is necessary to evaluate the efficiency of conventional and natural wastewater treatments in the
removal of pharmaceutical residues. Conventional wastewater treatments are employed in medium
and largely populated areas to purify urban wastewaters, while natural treatments use the purifying
power of bacteria, soils, and plants to treat wastewaters. Natural treatments are appropriate for the
treatment of domestic wastewaters of small or isolated areas because they require large land areas
to be settled. Nonetheless, their advantages are greater than their disadvantages because natural
wastewater treatment systems have a low impact on the landscape, use minimal energy and little
to no chemicals, and they produce relatively lower amounts of residual solids [15]. In spite of their
differences, both systems have shown their capabilities to degrade and remove emerging pollutants
from wastewaters [16–18].

In this study, three WWTPs, two based on conventional treatment technologies and one
based on natural purification processes, were surveyed for two years in order to determine the
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occurrence and removal of pharmaceutical residues in Gran Canaria island (Spain). Eleven different
compounds (Table 1) belonging to different pharmaceutical families (anti-inflammatories, stimulants,
lipid regulators, antihypertensives, anticonvulsants, and antibiotics) were determined in different
purifying stages of the studied WWTPs in order to determine the efficiency of conventional and
natural wastewater treatments in the removal of them. The choice of these 11 pharmaceuticals was
influenced by a previous study that monitored the same WWTPs for six months and showed that
these 11 pharmaceuticals were the most detected compounds from a group of 23 different drugs [19].
Due to the expected low concentrations of the compounds, solid phase extraction (SPE) was used as
an extraction and preconcentration technique. Then, ultra-high performance liquid chromatography
tandem mass spectrometry (UHPLC–MS/MS) was used as the detection and determination technique.

Table 1. Names, identification numbers, molecular weights, and structures of target pharmaceuticals.

Drug Family Compound CAS No. Molecular Weight (g/mole) Structure

Stimulants

Nicotine 54-11-5 162.230

Caffeine 58-08-2 194.191

Paraxanthine 611-59-6 180.164

Anti-inflammatories

Naproxen 22204-53-1 230.260

Ibuprofen 15687-27-1 206.281

Diclofenac 15307-86-5 296.149

Lipid regulators Gemfibrozil 25812-30-0 250.333

Anti-hypertensives Atenolol 29122-68-7 266.336

Anti-convulsants Carbamazepine 298-46-4 236.269

 

Antibiotics

Trimethoprim 738-70-5 290.318

Erythromycin 114-07-8 733.927
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2. Materials and Methods

2.1. Materials

The target pharmaceuticals were purchased from Sigma-Aldrich (Madrid, Spain) and presented
purities over 97%. Three internal standards (IS), atenolol-d7 (Toronto Research Chemical Inc, Toronto,
Canada), ibuprofen-d3 (Sigma-Aldrich, Madrid, Spain), and sulfamethoxazole-d4 (Dr. Ehrenstorfer
GmbH, Ausgburg, Germany) were used to minimize the matrix effect of the studied samples.

Stock solutions were prepared at 1000 mg·L−1 by dissolving the compound in high-purity methanol.
These solutions were stored in glass-stoppered bottles at –20 ◦C prior to use. Working solutions were
prepared daily from a stock mixture of 10 mg·L−1 by diluting proper quantities of the stock mixture in
LC–MS grade water.

The mobile phase of UHPLC–MS/MS system was prepared using LC–MS grade methanol and
water, both purchased from Panreac (Barcelona, Spain) as well as the modifiers of the mobile phase.
The Milli-Q water used in the wash step of SPE was obtained using a water purification system of
Millipore (Bedford, MA, USA)

2.2. Sample Collection

Samples were taken in three different wastewater treatment plants from Gran Canaria island
(Spain). Two use conventional treatment technologies (C-WWTP1 and C-WWTP2) and receive
wastewater from highly-populated areas of the island, located in the northeast and the southeast,
respectively. C-WWTP1 has a secondary treatment of activated sludge and a tertiary system based
on microfiltration and reverse osmosis. This WWTP treats the water of a population equivalent to
134,000 inhabitants. In C-WWTP2 only the tertiary process based on ultra-filtration was evaluated in
order to know the possible risk of the produced water. This WWTP treats the water of a population
equivalent to 200,000 inhabitants. The third WWTP surveyed is based in natural treatments (N-WWTP)
and is located in a rural zone of the island. It is based in two constructed wetlands (CWs), the first one
is a vertical flow wetland and the second one is a planted sub-superficial horizontal flow wetland. This
WWTP was designed to treat wastewater equivalent to 500 inhabitants but nowadays it treats a higher
volume of wastewater with great results.

In C-WWTP1, the samples were taken in the influent of the plant (point A1), after the biological
treatment (point A2), after the microfiltration process (point A3) and lastly, in the final effluent of the
plant, after the reverse osmosis process (point A4). In C-WWTP2, the samples were taken before and
after the electrodialysis reversal process (points B1 and B2). Finally, in N-WWTP, the samples were
taken in the influent (point C1) and after each process of the treatment: Imhoff tank (point C2), vertical
flow wetland (point C3), and horizontal sub-superficial flow wetland (point C4) (Figure 1).

The samples were taken monthly for two years from July 2017 to June 2019, at the same time
slot and collected in rinsed amber bottles of 1 L. Samples were filtered using 0.65 μm polyvinylidene
fluoride (PVDF) membrane filters from Merck Millipore (Cork, Ireland), and acidified to pH below 3
using hydrochloric acid and stored in the dark at 4 ◦C to inhibit microbial activity.

2.3. Analytical Methodology

To extract and preconcentrate the target pharmaceuticals in wastewater samples, a methodology
based on SPE previously optimized [19] was used. Briefly, 250 mL of filtered wastewater at pH 7 were
extracted using 500 mg Oasis HLB cartridges (Waters, Barcelona, Spain) in a Varian SPE manifold
(Madrid, Spain). After the loading of the samples, the cartridges were washed with 5 mL of Milli-Q
water and after that, the retained compounds were eluted with 5 mL of methanol. To achieve a great
preconcentration factor, the solvent was evaporated under a gentle nitrogen steam and reconstituted
with 1 mL of Milli-Q water with 100 μg·L−1 of internal standards. Before analysis the extracts were
filtered using Chromafil Xtra PET-20/25 syringe filters with a pore size of 0.20 μm from Machery-Nagel
(Düren, Germany).
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Figure 1. Layout of wastewater treatment plants (WWTPs) surveyed. (a) Conventional Wastewater
Treatment Plant 1 (C-WWTP1); (b) Conventional Wastewater Treatment Plant 2 (C-WWTP2); (c) Natural
Wastewater Treatment Plant (N-WWTP). Figure adapted from [19].

After the extraction, ultra-high performance liquid chromatography tandem mass spectrometry
(UHPLC–MS/MS) was used as a separation and detection technique. The separation of pharmaceuticals
was performed using an ACQUITY UPLC BEH Waters C18 column (50 mm × 2.1 mm, 1.7 μm) from
Waters Chromatography (Barcelona, Spain). The mobile phase used consisted of LC–MS grade water
and methanol both with 0.5% acetic acid and the separation of target compounds was done in gradient
mode (Table S1). The chromatographic system used was an AQCUITY UPLC system and consisted of
a binary solvent manager pump, an autosampler, a column manager, and a triple quadrupole detector
(TQD) controlled by Masslynx software, all of them from Waters Chromatography (Barcelona, Spain).
The detection of the target compounds was carried out using electrospray ionization (ESI) in both
positive and negative mode and the mass spectrometer parameters had a capillary voltage of 3.00 kV
in positive mode and –2.50 kV in negative mode, source temperature of 120 ◦C and desolvation
temperature of 450 ◦C. The conditions of fragmentation and the ions of the pharmaceuticals under
study are presented in Table S2.

This analytical methodology presented great recoveries, between 52.9% and 123.6%, and
appropriate detection limits, between 15.3 ng·L−1 and 13.3 μg·L−1. The method also showed great
linearity, with correlation coefficients (r2) over 0.99 in all cases and good intra-day and inter-day
repeatability, with relative standard deviation (RSD) values below 22% [19].
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3. Results and Discussion

In this study, solid phase extraction (SPE) coupled to ultra-high-performance liquid
chromatography tandem mass spectrometry (UHPLC-MS/MS) method was applied for analysis
of water samples from three WWTPs. After the analysis, a statical study was performed in order
to establish the median concentrations of the detected pharmaceuticals. The median concentration
was used instead of the average concentration due to the dispersion of the concentrations detected
during the two years of study. Moreover, the frequency of detection and the removal efficiency
of each purification process were also calculated by dividing the number of samples with detected
concentrations of a pharmaceutical by the total number of analyzed samples (positive results in Table 2).

3.1. Occurrence and Concentrations of Target Pharmaceuticals

3.1.1. Conventional Treatment WWTPs

Conventional wastewater purification treatments are based on a primary treatment which is
focused on the elimination of fats, sand, and coarse solids. After that, a secondary treatment, usually
based on biological processes, is used to degrade organic matter from wastewater as well as to eliminate
suspended solids and other organic pollutants. These processes could be aerobic or non-aerobic, and
the most used biological process is activated sludge. Finally, if the wastewater will be re-used, tertiary
processes must be performed in order to obtain a water with great quality. There are many tertiary
treatment technologies and most used are microfiltration, nanofiltration or reverse osmosis [20–23].

C-WWTP1 is based in activated sludge technology and as can be seen in Table 2, the stimulants
under study (nicotine, caffeine, and paraxanthine) present the highest concentrations at influent
samples, probably because these compounds are used in pharmaceutical formulations but also are
excreted by smokers in the case of nicotine and after drinking beverages like coffee in the case of
caffeine and its metabolite, paraxanthine. In fact, the median concentrations of these compounds
reached values between 45.8 and 95.6 μg·L−1 during monitoring. This behavior was observed in other
studies in which the highest concentrations of pharmaceuticals studied were obtained for these three
stimulants as well [24–27]. Moreover, two anti-inflammatory drugs, naproxen and ibuprofen, also
presented median concentrations in the range of μg·L−1 (between 19.9 and 27.3 μg·L−1) in influent
samples and naproxen showed the highest concentration of all the monitored compounds (521.7 μg·L−1

in an influent sample). Anti-inflammatory compounds show a high rate of consumption in Spain [28]
and the high concentrations of ibuprofen can be explained because this compound does not require a
medical prescription as some authors have stated [29]. In addition, two pharmaceuticals related to
cardiovascular problems and diseases namely, atenolol and gemfibrozil, presented low influent median
concentrations of μg·L−1 (1.13 and 3.35 μg·L−1, respectively). The median concentrations of the rest of
the target compounds were in the range of ng·L−1. As the purification process was performed, the
median concentration of the compounds decreased. In fact, the sum of the median concentrations of the
target compounds ranged from 150.9 μg·L−1 in the influent, to 0.90 μg·L−1 after the osmosis treatment,
which is indicative of great elimination in the wastewater purification system. Figure 2a shows the
changes in the distribution of pharmaceutical median concentrations in the different sampling points.
In this sense, it can be observed that the contributed total concentration of stimulants decreased during
the purification process, while the contribution of some compounds, like carbamazepine, increased; this
is because the concentrations during the purification process remain stable. In fact, carbamazepine’s
median concentration was similar in points A1 and A2 (0.146 and 0.052 μg·L−1, respectively), but
the contribution to the total concentration changed from 0.1% to 5.7% after secondary and tertiary
treatment. The composition of the final effluent obtained in the WWTP is a key factor, because it will be
useful to predict the possible effects of effluents used in agriculture or discharged into the environment.
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Figure 2. Cont.

36



Molecules 2020, 25, 1639

 
(c) 

Figure 2. Distribution of pharmaceuticals from Table 1. (a) C-WWTP1, (b) C-WWTP2, (c) N-WWTP.

C-WWTP2 has an activated sludge treatment too, but in this WWTP the study was conducted in the
tertiary process which is based on electrodialysis reversal. This technology has been demonstrated as an
effective way to remove some emerging pollutants from drinking water [30] but studies in wastewaters
are scarce and for this reason, this tertiary process was evaluated. In this wastewater treatment plant,
the samples were taken after the secondary process (point B1) and after the electrodialysis technology
(point B2). Before this treatment, an ultrafiltration process was also performed as pretreatment. Ten
of the 11 pharmaceuticals under study were detected at concentrations that ranged from 0.055 to
0.723 μg·L−1 in point B1 and from 0.043 to 0.701 μg·L−1 in point B2. The highest concentrations were
of gemfibrozil, caffeine, and paraxanthine, which ranged from 0.241 to 0.723 μg·L−1; this coincides
with the results of C-WWTP1. This same behavior can be explained because both WWTPs treat the
water of big urban areas with similar characteristics. In the same way, the lowest concentrations after
secondary treatments (points A2 and B1) coincide in the two conventional WWTPs and correspond to
erythromycin, nicotine, and trimethoprim. Figure 2b shows a similar distribution of pharmaceuticals
before and after the purification process which means that this technology had a similar impact in the
removal of the target compounds.

3.1.2. Natural Treatment WWTP

An alternative to conventional WWTPs is natural WWTPs. From the different types of natural
treatment technologies, constructed wetlands have revealed themselves as a great alternative to treat
municipal wastewaters from small communities or isolated areas in both vertical flow and horizontal
flow layouts [31,32]. In this system, the purification of wastewater is partially done in the vertical
flow wetland and the horizontal flow wetland improves the water quality. The highest concentrations
of target pharmaceuticals match with C-WWTP1, and were from caffeine, paraxanthine, nicotine,
ibuprofen, and naproxen. All of these compounds presented median concentrations that ranged from
9.60 to 40.05 μg·L−1, while the rest of the target compounds were in the range of ng·L−1. The highest
concentrations detected in the influent samples of this WWTP were from naproxen (320.07 μg·L−1) and
caffeine (126.40 μg·L−1). As in the previous WWTPs, in this WWTP the concentrations decreased as
the purification process was conducted. This can be observed in the total median concentrations of
the WWTP that were 117.02 μg·L−1 in the influent (point C1), 104.14 μg·L−1 after Imhoff treatment
(point C2), and 51.61 and 19.06 μg·L−1 after vertical flow (point C3) and horizontal flow (point C4)
wetlands, respectively. Figure 2c shows the distribution of pharmaceuticals in the sampling points and
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it can be observed that the distribution in the influent of this WWTP is similar to C-WWTP1. In the
influents of both WWTPs, the majority of compounds found were stimulants and anti-inflammatories.
Nevertheless, the pharmaceutical profiles were different in the rest of the sampling points due to the
removal efficiency of each WWTP. In the final effluent of the N-WWTP we observed a large contribution
of ibuprofen to the total amount of pharmaceuticals; this was not observed for the other WWTPs.

3.2. Removal of Target Pharmaceuticals

As previously stated, pharmaceutical compounds have become a concerning group of emerging
pollutants to the scientific community and their removal from wastewaters is essential to ensure the
environmental quality of recipient ecosystems. Biologically-based WWTPs produce effluents that
maintain water quality standards in order to reuse them or dispose into the environment at a reasonable
cost, but these WWTPs have limited capability to remove pharmaceuticals [33]. For this reason, it
is essential to evaluate the removal efficiency of different technologies, even more so if the purified
wastewaters will be re-used in agriculture. To calculate the removal of the different treatments, the
following equation was used in the different samplings and WWTPs surveyed.

RE (%) = 100−
(
[E f f l]
[In f ]

∗ 100
)

where RE is removal efficiency, [Effl] is the measured concentration of the pharmaceutical in the effluent
of the treatment, and [Inf ] is the measured concentration of the pharmaceutical in the influent of
the treatment.

3.2.1. Conventional Treatment WWTPs

In C-WWTP1, the secondary process provides median removals over 98% for the compounds
with the highest concentrations (nicotine, caffeine, paraxanthine, ibuprofen, and naproxen). For
the pharmaceuticals used in cardiovascular diseases, namely atenolol and gemfibrozil, the removal
efficiency of the biological treatment was also great, with median removals over 72.5%. Diclofenac
and trimethoprim showed slightly lower removal efficiencies of 42.9% and 66.5%, respectively. Only
carbamazepine showed a negative value of removal. This means that the concentrations after the
biological treatment were higher than in the influent. The observed persistence of carbamazepine in
treated wastewaters has been the topic of many studies around the world, and for this reason, some
authors like Hai et al. have proposed its use as an anthropogenic marker in water [34]. Other authors
have attributed the poor removal of carbamazepine to its molecular structure and hydrophilicity [35–37].
In this WWTP, tertiary processes were also evaluated. The microfiltration process was not effective; in
fact, the median removals were between –52.9% and 19.1%. Nevertheless, reverse osmosis was an
effective method to remove these compounds. The removals of pharmaceuticals in this treatment were
high, in all cases over 55%, even for persistent compounds such as carbamazepine. By comparing the
concentrations of pharmaceuticals in influent and final effluent, the combination of biological treatment
and tertiary processes based on reverse osmosis was effective in the removal of pharmaceutical residues.
The median recoveries of the overall purification process were over 90% for all compounds under study,
except carbamazepine, which showed an overall removal of 73.7%. This removal could be considered
as very satisfactory in comparison with other studies in which the removal of this compound only
reached 10–30% [38].

In C-WWTP2, another tertiary process was evaluated; in this case, the combination of an
ultrafiltration and electrodialysis reversal process. There is very little literature about the efficiency
of this treatment process in wastewaters. In our study, the monitoring was conducted for one
year and the results showed that this technology has a moderate efficiency. Only four compounds
(atenolol, naproxen, ibuprofen, and diclofenac) showed a median removal between 48% and 58%.
The electrodialysis technology was not efficient with the rest of the compounds under study. The
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target stimulants, nicotine, caffeine, and paraxanthine, showed removal efficiencies between 13.8% and
25.5% while the efficiencies for trimethoprim, carbamazepine, and gemfibrozil were 20.4%, 12.3%, and
5.4%, respectively. These results complement the study of Arola et al. which established that using
electrodialysis, diclofenac and ibuprofen were preferentially retained in the diluent [22]. However,
the study of Arola et al. was done in a pilot plant and the authors established that the study must be
confirmed using real wastewaters, like in this study.

3.2.2. Natural Treatment WWTP

In this WWTP, the Imhoff process showed limited removal efficiency for pharmaceutical residues.
In this sense, only two compounds showed 100% elimination during this process, but these two
compounds, erythromycin and diclofenac, were detected in less than 20% of the surveyed samples;
thus, it is not possible to ensure that this type of purification system is appropriate for the elimination
of these two pharmaceuticals. Regarding the anti-inflammatories (naproxen and ibuprofen) and
gemfibrozil, they showed negative elimination ratios, which means that the concentrations after the
Imhoff process were higher than before. These negative elimination ratios could be explained by daily
fluctuations in the concentrations of these compounds because the samples were taken at the same time
in each sampling point. Furthermore, some deconjugation processes, in which conjugated compounds
are converted into free compounds during the purification process, could explain the negative removal
ratios obtained [7,39]. For the rest of the compounds, the eliminations were not high, and the median
removals were between 2.9% and 41.8%. Regarding the constructed wetland processes, in most cases
both configurations (vertical and horizontal flows) showed similar behaviors. In the vertical flow
system, removals over 60% were achieved for the three stimulants, nicotine, caffeine and paraxanthine.
Atenolol showed a medium removal of 51.4% and poor elimination efficiencies (between 10.6% and
33.1%) were obtained for trimethoprim, and the three anti-inflammatory compounds. Carbamazepine
showed a trend similar to conventional secondary processes and the elimination was negative, which
means that the concentration after the purification process was higher, as observed in other studies. In
this vertical flow process, the concentrations of gemfibrozil were also higher after treatment which
was also observed in a previous study on this WWTP [19]. Finally, the horizontal flow treatment
provided slightly higher removal efficiencies than vertical flow treatment. In this sense, five compounds
presented median eliminations over 75% (nicotine, caffeine, paraxanthine, atenolol, and naproxen). For
trimethoprim and ibuprofen, the removals were low (30.0% and 26.4%, respectively), but higher than
those obtained in the vertical flow systems. For diclofenac, a different trend was observed, because the
median removal for this compound was –162.5%, which indicates an increase in the concentrations
after this treatment which could be explained by the daily fluctuations or by deconjugation processes as
in previous treatments. Finally, carbamazepine and gemfibrozil showed negative removals too, but the
increase of the concentrations after the treatment was lower than in the vertical flow treatment. Overall,
the natural treatment processes performed in this WWTP showed great eliminations for stimulants
(over 97.5%), atenolol (90.9%), naproxen (79.4%), and trimethoprim (64.0%). Three compounds
(carbamazepine, diclofenac, and gemfibrozil) showed negative removals after the whole purification
system and this trend coincided with a previous study performed at this WWTP [19].

3.2.3. Comparison between Conventional and Natural Purification Treatments

To perform comparisons of the treatment technologies, between the two systems of conventional
and natural purification, it is necessary to compare the same stages of purification. As can be seen
in Figure 3a, both natural and conventional systems provide similar removal efficiencies for target
compounds after secondary treatment. The highest elimination rates in both WWTPs were obtained for
stimulants, with median removals over 97% and atenolol, which showed a median removal over 90% in
both systems. Regarding anti-inflammatory compounds, the trends in the two surveyed WWTPs were
different. Conventional treatments showed large removals for naproxen and ibuprofen (between 98.7%
and 99.5%), while in the natural WWTP, the removals for these compounds were between 36.1%
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and 79.4%. For the third anti-inflammatory compound, diclofenac, C-WWTP1 showed a positive
elimination ratio (42.9%) while in the N-WWTP, this efficiency was negative, which implies greater
concentration of the free compound in the effluent of the system. In this sense, effluent concentrations
of diclofenac were 10 times higher than influent concentrations, but in all cases below 0.5 μg·L−1.
This trend was the same for gemfibrozil which showed a median elimination of 72.5% in C-WWTP1
and more than –300% in the N-WWTP. Finally, for trimethoprim, very similar median removals were
achieved (in both wastewater treatment facilities it was over 60%) and this trend was also seen for
carbamazepine which reflected the recalcitrant behavior of this compound with median removals near
–50% in both WWTPs.

a)  
1 –1500% 2 –320% 

b) 

* not determined 

Figure 3. Median removal efficiencies for target compounds using (a) secondary treatments and
(b) tertiary treatments.
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Regarding tertiary processes, it can be seen in Figure 3b that the reverse osmosis process was
the most efficient purification process. The stimulants showed good removals for reverse osmosis
process and not-satisfactory removals for microfiltration and electrodialysis reversal technologies.
Regarding anti-inflammatories, similar removal efficiencies were obtained for naproxen and ibuprofen
using reverse osmosis and electrodialysis reversal (between 54.1% and 58.3%) and for this family of
compounds, it was stated that microfiltration technology was not appropriate for the elimination of
them. For the rest of the compounds under study, in all cases the removal efficiencies were significantly
better using reverse osmosis while electrodialysis reversal showed a better elimination capacity than
microfiltration, but poor efficiency (below 30%).

4. Conclusions

In order to provide a safe and valuable resource of water in arid and semi-arid locations by using
reclaimed water in agriculture, it is necessary to ensure its quality. One of the reluctances of farmers
and legislators is related to the presence of some emerging pollutants, such as pharmaceutical residues,
in treated waters. Although the concentration of these compounds in such waters are usually at trace
levels, a deep knowledge about their presence and elimination is needed.

Due to the singular characteristics of each family of target pharmaceutical compounds, their
removal rates in the studied conventional purification treatments were very variable, but great
efficiencies (up to 99.8%) were achieved for some of them. Satisfactory removal values were also
provided by the studied natural treatment system, with comparable results for stimulants such as
nicotine or caffeine and other drugs like atenolol and naproxen. However, for other compounds, namely
ibuprofen, diclofenac, and gemfibrozil, natural treatments were not so effective as conventional ones.
In addition, remarkable differences were also observed among tertiary technologies. Reverse osmosis
revealed itself as a great option for the elimination of emerging pollutants. In this sense, the combination
of secondary treatments and reverse osmosis provided very satisfactory removal efficiencies, over 95%
for most compounds under study. Regarding other tertiary technologies, electrodialysis reversal also
showed moderate removals for some pharmaceuticals, but in all cases, they were significantly lower
than reverse osmosis.

Since all the target pharmaceutical compounds are still present in the studied treated water after
using both conventional and natural systems (with concentration levels from ng·L−1 to μg·L−1), further
studies are demanded in order to improve the purification systems. Special interest must be paid to
some recalcitrant compounds, like carbamazepine, for which very low removal rates were achieved.

The inclusion of emerging compounds, such as pharmaceuticals, in national and European
contexts, is also mandatory in order to carry out adequate monitoring programs and to establish
reliable control of these pollutants.

Supplementary Materials: The following are available online, Table S1: Gradient used for the chromatographic
separation of target pharmaceuticals, title, Table S2: Parent and fragmentation ions and collision conditions for the
mass spectrometry detection of target pharmaceuticals.
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Abstract: Constructed wetlands (CWs) could achieve high removal efficiency of antibiotics,
but probably stimulate the spread of antibiotic resistance genes (ARGs). In this study, four CWs
were established to treat synthetic wastewater containing sulfamethoxazole (SMX). SMX elimination
efficiencies, SMX degradation mechanisms, dynamic fates of ARGs, and bacterial communities were
evaluated during the treatment period (360 day). Throughout the whole study, the concentration
of SMX in the effluent gradually increased (p < 0.05), but in general, the removal efficiency
of SMX remained at a very high level (>98%). In addition, the concentration of SMX in the
bottom layer was higher compared with that in the surface layer. The main byproducts of SMX
degradation were found to be 4-amino benzene sulfinic acid, 3-amino-5-methylisoxazole, benzenethiol,
and 3-hydroxybutan-1-aminium. Temporally speaking, an obvious increase of sul genes was
observed, along with the increase of SMX concentration in the bottom and middle layers of CWs.
Spatially speaking, the concentration of sul genes increased from the surface layer to the bottom layer.

Keywords: sulfamethoxazole; antibiotic resistance genes; sul genes; bacterial community;
constructed wetlands

1. Introduction

In recent years, antibiotics have been extensively used as livestock food additives and to fight
infections in animal husbandry [1,2]. The overuse of antibiotics results in their continuous release into
the environment in China. Additionally, previous investigations have indicated that antibiotics in
animal waste could not be entirely removed using traditional lagoon treatment and in wastewater
treatment plants (WWTPs) [3]. As a result, antibiotics were widely detected in wastewater, surface water,
and groundwater [4,5].

The wide presence of antibiotics in the environment could cause concern because it not only
causes serious toxic effects on organisms, but also promotes the spread of antibiotic-resistant genes
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(ARGs) [6], even with low concentrations in the environment [7,8]. ARGs could be spread through
horizontal gene transfer (HGT) and vertical gene transfer (VGT), and in many cases, could be
maintained in microbial populations, even without selection pressure from antibiotics [9–11]. HGT is
a major pathway for the transfer of ARGs, including conjugative transposons, integrons, insertion
sequences, and plasmids [11,12]. ARGs have often been detected as part of antibiotic resistance super
integrons. Therefore, one antibiotic may coselect resistance to other antibiotics when applying multiple
antibiotics [13]. Even if antibiotic-resistant bacteria were damaged or killed, ARGs could still be released
to the environment and then transformed into other bacteria [14,15]. Previous studies have revealed
the high relative abundances of ARGs in wastewater lagoons and municipal wastewater, even after
treatment [16–18]. In recent years, ARGs were regarded as fast-growing potential pollution because of
the extensive application of antibiotics in the livestock industry [19–21]. Hence, effective treatment
processes for antibiotic removal could also prevent the spread of ARGs.

Constructed wetlands (CWs) are designed and constructed exploiting natural processes to treat
rural wastewater [22,23]. The advantages of CWs mainly lie in high purification removal, relatively low
construction and maintenance costs, reduced energy consumption, convenient operation, and broad
application prospects in developing countries or rural areas [24,25]. Recently, CWs were used to
remove antibiotics from agricultural and municipal wastewater via natural processes involving plants,
soil/sediment, and microorganisms [21,26,27]. CWs have been shown to be more efficient in the
removal of antibiotics and ARGs than conventional wastewater treatment systems [16,28]. Liu et al.
(2013) [28] found that the total absolute abundances of tetracycline resistance (tet) genes and the 16S
rRNA were reduced by 50% from swine wastewater using CWs. Huang et al. (2015) [16] reported that
the absolute abundances of the ARGs were greatly reduced, with their log units ranging from 0.26 to
3.3. However, previous studies of ARG reduction have always focused on their elimination, rather than
the induction of ARGs along with antibiotics removal by CWs. CWs could also be a significant source
of ARGs, and may enhance their spread. Therefore, exploring the induction of ARGs in CWs would
greatly assist in evaluating their environmental risks.

Sulfamethoxazole (SMX) is a synthetic antibiotic within the sulfonamide antibiotic family, and is
largely consumed in the livestock husbandry [29,30]. Sul genes (sulI and sulII) were chosen as the
representatives of ARGs for their frequent use [17,31–33]. In this study, four CWs were established
to treat a synthetic wastewater containing SMX for 360 day. The objectives of this study were: (1) to
investigate the elimination efficiencies and products of SMX, (2) to explore the development of sul
genes in the reactors, (3) to assess the risks of ARGs in effluent, and (3) the bacterial community during
the treatment process.

2. Results and Discussion

2.1. SMX Removal Efficiency

The concentrations of SMX in the effluent, bottom layer, and surface layer of CWs at five sampling
points are shown in Figure 1. The concentrations of SMX in the effluent ranged 0.051–0.214, 0.047–0.274,
0.0584–0.342, and 0.098–0.574 μg L−1 in CW1, CW2, CW3, and CW4. CW4 fed with 200 μg L−1 SMX
exhibited significantly higher concentrations of SMX in the effluent than CW1 fed with 20 μg L−1

(p < 0.05). On D360, the SMX concentrations in the effluent were 0.214, 0.185, 0.342, and 0.574 μg L−1

with influent SMX concentration of 20, 50, 100, and 200 μg L−1, respectively. Temporally speaking,
the SMX concentrations in effluent gradually increased during the study (p < 0.05). In the effluent
of CW3, SMX concentrations were 0.0584, 0.142, 0.198, 0.247, and 0.342 on D30, D60, D120, D240,
and D360, respectively. Notably, excellent removal efficiencies (>98%) for SMX were obtained using
CWs, even when the influent SMX concentration was as high as 200 μg L−1.
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Figure 1. Concentrations of SMX (mean ± SD, n = 3) in the effluent water and layers. (A) concentration
of SMX in the effluent; (B) concentration of SMX in the bottom layer; (C) concentration of SMX in the
surface layer.

SMX has been reported to be easily biodegradable, especially under anaerobic conditions in
the CWs [25]. In the present study, it was noteworthy that the removal efficiencies of antibiotics
by different CWs were even better than conventional WWTPs [34]. As demonstrated by previous
experiments, biodegradation, absorption, hydrolysis, and photodecomposition played significant roles
in the removal of antibiotics in the solid and aqueous phases in CWs [34–36].

Previous reports also showed that the adsorption process only accounted for a minor percentage
of the total removal in CWs [12].

The SMX concentrations of the bottom layer ranged 4.256–8.620, 14.213–19.281, 8.546–17.322,
and 36.564–47.684 μg Kg−1 in CW1, CW2, CW3, and CW4. The SMX concentrations of the surface layer
ranged 0.239–0.852, 0.327–2.652, 2.526–4.365, and 4.531–9.829 μg Kg−1 in CW1, CW2, CW3, and CW4,
respectively. The difference of SMX concentration between the bottom and surface layers was affected
by the influent SMX concentration. This was probably because the relatively high Kd values prompted
SMX to be adsorbed in the substrates of CWs [37]. However, the SMX concentrations in the layers did
not significantly increase during the treatment (p > 0.05). This result was probably due to the fact that
other physicochemical and biological processes occurred jointly or separately after SMX adsorption
in substrate [16]. Clearly, the concentration of SMX in the bottom layer was higher compared with
that in surface layer. This was not surprising, because that the bottom layer was faced with a higher
concentration of SMX due to the vertical up-influent.

2.2. SMX Degradation Products

LC-MS/MS was employed to identify the degradation products in order to clarify the degradation
pathway of SMX (C10H11N3O3S, m/z 252.0450). According to the detected mass/charge ratios
under positive mode, several potential metabolites were identified, including 4-amino benzene
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sulfinic acid (C6H7NO2S, m/z 158.0123), 3-amino-5-methylisoxazole (3A5MI, C4H6N2O, m/z 99.5315),
benzenethiol (C6H6S, m/z 111.0496), and 3-hydroxybutan-1-aminium (C4H11NO, m/z 90.5263) (Figure 2).
A previous report indicated that the removal of antibiotics was mainly caused by adsorption rather than
degradation in wastewater treatment plants [38]. However, in this study, it was found that the products
of SMX may be transformed by bacterial communities. A previous study also found 4-amino benzene
sulfinic acid and 3A5MI during the degradation of SMX [39]. During the degradation process, SMX was
initially hydrolyzed into 4-amino benzene sulfinic acid and 3A5MI; then, 4-amino benzene sulfinic
acid was further transformed into benzenethiol, which was finally degraded to generate methane or
carbon dioxide. During the transformation of 3A5MI to 3-hydroxybutan-1-aminium, the isoxazole
ring was opened and its nitrogen atom was removed. Since 3-hydroxybutan-1-aminium has a chain
structure, it can be easily mineralized into methane by microbes under anoxic conditions [40].

Figure 2. Q-Exactive spectrum degradation products of SMX.

2.3. Sul Genes in the Effluent and Media

In order to analyze the changes of corresponding target genes, the relative abundances of sul
genes were analyzed during the treatment process. The distributions of two sul (sulI and sulII) in
the CWs are shown in Figure 3. The relative abundances of sul genes showed an obvious increase
with the increase of SMX concentrations in the bottom and middle layers. In wastewater treatment
installations, the abundances of ARGs were not only determined by their abundances, but were also
affected by the concentrations of antibiotics in the influent [6]. Since synthetic wastewater was used in
this study, the abundances of sul genes in the influent may be ignored. In addition, the sul genes were
not found in CW0. Therefore, most of the target genes were induced by the antibiotics in the influent.
Further, bacteria would also gain the corresponding ARGs via VGT and HGT [10].
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Figure 3. Sul genes (sulI and sulII) normalized to 16S rRNA genes in the layers (bottom layer,
middle layer and surface layer) of CW1, CW2, CW3, and CW4, respectively (mean ± SD, n = 3). (A)
sulI genes; (B) sulII genes.

Notably, the concentration of sul genes in the bottom layer was higher than that in the middle layer,
with the surface layer containing the least (Figure 3). A similar result was obtained in a previous study,
which found that the level of ARGs was high in CWs [28]. This observation was mainly influenced
by the level of SMX sources and oxygen transport capacity in the bottom layer [28]. Clearly the
concentration of SMX in the bottom layer was the highest, followed by the middle and surface layers
(Figure 1). The fate of ARGs in the different layers of CWs was mainly attributable to the accumulation
of SMX in the substrate. Interestingly, the relative abundances of sul genes in the CWs were in the order
of sulII > sulI (Figure 3). This was not surprising, because the different fates of sul genes in CWs were
mainly caused by their specific mechanisms [6]. The sulI gene was generally found to be associated
with other ARGs in class 1 integrons, while sulII was usually located on small nonconjugative plasmids,
or generally located on large transmissible multi-resistance [41]. Therefore, the persistence of sulII genes
might be attributed to the successive pressure exerted by antimicrobial agents that were transferred
via HGT and VGT between pathogens, nonpathogens, and even distantly related organisms [31,41].

ARGs, as a major source of pollution, may be spread in bioreactors [42]. The relative abundances
of corresponding sul genes in effluent have been reported (Figure 4). The CWs, indicating the rate
of spread for sul genes, were probably caused by antibiotics. This was comparable to previous
reports in which similar abundances of ARGs were observed in the effluent of CWs [21]. In addition,
the relative abundance of most sul genes was enhanced with higher concentrations of SMX; sul genes
were not detected in the effluent of CW0. The relative abundance of sul genes exhibited an increase,
which tended to be stable among the treatment duration. Meanwhile, the relative abundances of sul
genes in the effluent were in the order of sulII > sulI. In a word, vertical up-CWs may be a good choice
for application as an effective SMX removal method, but the fate of ARGs remains to be further studied
in practical applications.
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Figure 4. Sul genes (sulI and sulII) normalized to 16S rRNA genes in the effluent of CW1, CW2, CW3,
and CW4, respectively (mean ± SD, n = 3). (A) sulI genes; (B) sulII genes.

2.4. Composition of Bacterial Communities

The microbial community was evaluated in terms of abundance and bacterial structure in
response to the different treatments in CWs [43]. There were 30 dominant genera in the phylum
level for the bottom layers, occupying > 94.90% of sequences (Figure 5). Twenty genera were
identified while 10 remained unknown by taxonomy assignment. OD1 (49.32%), Proteobacteria (44.59%),
Proteobacteria (31.36%), and Proteobacteria (54.53%) had the maximum amounts of dominant phylum and
high relative abundances of detection in CW1, CW2, CW3, and CW4, respectively, followed by Chloroflexi,
Bacteroidetes, and Acidobacteria. Previous studies reported that proteobacteria is responsible for the
degradation of refractory organic [44]. In addition, Proteobacteria (12.79%), Bacteroidetes, Acidobacteria,
and Planctomycetes increased after the SMX treatment process. Because of potential coselection on
SMX, the accumulation of antibiotics in substrates may also contribute to the enhancement of some
dominant bacteria. Our result was similar to that in a previous report, i.e., that Proteobacteria occupied
the string majority in antibiotic-correlated bacteria, followed by Bacteroidetes and Actinobacteria [45].
Some specific bacteria in CWs, like Nitrospirae, are well-known to be involved in nitrification and
ammonia oxidization [46]. In accordance with our result, Nitrospirae was a dominant phylum,
with a relative abundance of up to 4.45%.

To assess the variation of dominant bacteria after CW treatment, five samples could be divided
into three clusters according to the bacterial composition and relative abundance. Cluster I comprised
the original sample, cluster II included the CW1 and CW2 samples, and cluster III comprised all of
the remaining samples (CW3 and CW4). Previous study has shown that no significant difference
was observed in terms of bacterial abundance, richness, or diversity among different treatments of
antibiotics [43]. However, in this experiment, the bacterial communities and their relative abundance
were influenced by the SMX content of the influent. Therefore, the phenomenon suggested that the
original bacterial structure had to adapt to the variation of different SMX concentration conditions,
appearing to change over the 360 days of the experiment period.
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Figure 5. Heat map of bacterial populations in phylum level: Sample names were listed on the x-axis,
and genus names were listed on the y-axis.

3. Materials and Methods

3.1. Reactor Configuration

Four CWs were set up with 65 cm in height and 35 cm in diameter with the temperature maintained
at 26 ± 3 ◦C and a relative humidity of 55–65%. The CWs were filled with siliceous gravel and sand
(siliceous gravel: sand volume ratio = 1:1; siliceous gravel was 4–7 mm and sand was 5–8 mm in
diameter). Phragmites australis were transplanted into the top layer. The synthetic wastewater was fed
into four CWs from the bottom inlet by peristaltic pump with a hydraulic loading rate of 5 cm d−1.
The synthetic wastewater was prepared with tap water containing chemical oxygen demand (500 mg
L−1), ammonia nitrogen (40 mg L−1), total nitrogen (150 mg L−1), and total phosphorus (20 mg L−1).
Then, 0, 20, 50, 100, and 200 μg L−1 of SMX were spiked into synthetic wastewater for CW0, CW1,
CW2, CW3, and CW4, respectively.

3.2. SMX Detection

First, 1000 mL of effluent was collected at days 30, 60, 120, 240, and 360, to measure the SMX
concentrations. Then, 200 g wetland media was collected from the bottom, middle, and surface layers
on day 360. Both water samples and wetland media were taken in triplicate. Water samples were filtered
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through 0.45 μm fiber filters [16]. Wetland media were extracted by solid-phase extraction (Waters,
Millford, MA, USA) [47]. Liquid chromatography-mass spectrometry (LC-MS/MS, Thermo Scientific Q
Exactive Hybrid Quadrupole-Orbitrap; Thermo Fisher Scientific, Waltham, MA, USA) was used to
analyze the concentrations of SMX in water and wetland media. The mobile phase was composed
of pure 30% acetonitrile and 70% water solution (v/v) [39]. Hypersil GOLD C18 column (Acquity
UPLC BEH C18; 100 mm × 2.1 mm, 3 μm) was used in this study. The capillary voltage was 3.8 (±) kV,
the collision energy was 8 eV, and the capillary temperature was set to 350 ◦C. SMX products were
detected by the LC-MS/MS in positive mode [16].

3.3. DNA Extraction and ARG Analysis

Genomic DNA was extracted from effluents (200 mL) and wetland media (5 g) using a DNA
extraction kit (MoBio, Carlsbad, CA, USA) at each sampling point in Section 2.2. The DNA
concentrations were tested using ND-1000 NanoDrop spectrophotometer (Thermo Fisher Scientific,
Wilmington, DE, USA). The 16S rRNA gene and two sul genes (sulI and sulII) were quantified by
a Real-Time PCR System (CFX96, Bio-Rad). The reaction was 25 μL on 96-well plates (Bio-Rad,
Shanghai) containing 12.5 μL SYBR Green qPCR mix (Bio-Rad, Shanghai), 0.5 μL of each forward and
reverse primers (Bio-Rad, Shanghai), 1 μL DNA templates, and 10.5 μL ddH2O [48]. PCR protocol and
primer sequences of sul genes were based on previous studies [49,50].

3.4. High-Throughput Sequencing

Wetland media (5 g) were collected at the bottom layer to analyze microbial community. The V4
region of the bacteria 16S rRNA gene was amplified by PCR (5′-GTGCCAGCMGCCGCGGTAA-3′,
5′-GGACTACHVGGGTWTCTAAT-3′) according to previous reports [51,52]. Each PCR reaction was
performed with 50 μL mixture containing 35 ng template DNA, 4 μL PCR Primer Cocktail (5 μM,
Qiagen, Valencia, CA, USA), 25 μL PCR Master Mix (Qiagen), and ddH2O [53]. Illumina MiSeq
platform was employed to purify and pool amplicons in equimolar amounts and paired-end sequenced
(2 × 250) [51,54]. Data were analyzed with Microsoft Excel 2010, and statistical analyses were conducted
by SPSS ver. 19.0.

4. Conclusions

This study clearly demonstrated that excellent SMX removal efficiency among different SMX
concentrations was obtained during the treatment in the CWs. The concentration of SMX in the bottom
layer was higher compared with that in the surface layer. Good removal efficiencies for SMX were
observed using the systems. A degradation mechanism of SMX was proposed. The relative abundances
of sul genes showed an obvious increase with the increase of SMX content in the bottom and middle
layers. The concentration of sul genes in the bottom layer was shown to be higher than that in the
middle layer; the surface layer presented the lowest concentration. The relative abundance of sul genes
exhibited an increase, which tended to be stable among the treatment duration. Proteobacteria was the
dominant phylum in the CWs.

Author Contributions: Methodology, Y.-X.L.; validation, J.-J.Z. and S.L.; investigation, S.Z.; writing—original
draft preparation, S.Z.; writing—review and editing, H.-L.S.; funding acquisition, H.-L.S. and X.-L.Y. All authors
have read and agreed to the published version of the manuscript.

Funding: This research was funded by National Key Research and Development Program of China
(2019YFD1100205), National Major Science and Technology Projects of China (2017ZX07202004), and the National
Natural Science Foundation of China (41571476).

Acknowledgments: Hai-Liang Song would like to acknowledge the Qing Lan Project of Jiangsu Province.

Conflicts of Interest: The authors declare no conflict of interest.

52



Molecules 2020, 25, 834

References

1. Hou, J.; Wan, W.N.; Mao, D.Q.; Wang, C.; Mu, Q.H.; Qin, S.Y.; Luo, Y. Occurrence and distribution of
sulfonamides, tetracyclines, quinolones, macrolides, and nitrofurans in livestock manure and amended soils
of Northern China. Environ. Sci. Pollut. Res. 2015, 22, 4545–4554. [CrossRef] [PubMed]

2. Zhou, L.J.; Ying, G.G.; Zhang, R.Q.; Liu, S.; Lai, H.J.; Chen, Z.F.; Yang, B.; Zhao, J.L. Use patterns, excretion
masses and contamination profiles of antibiotics in a typical swine farm, south China. Environ. Sci. Proc. Imp.
2013, 15, 802–813. [CrossRef] [PubMed]

3. Adegoke, A.A.; Faleye, C.A.; Singh, G.; Stenström, A.T. Antibiotic Resistant Superbugs: Assessment of
the Interrelationship of Occurrence in Clinical Settings and Environmental Niches. Molecules 2017, 22, 29.
[CrossRef] [PubMed]

4. Pham, T.D.; Vu, T.N.; Nguyen, H.L.; Le, P.H.P.; Hoang, T.S. Adsorptive removal of antibiotic ciprofloxacin
from aqueous solution using protein-modified nanosilica. Polymers 2020, 12, 57. [CrossRef] [PubMed]

5. Manyi-Loh, C.; Mamphweli, S.; Meyer, E.; Okoh, A. Antibiotic Use in Agriculture and Its Consequential
Resistance in Environmental Sources: Potential Public Health Implications. Molecules 2018, 23, 795. [CrossRef]
[PubMed]

6. McKinney, C.W.; Loftin, K.A.; Meyer, M.T.; Davis, J.G.; Pruden, A. Tet and sul antibiotic resistance genes in
livestock lagoons of various operation type, configuration, and antibiotic occurrence. Environ. Sci. Technol.
2010, 44, 6102–6109. [CrossRef] [PubMed]

7. Storteboom, H.; Arabi, M.; Davis, J.G.; Crimi, B.; Pruden, A. Identification of antibiotic-resistance-gene
molecular signatures suitable as tracers of pristine river, urban, and agricultural sources. Environ. Sci. Technol.
2010, 44, 1947–1953. [CrossRef]

8. Ogawara, H. Comparison of Antibiotic Resistance Mechanisms in Antibiotic-Producing and Pathogenic
Bacteria. Molecules 2019, 24, 3430. [CrossRef]

9. Yuan, H.; Miller, J.H.; Abu-Reesh, I.M.; Pruden, A.; He, Z. Effects of electron acceptors on removal of antibiotic
resistant Escherichia coli, resistance genes and class 1 integrons under anaerobic conditions. Sci. Total Environ.
2016, 569, 1587–1594. [CrossRef]

10. Kim, S.; Yun, Z.; Ha, U.H.; Lee, S.; Park, H.; Kwon, E.E.; Cho, Y.; Choung, S.; Oh, J.; Medriano, C.A.;
et al. Transfer of antibiotic resistance plasmids in pure and activated sludge cultures in the presence of
environmentally representative micro-contaminant concentrations. Sci. Total Environ. 2014, 468–469, 813–820.
[CrossRef]

11. Guo, J.H.; Li, J.; Chen, H.; Bond, P.L.; Yuan, Z.G. Metagenomic analysis reveals wastewater treatment
plants as hotspots of antibiotic resistance genes and mobile genetic elements. Water Res. 2017, 123, 468–478.
[CrossRef] [PubMed]

12. Chen, J.; Ying, G.G.; Wei, X.D.; Liu, Y.S.; Liu, S.S.; Hu, L.X.; He, L.Y.; Chen, Z.F.; Chen, F.R.; Yang, Y.Q.
Removal of antibiotics and antibiotic resistance genes from domestic sewage by constructed wetlands: Effect
of flow configuration and plant species. Sci. Total Environ. 2016, 571, 974–982. [CrossRef] [PubMed]

13. Beekmann, S.E.; Heilmann, K.P.; Richter, S.S.; García-de-Lomas, J.; Doern, G.V.; Group, G.S. Antimicrobial
resistance in Streptococcus pneumoniae, Haemophilus influenzae, Moraxella catarrhalis and group A
β-haemolytic streptococci in 2002–2003: Results of the multinational GRASP Surveillance Program. Int. J.
Antimicrob. Agents 2005, 25, 148–156. [CrossRef] [PubMed]

14. Penesyan, A.; Gillings, M.; Paulsen, I. Antibiotic Discovery: Combatting Bacterial Resistance in Cells and in
Biofilm Communities. Molecules 2015, 20, 5286–5298. [CrossRef] [PubMed]

15. Chang, P.H.; Juhrend, B.; Olson, T.M.; Marrs, C.F.; Wigginton, K.R. Degradation of extracellular antibiotic
resistance genes with UV254 treatment. Environ. Sci. Technol. 2017, 51, 6185–6192. [CrossRef] [PubMed]

16. Huang, X.; Liu, C.; Li, K.; Su, J.; Zhu, G.; Liu, L. Performance of vertical up-flow constructed wetlands on
swine wastewater containing tetracyclines and tet genes. Water Res. 2015, 70, 109–117. [CrossRef]

17. Naquin, A.; Shrestha, A.; Sherpa, M.; Nathaniel, R.; Boopathy, R. Presence of antibiotic resistance genes in
a sewage treatment plant in Thibodaux, Louisiana, USA. Bioresour. Technol. 2015, 188, 79–83. [CrossRef]

18. Gao, P.; Munir, M.; Xagoraraki, I. Correlation of tetracycline and sulfonamide antibiotics with corresponding
resistance genes and resistant bacteria in a conventional municipal wastewater treatment plant.
Sci. Total Environ. 2012, 421–422, 173–183. [CrossRef]

53



Molecules 2020, 25, 834

19. Zhang, S.; Song, H.-L.; Yang, X.-L.; Yang, Y.-L.; Yang, K.-Y.; Wang, X.-Y. Fate of tetracycline and
sulfamethoxazole and their corresponding resistance genes in microbial fuel cell coupled constructed
wetlands. RSC Adv. 2016, 6, 95999–96005. [CrossRef]

20. Rosendahl, I.; Siemens, J.; Groeneweg, J.; Linzbach, E.; Laabs, V.; Herrmann, C.; Vereecken, H.; Amelung, W.
Dissipation and sequestration of the veterinary antibiotic sulfadiazine and its metabolites under field
conditions. Environ. Sci. Technol. 2011, 45, 5216–5222. [CrossRef]

21. Liu, L.; Liu, C.; Zheng, J.; Huang, X.; Wang, Z.; Liu, Y.; Zhu, G. Elimination of veterinary antibiotics and
antibiotic resistance genes from swine wastewater in the vertical flow constructed wetlands. Chemosphere
2013, 91, 1088–1093. [CrossRef] [PubMed]

22. Hussain, S.A.; Prasher, S.O.; Patel, R.M. Removal of ionophoric antibiotics in free water surface constructed
wetlands. Ecol. Eng. 2012, 41, 13–21. [CrossRef]

23. Almeida, C.M.R.; Santos, F.; Ferreira, A.C.F.; Lourinha, I.; Basto, M.C.P.; Mucha, A.P. Can veterinary antibiotics
affect constructed wetlands performance during treatment of livestock wastewater? Ecol. Eng. 2017, 102, 583–588.
[CrossRef]

24. Huang, X.; Zheng, J.; Liu, C.; Liu, L.; Liu, Y.; Fan, H. Removal of antibiotics and resistance genes from swine
wastewater using vertical flow constructed wetlands: Effect of hydraulic flow direction and substrate type.
Chem. Eng. J. 2017, 308, 692–699. [CrossRef]

25. Chen, J.; Liu, Y.S.; Su, H.C.; Ying, G.G.; Liu, F.; Liu, S.S.; He, L.Y.; Chen, Z.F.; Yang, Y.Q.; Chen, F.R. Removal
of antibiotics and antibiotic resistance genes in rural wastewater by an integrated constructed wetland.
Environ. Sci. Pollut. Res. 2015, 22, 1794–1803. [CrossRef]

26. Fang, H.S.; Zhang, Q.; Nie, X.P.; Chen, B.W.; Xiao, Y.D.; Zhou, Q.B.; Liao, W.; Liang, X.M. Occurrence and
elimination of antibiotic resistance genes in a long-term operation integrated surface flow constructed
wetland. Chemosphere 2017, 173, 99–106. [CrossRef]

27. Almeida, C.M.R.; Santos, F.; Ferreira, A.C.F.; Gomes, C.R.; Basto, M.C.P.; Mucha, A.P. Constructed wetlands
for the removal of metals from livestock wastewater—Can the presence of veterinary antibiotics affect
removals? Ecotox. Environ. Saf. 2017, 137, 143–148. [CrossRef]

28. Liu, L.; Liu, Y.H.; Wang, Z.; Liu, C.X.; Huang, X.; Zhu, G.F. Behavior of tetracycline and sulfamethazine with
corresponding resistance genes from swine wastewater in pilot-scale constructed wetlands. J. Hazard. Mater.
2014, 278, 304–310. [CrossRef]

29. Cetecioglu, Z.; Ince, B.; Orhon, D.; Ince, O. Anaerobic sulfamethoxazole degradation is driven by
homoacetogenesis coupled with hydrogenotrophic methanogenesis. Water Res. 2016, 90, 79–89. [CrossRef]

30. Soares, S.F.; Fernandes, T.; Trindade, T.; Daniel-da-Silva, A.L. Trimethyl Chitosan/Siloxane-Hybrid Coated
Fe3O4 Nanoparticles for the Uptake of Sulfamethoxazole from Water. Molecules 2019, 24, 1958. [CrossRef]

31. Barkovskii, A.L.; Bridges, C. Persistence and Profiles of Tetracycline Resistance Genes in Swine Farms and Impact of
Operational Practices on Their Occurrence in Farms’ Vicinities. Water Air Soil Pollut. 2011, 223, 49–62. [CrossRef]

32. Dan, A.; Yang, Y.; Dai, Y.N.; Chen, C.X.; Wang, S.Y.; Tao, R. Removal and factors influencing removal of sulfonamides
and trimethoprim from domestic sewage in constructed wetlands. Bioresour. Technol. 2013, 146, 363–370. [CrossRef]
[PubMed]

33. Yi, X.Z.; Tran, N.H.; Yin, T.R.; He, Y.L.; Gin, K.Y.H. Removal of selected PPCPs, EDCs, and antibiotic resistance
genes in landfill leachate by a full-scale constructed wetlands system. Water Res. 2017, 121, 46–60. [CrossRef]
[PubMed]

34. Xu, J.; Xu, Y.; Wang, H.; Guo, C.; Qiu, H.; He, Y.; Zhang, Y.; Li, X.; Meng, W. Occurrence of antibiotics and antibiotic
resistance genes in a sewage treatment plant and its effluent-receiving river. Chemosphere 2015, 119, 1379–1385.
[CrossRef]

35. Dordio, A.V.; Carvalho, A.J. Organic xenobiotics removal in constructed wetlands, with emphasis on the
importance of the support matrix. J. Hazard. Mater. 2013, 252–253, 272–292. [CrossRef]

36. Hijosa-Valsero, M.; Fink, G.; Schlusener, M.P.; Sidrach-Cardona, R.; Martin-Villacorta, J.; Ternes, T.; Becares, E.
Removal of antibiotics from urban wastewater by constructed wetland optimization. Chemosphere 2011, 83, 713–719.
[CrossRef]

37. Gong, W.; Liu, X.; He, H.; Wang, L.; Dai, G. Quantitatively modeling soil-water distribution coefficients of
three antibiotics using soil physicochemical properties. Chemosphere 2012, 89, 825–831. [CrossRef]

54



Molecules 2020, 25, 834

38. Müller, E.; Schüssler, W.; Horn, H.; Lemmer, H. Aerobic biodegradation of the sulfonamide antibiotic
sulfamethoxazole by activated sludge applied as co-substrate and sole carbon and nitrogen source.
Chemosphere 2013, 92, 969–978. [CrossRef]

39. Wang, L.; Liu, Y.; Ma, J.; Zhao, F. Rapid degradation of sulphamethoxazole and the further transformation of
3-amino-5-methylisoxazole in a microbial fuel cell. Water Res. 2016, 88, 322–328. [CrossRef]

40. Wang, L.; Wu, Y.C.; Zheng, Y.; Liu, L.D.; Zhao, F. Efficient degradation of sulfamethoxazole and the response
of microbial communities in microbial fuel cells. RSC Adv. 2015, 5, 56430–56437. [CrossRef]

41. Antunes, P.; Machado, J.; Sousa, J.C.; Peixe, L. Dissemination of sulfonamide resistance genes (sul1, sul2,
and sul3) in Portuguese Salmonella enterica strains and relation with integrons. Antimicrob. Agents Chemother.
2005, 49, 836–839. [CrossRef] [PubMed]

42. Nolvak, H.; Truu, M.; Tiirik, K.; Oopkaup, K.; Sildvee, T.; Kaasik, A.; Mander, U.; Truu, J. Dynamics of
antibiotic resistance genes and their relationships with system treatment efficiency in a horizontal subsurface
flow constructed wetland. Sci. Total Environ. 2013, 461–462, 636–644. [CrossRef] [PubMed]

43. Fernandes, J.P.; Almeida, C.M.R.; Pereira, A.C.; Ribeiro, I.L.; Reis, I.; Carvalho, P.; Basto, M.C.P.; Mucha, A.P.
Microbial community dynamics associated with veterinary antibiotics removal in constructed wetlands
microcosms. Bioresour. Technol. 2015, 182, 26–33. [CrossRef] [PubMed]

44. Cao, X.; Wang, H.; Zhang, S.; Nishimura, O.; Li, X. Azo dye degradation pathway and bacterial community
structure in biofilm electrode reactors. Chemosphere 2018, 208, 219–225. [CrossRef]

45. Huang, X.; Zheng, J.L.; Liu, C.X.; Liu, L.; Liu, Y.H.; Fan, H.Y.; Zhang, T.F. Performance and bacterial
community dynamics of vertical flow constructed wetlands during the treatment of antibiotics-enriched
swine wastewater. Chem. Eng. J. 2017, 316, 727–735. [CrossRef]

46. Arroyo, P.; Saenz de Miera, L.E.; Ansola, G. Influence of environmental variables on the structure and
composition of soil bacterial communities in natural and constructed wetlands. Sci. Total Environ.
2015, 506–507, 380–390. [CrossRef]

47. Srinivasan, P.; Sarmah, A.K. Dissipation of sulfamethoxazole in pasture soils as affected by soil and
environmental factors. Sci. Total Environ. 2014, 479, 284–291. [CrossRef]

48. Wu, D.; Huang, Z.T.; Yang, K.; Graham, D.; Xie, B. Relationships between Antibiotics and Antibiotic
Resistance Gene Levels in Municipal Solid Waste Leachates in Shanghai, China. Environ. Sci. Technol.
2015, 49, 4122–4128. [CrossRef]

49. Rodriguez-Mozaz, S.; Chamorro, S.; Marti, E.; Huerta, B.; Gros, M.; Sanchez-Melsio, A.; Borrego, C.M.;
Barcelo, D.; Balcazar, J.L. Occurrence of antibiotics and antibiotic resistance genes in hospital and urban
wastewaters and their impact on the receiving river. Water Res. 2015, 69, 234–242. [CrossRef]

50. Pruden, A.; Pei, R.; Storteboom, H.; Carlson, K.H. Antibiotic Resistance Genes as Emerging Contaminants:
Studies in Northern Colorado†. Environ. Sci. Technol. 2006, 40, 7445–7450. [CrossRef]

51. Wang, W.; Cao, J.; Yang, F.; Wang, X.L.; Zheng, S.S.; Sharshov, K.; Li, L.X. High-throughput sequencing
reveals the core gut microbiome of Bar-headed goose (Anser indicus) in different wintering areas in Tibet.
MicrobiologyOpen 2016, 5, 287–295. [CrossRef] [PubMed]

52. Bokulich, N.A.; Subramanian, S.; Faith, J.J.; Gevers, D.; Gordon, J.I.; Knight, R.; Mills, D.A.; Caporaso, J.G.
Quality-filtering vastly improves diversity estimates from Illumina amplicon sequencing. Nat. Methods
2013, 10, 57–59. [CrossRef] [PubMed]

53. Zhang, Y.J.; Zhu, H.; Szewzyk, U.; Geissen, S.U. Enhanced removal of sulfamethoxazole with
manganese-adapted aerobic biomass. Int. Biodeterior. Biodegrad. 2017, 116, 171–174. [CrossRef]

54. Mikkelson, K.M.; Lozupone, C.A.; Sharp, J.O. Altered edaphic parameters couple to shifts in terrestrial bacterial
community structure associated with insect-induced tree mortality. Soil Biol. Biochem. 2016, 95, 19–29. [CrossRef]

Sample Availability: Not available.

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

55





molecules

Article

Evaluation of the Possibility of Using Hydroponic
Cultivations for the Removal of Pharmaceuticals and
Endocrine Disrupting Compounds in Municipal
Sewage Treatment Plants

Daniel Wolecki, Magda Caban, Magdalena Pazda, Piotr Stepnowski and Jolanta Kumirska *

Department of Environmental Analysis, Faculty of Chemistry, University of Gdansk, Wita Stwosza 63, 80-308
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Abstract: The problem of the presence of pharmaceuticals and endocrine disrupting compounds
(EDCs) in the environment is closely related to municipal wastewater and in consequence to
municipal wastewater treatment plants (MWWTPs) because wastewater is the main way in which
these compounds are transferred to the ecosystem. For this reason, the development of cheap,
simple but very effective techniques for the removal of such residues from wastewater is very
important. In this study, the analysis of the potential of using three new plants: Cyperus papyrus
(Papyrus), Lysimachia nemorum (Yellow pimpernel), and Euonymus europaeus (European spindle) by
hydroponic cultivation for the removal of 15 selected pharmaceuticals and endocrine disrupting
compounds (EDCs) in an MWWTP is presented. In order to obtain the most reliable data, this study
was performed using real WWTP conditions and with the determination of the selected analytes in
untreated sewage, treated sewage, and in plant materials. For determining the target compounds in
plant materials, an Accelerated Solvent Extraction (ASE)-Solid-Phase Extraction (SPE)-GC-MS(SIM)
method was developed and validated. The obtained data proved that the elimination efficiency of
the investigated substances from wastewater was in the range of 35.8% for diflunisal to above 99.9%
for paracetamol, terbutaline, and flurbiprofen. Lysimachia nemorum was the most effective for the
uptake of target compounds among the tested plant species. Thus, the application of constructed
wetlands for supporting conventional MWWTPs allowed a significant increase in their removal from
the wastewater stream.

Keywords: pharmaceuticals; endocrine disrupting compounds; hydroponic cultivation; determining
target pollutants in plant materials; municipal wastewater treatment plants

1. Introduction

Pharmaceuticals are used in large quantities around the world. In many cases, they are used
not only to prevent disease or for treatment in humans, but also in animals [1,2]. Some of them, for
example, natural and synthetic estrogens, are classified also to the group of endocrine disrupting
compounds (EDCs). Over the last two decades, the presence of pharmaceuticals and EDCs in the aquatic
environment has been confirmed many times [3–6]. They have been found in treated wastewater [7],
sewage sludge [8], marine waters [9], and in living organisms [10]. They are extensively introduced
into the environment via wastewater and in consequence by wastewater treatment plants (WWTPs)
because the classical methods of wastewater treatment in WWTPs (mechanical, biological, chemical)
do not completely remove pharmaceuticals and EDCs from the wastewater stream [11–14].

Molecules 2020, 25, 162; doi:10.3390/molecules25010162 www.mdpi.com/journal/molecules57



Molecules 2020, 25, 162

In recent years, some advanced technologies, such as advanced oxidation process (AOP),
electrochemical oxidation, activated carbon adsorption, membrane techniques, and membrane
bioreactors have been introduced for the removal of pharmaceuticals from wastewater [15–18].
However, these advanced processes are very expensive, and they are often unprofitable in technological
systems. Therefore, the choice of cheaper, less complicated but very effective techniques for wastewater
treatment with regard to pharmaceutical residues is well-aimed.

One of the options is to combine conventional WWTPs with hydroponic cultures called constructed
wetlands (CWs). The basis of this is the use of plants such as macrophytes in the process of biological
wastewater treatment [19]. In most cases, CWs are characterized based on water position and flow
direction, and they are divided into surface flow (SF) systems, horizontal subsurface flow systems
(H-SSF), and vertical subsurface flow systems (V-SSF). In the first case, sewage flows along a pool
with growing plants. The root zone and part of the plants are located under the sewage stream. In
H-SSF and V-SSF systems, sewage is introduced into a porous medium (generally gravel) in which
macrophytes grow [20]. In most cases, constructed wetlands are a separate element of a sewage
treatment plant. CWs act as a primary step (raw influent goes to the CW), secondary step (raw
influent goes to primary treatment and afterwards to the CW), and tertiary step (raw influent goes to
primary treatment, followed by secondary treatment and finally to the CW). This has been clearly and
understandably described by Verlicchi et al. [20].

In recent years, constructed wetlands have been reported to be highly efficient in the removal
of conventional pollutants from domestic sewage, agricultural sewage, industrial wastewater, mine
drainage, leachate, contaminated ground water, and urban runoff [21–26]. Based on the literature,
it is known that the mechanisms of pollution removal in CWs can be classified into biotic processes
(e.g., microbiological degradation, root, and plant uptake) and abiotic processes like evaporation,
photodegradation, oxidation, hydrolysis, retention, or sorption [27]. The efficiency of the removal of
a pollutant depends also on such factors as seasonality, weather, and humidity. On the other hand,
the use of constructed wetlands to remove pharmaceuticals and EDCs from wastewater is still not
fully understood [28]. Most of the research concerning the uptake of pharmaceuticals and EDCs by
plants in CWs refers to so-called microcosm, or pilot-scale laboratory systems, as opposed to real
systems in WWTPs (Table S1, Supplementary Materials). In addition, only a few scientific papers have
examined the actual uptake of emerging environmental pollutants by plants (Table S1, Supplementary
Materials). Moreover, in most cases, the removal efficiency of the target compounds from wastewater
is determined based only on determining their concentrations in raw and treated wastewater without
the examination of their presence in plant tissues [29]. For this reason, it is difficult to assume the
influence and mechanism of the removal of EDCs from wastewater by plants, as well as to establish
which plants are the best for this purpose.

In this study, in order to obtain the most reliable data, we decided to evaluate the possibility of
using hydroponic cultivation for the removal of pharmaceuticals and endocrine disrupting compounds
in municipal sewage treatment, both with the application of real WWTP conditions as well as with the
determination of the analytes studied in plant materials.

For this reason, the main objectives of this work were as follows: (1) to determine the
selected pollutants in raw and treated sewage; (2) to develop an analytical method for determining
selected pharmaceuticals and endocrine disrupting compounds in plant materials; (3) to assess the
bioaccumulation of the mentioned pollutants in hydroponically cultivated plants; (4) to evaluate which
of the tested plant species best meets this purpose.

According to literature data [30–33] and information included in Table S1 in Supplementary
Materials, for the isolation of pharmaceuticals and EDCs from plant materials, extraction techniques
such as Microwave Assisted Extraction (MAE) [34], QuEChERS (Quick, Easy, Cheap, Effective, Rugged,
and Safe) procedures [35,36], Accelerated Solvent Extraction (ASE) [27], Solid-Liquid Extraction (SLE)
under gentle mixing [32], as well as Ultrasound-Assisted Extraction (UAE) [33] are used. In this study,
we decided to check the usefulness of an ASE-Solid-Phase Extraction (SPE) technique for the isolation
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of target compounds from plant materials, because in none of the published papers, such investigations
have been performed for the same target compounds and with the application of the same plants.

2. Results and Discussion

2.1. Determination of Selected Pharmaceuticals and Endocrine Disrupting Compounds in Treated and
Untreated Sewage

The method for the determination of pharmaceuticals and EDCs in untreated and treated sewage
was described in Section 3.4. The identification of each analyte was based on retention time, quantitative
ion, and conformation ion/s, the quantification analysis on the area peak of quantitative ion (details are
presented in Section 3.4). The mass spectra of target compounds with the MS fragments assignation
are included in Figure S1 in Supplementary Materials. The determined concentrations of fifteen target
compounds in untreated and treated sewage from a municipal wastewater treatment plant (MWWTP)
are presented in Table 1.

Table 1. Concentrations of target compounds in untreated and treated sewage samples collected from
a municipal wastewater treatment plant (MWWTP), determined using the Solid-Phase Extraction
(SPE)-GC-MS(SIM) method (n = 3).

Pharmaceuticals
Concentration in Untreated Sewage Concentration in Treated Sewage

(mean ± SD) [ng/L]

Ibuprofen 2695 ± 916 8 ± 1
Paracetamol 2130 ± 298 <MDL
Terbutaline 154 ± 8 <MDL

Flurbiprofen 51 ± 12 <MDL
Naproxen 3420 ± 342 38 ± 1
Diflunisal 67 ± 12 43 ± 7

Amitriptyline 1676 ± 184 613 ± 38
Imipramine <MDL <MDL
Diclofenac <MDL <MDL

Clomipramine 169 ± 29 50 ± 5
Nadolol <MDL <MDL
Estrone 52 ± 3 19 ± 2

17β-estradiol 110 ± 13 4 ± 0
17α-ethinylestradiol 1622 ± 260 122 ± 18

Estriol 273 ± 27 13 ± 3

Imipramine, diclofenac, and nadolol were not found in both types of samples (concentrations
below the method detection limit (MDL) values). The concentrations of the analyzed NSAIDs
(ibuprofen, naproxen) in untreated sewage were the highest among the investigated drugs (2695 ±
916 ng/L, 3420 ± 342 ng/L, respectively), which positively correlated with their large consumption and
easy availability [6]. Amitriptyline, one of the measured antidepressant drugs, was found in a high
concentration in untreated sewage (1676 ± 184 ng/L), and its concentration after wastewater treatment
was still significant (613 ± 38 ng/L). Antidepressant drugs were identified in this area in 2014, and also
in the Utrata River to which treated sewage is discharged [37].

In this study, for first time in this part of Europe, concentrations of estrogenic hormones in sewage
derived from a wastewater treatment plant supported by constructed wetlands were investigated.
E1, E2, E3, and synthetic EE2 were found in both types of sewage in concentrations ranging from
52 ± 3 ng/L to 1662 ± 260 ng/L in untreated sewage, and from 4 ± 0 ng/L to 122 ± 18 ng/L in treated
sewage. The concentration of EE2 was the highest among the investigated estrogenic hormones, both
in untreated and treated sewage (Table 1).

The concentrations of target compounds in untreated and treated sewage determined in this study
were in the range presented by other authors for full-scan systems (Table S1, Supplementary Materials).
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For example, the concentrations of 86 pharmaceuticals, e.g., diclofenac, ibuprofen, ketoprofen, naproxen,
EE2, E2, and E3 in untreated water were in the range from 1 ng/L to 1,000,000 ng/L, and in treated
sewage to 901,618 ng/L [32].

However, for the first time, fifteen pharmaceuticals and EDCs were determined in untreated
and treated sewage derived from a wastewater treatment plant supported by constructed wetlands
working in a temperate climate zone.

2.2. Evaluation of the Analytical Method for Determining Target Compounds in Plant Materials

As previously mentioned, understanding the impact of individual plant species on the removal of
pharmaceuticals and EDCs from wastewater requires an assessment of the uptake of these compounds
by plants, for which an analytical procedure is required. In none of the published papers ([30–33],
Table S1, Supplementary Materials), such investigations have been performed for the same target
compounds and with the application of the same plants. For this reason, our investigations began
from an evaluation of the analytical method for determining 15 target compounds in plant materials.

We decided to check the usefulness of the ASE technique for this purpose. ASE technique has
been used only once for the isolation of 18 analytes [27]. In the work, among the tested analytes, were 7
pharmaceuticals (ibuprofen, ketoprofen, naproxen, diclofenac, salicylic acid, caffeine, carbamazepine),
which were determined in Typha angustifolia and Phragmites australis plants (only roots) during an
investigation of the behavior of pharmaceuticals and personal care products in mesocosm-scale
constructed wetland compartments. A mixture of acetone/hexane (1:1; v/v), a temperature of 104 ◦C
and two extraction cycles of 13.5 min were applied for ASE. A clean-up step was performed using a
florisil column with different elution of the neutral/acidic fractions. In other studies based on other
extraction procedures, for the isolation of pharmaceuticals from plant materials, different solvents
such as methylene chloride:MeOH (2:1 v/v) and MTBE (Methyl tert-butyl ether):MeOH (1:1 v/v) [34],
hexane:ethyl acetate (1:1, v/v) [35], 0.1 M HCl:ACN (1:1, v/v) [36], ACN with 0.5% formic acid (v/v) [32],
and anhydrous sodium sulfate and MeOH [33] were applied.

In this study, the usefulness of three new extraction solvents: MeOH:H2O (1:1, v/v), EtOH:H2O
(1:1, v/v), ACN:H2O (1:1, v/v), which were used at two temperatures: 50 ◦C and 80 ◦C for the isolation
of target compounds by ASE was studied. Moreover, the effect of the acidification of the obtained
extracts prior to SPE purification (pH ~ 2) was investigated (Figure 1).

 

MeOH:H2O (1:1, v/v)
EtOH:H2O (1:1, v/v)
ACN:H2O (1:1, v/v)

50°C
80°C

Acidification
without pH change 

pH 2 

Figure 1. Selection of the optimal Accelerated Solvent Extraction (ASE)-SPE conditions for the isolation
of target compounds from plant materials.

The results of the optimization of the ASE procedure are presented in Table 2. As can be seen,
among the tested ASE conditions, the best recoveries of target pharmaceuticals (ranging from 49 ±
6 to 111 ± 9%), were obtained during the application of a mixture of MeOH:H2O (1:1, v/v) and a
temperature of 50 ◦C (Table 2). Only the recoveries of tri-cyclic antidepressant drugs (amitriptyline and
clomipramine) were lower. It should be highlighted that these two compounds were not subjected to
the derivatization procedure and the efficiency of ionization of these two compounds in an ion source
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during the GC-MS(SIM) analysis was high. In effect, the sensitivity of the proposed analytical method
for the determination of these analytes was enough despite low recovery results.

Table 2. Recoveries (mean ± SD) of fifteen analytes using different conditions of the ASE procedure
(n = 3, conc. 1000 ng/g d.w.).

Type of Solvents/
Temperature/

Pharmaceuticals

EtOH:H2O (1:1, v/v) ACN:H2O (1:1, v/v) MeOH:H2O (1:1, v/v)

80 ◦C 50 ◦C 80 ◦C 50 ◦C 80 ◦C 50 ◦C
Value of Recovery [% ± SD (%)]

Ibuprofen 105 ± 22 154 ± 5 105 ± 16 194 ± 13 65 ± 5 111 ± 9
Paracetamol 26 ± 11 36 ± 7 10 ± 2 25 ± 3 42 ± 5 74 ± 9
Terbutaline 16 ± 5 25 ± 6 19 ± 4 26 ± 3 48 ± 3 51 ± 5

Flurbiprofen 89 ± 15 120 ± 18 80 ± 14 140 ± 8 52 ± 2 89 ± 10
Naproxen 91 ± 9 118 ± 6 80 ± 13 139 ± 7 54 ± 3 89 ± 11
Diflunisal 90 ± 18 115 ± 7 90 ± 11 159 ± 7 55 ± 3 88 ± 12

Amitriptyline 27 ± 8 58 ± 11 52 ± 11 10 ± 3 25 ± 4 26 ± 5
Imipramine 29 ± 8 88 ± 25 74 ± 10 16 ± 2 59 ± 2 55 ± 8
Diclofenac 103 ± 12 10 5± 3 68 ± 8 76 ± 9 98 ± 6 105 ± 5

Clomipramine 16 ± 7 44 ± 19 60 ± 8 6 ± 1 31 ± 6 16 ± 4
Nadolol 73 ± 6 91 ± 12 59 ± 4 97 ± 17 59 ± 3 67 ± 9
Estrone 63 ± 13 80 ± 15 49 ± 6 67 ± 5 38 ± 3 49 ± 6

17β-estradiol 77 ± 10 86 ± 15 71 ± 11 100 ± 5 45 ± 4 61 ± 8
17α-ethinylestradiol 125 ± 16 130 ± 10 235 ± 14 219 ± 12 101 ± 9 108 ± 10

Estriol 65 ± 7 93 ± 14 64 ± 7 88 ± 7 50 ± 4 71 ± 7

The analyzed pharmaceuticals and EDCs contain polar functional groups (pKa are presented in
Table S2), therefore the acidification of ASE extracts prior to SPE purification could reduce or stop the
dissociation of weak acids and increase the dissociation of weak bases. Oasis HLB cartridges used in
the SPE procedure are stable from pH 0–14, and they are useful for the isolation of acidic, basic, and
neutral analytes. However, modifications of the pH of the loaded sample could strongly influence
the recovery data. For this reason, the effect of the acidification of ASE extracts to pH 2 prior to SPE
purification on the recovery of analytes was also evaluated. Such studies were performed for the most
effective extraction mixture (MeOH:H2O 1:1, v/v; Table 2) which was tested at two temperatures: 80 ◦C
and 50 ◦C. The results are shown in Figure 2.

As we can see (Figure 2), in most cases, the acidification of ASE extracts led to a decrease in
recoveries, both at 80 ◦C and 50 ◦C. It was observed for weak acids such as naproxen, difunisal,
diclofenac), and weak bases (paracetamol, terbutaline, amitriptyline, clomipramine and nadolol; Table
S2). In case of acidification of the ASE extracts obtained at 80 ◦C (Figure 2A) the extraction efficiencies
increased for ibuprofen, imipramine, estrone (E1), 17β-estradiol (E2), 17α-ethinylestradiol (EE2), and
estriol (E3). However, when the ASE procedure was performed at 50 ◦C, these values decreased
significantly for all mentioned compounds (Figure 2B). The extraction efficiencies of polar drugs:
paracetamol (logP 0.46), terbutaline (logP 0.90), and nadolol (logP 0.81), decreased significantly where
the ASE extracts obtained at 50 ◦C were subjected to acidification prior SPE (Figure 2B). Similar results
were observed in our previous study concerning the development of a method for determining NSAIDs
and natural estrogens in the mussel Mytilus edulis trossulus [38]. In summary, based on the obtained
results, the application of the mixture of MeOH:H2O (1:1, v/v) at 50 ◦C without the acidification of
the ASE extract prior to SPE purification was chosen as the most optimal ASE-SPE conditions for the
isolation of target compounds from plant material.

In order to compare the recovery data obtained in this work with those presented by other
scientists for pharmaceuticals and EDCs isolated from plants used in constructed wetlands, we tried to
find the necessary information in all the cited papers [27,33–36]. Unfortunately, the recovery data were
presented only in one of them [35], and only for triclosan, methyl-triclosan, and triclocarban. Nuel and
coworkers [32] stated that drug detection and quantification methodologies had been fully described
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in their paper submitted to the journal Science of the Total Environment (Nuel et al. (2018)), but this
paper was not published (based on data from Scopus; 31.10.2019).

Figure 2. Impact of the acidification of ASE extracts prior to SPE purification on the recoveries of
analytes, carried out at 80 ◦C (A) and 50 ◦C (B), respectively.

2.3. Validation Parameters of the Proposed ASE-SPE-GC-MS(SIM) MetHod for Determining Target
Compounds in Plant Materials

The ASE-SPE-GC-MS(SIM) methodology for the determination of target pharmaceuticals in plant
samples has been validated in accordance with the guidelines described in Section 3.6. The determined
validation parameters are presented in Table 3.
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The coefficient of determination (R2) was in the range of 0.9760–0.9997; the intermediate precision
measurement in the range of 0.05–21.60%. Mean recoveries were between 80% and 102% (Table 3). The
lowest MDL value was recorded for ibuprofen, flurbiprofen, naproxen, diflunisal, diclofenac, and EE2
– 0.4 ng/g d.w.; the highest value of 2 ng/g d.w. was calculated for clomipramine and amitriptyline.
Matrix effects were not significant for most of the analyzed compounds, apart from naproxen (ME
43%). The highest suppression of signals was observed for terbutaline (ME −31%) and flurbiprofen
(ME −20%). Generally, matrix effect values were similar to those presented in our previous studies for
the same target pharmaceuticals isolated from environmental matrices [39].

A comparison of the obtained matrix effect data with those presented by other authors was
not possible because matrix effect values were not included in the cited papers [27,32–36]. The
method quantification limit (MQL) and MDL values were similar to those we presented (Table S1 in
Supplementary Materials).

2.4. Assessment of Bioaccumulation of Selected Pollutants in Hydroponically Cultivated Plants

The determined concentrations of target compounds in three species of hydroponically cultivated
plants (in ng/g dry weight) and the elimination efficiency of pharmaceuticals and EDCs in an MWWTP
with constructed wetlands are presented in Table 4. The elimination efficiency (EE) was calculated
according to Equation (6) described in Section 3.8.

Table 4. Results of determining target compounds in three species of hydroponically cultivated plants
from an MWWTP using the developed ASE-SPE-GC-MS(SIM) method (n = 3), and the elimination
efficiency of these compounds from wastewater in an MWWTP supported by constructed wetlands.

Pharmaceuticals

Cyperus papyru
(Papyrus)

Lysimachia nemorum
(Yellow Pimpernel)

Euonymus europaeus
(European Spindle)

EE

(mean ± SD) [ng/g Dry Weight] %

Ibuprofen 700 ± 28 <MDL 1616 ± 124 99.7
Paracetamol <MDL <MDL <MDL >99.9
Terbutaline <MDL 5323 ± 1869 <MDL >99.9

Flurbiprofen 2107 ± 92 <MDL <MDL >99.9
Naproxen <MDL 1422 ± 216 <MDL 98.9
Diflunisal 1569 ± 321 5569 ± 1298 260 ± 4 35.8

Amitriptyline 404 ± 5 1399 ± 20 435 ± 5 63.4
Imipramine 3533 ± 198 <MDL <MDL -1

Diclofenac <MDL <MDL <MDL -1

Clomipramine <MDL <MDL <MDL 70.4
Nadolol <MDL <MDL <MDL -1

Estrone (E1) <MDL <MDL <MDL 63.5
17β-estradiol (E2) <MDL <MDL <MDL 96.4

17α-ethinylestradiol (EE2) 4126 ± 821 3136 ± 599 214 ± 3 92.5
Estriol (E3) <MDL <MDL <MDL 95.2

1 if drug concentrations were below the MDL value in both untreated and treated wastewater, the elimination
efficiency (EE) was not calculated.

Among the 15 investigated analytes, three NSAIDs (ibuprofen, flurbiprofen, diflunisal), two
antidepressants (amitriptyline, imipramine), and one synthetic hormone (EE2) were found in Papyrus
(C. Papyrus) (Table 4). In the case of the Yellow pimpernel (L. nemorum) species, terbutaline (β2-agonists),
naproxen, and diflunisal as well amitriptyline and EE2 were found. The tissue of the European spindle
(E. europaeus) plant contained ibuprofen, diflunisal, amitriptyline, and EE2. The highest concentrations
were observed for diflunisal and terbutaline determined in Yellow pimpernel (L. nemorum) (5569 ±
1298 and 5323 ± 1869 ng/g d.w., respectively). The concentrations of other target compounds were
below the MDL value (Table 4). Among three determined estrogenic hormones, only EE2 was found in
all the investigated plant species; its concentration was the highest in Papyrus (C. Papyrus) (4126 ± 821
ng/g dry weight); E1 and E2 (natural hormones occurring in living organisms) were not detected in
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any plant tissues. Example chromatograms with marked SIM ions, recorded in this study for real plant
samples, are presented in the Supplementary Materials (Figures S3–S5).

Few studies directly point to the transport or uptake of pharmaceuticals by plants in constructed
wetlands (Table S1 in Supplementary Materials). For example, 0.2% of the initial amount of diclofenac
(1 mg/L) was detected in the roots and leaves of Typha latifolia during one week of exposure (laboratory
system) [36]. Hijosa-Valsero et al. [27] investigated the possibility of the uptake of 18 selected analytes,
including ibuprofen, ketoprofen, naproxen, diclofenac, salicylic acid, caffeine, and carbamazepine by
Typha angustifolia and Phragmites australis plants in constructed wetlands (mesocosm-scale). Ibuprofen,
salicylic acid and caffeine were detected in plant tissues, whereas ketoprofen, naproxen, diclofenac
and carbamazepine were not found in these species. The main substance detected in root tissues
was salicylic acid (123–2560 ng/g). The authors confirmed that T. angustifolia is more suitable for the
removal of the investigated pollutants than Phragmites australis [27]. In another study, performed by
Nuel et al. [32], ibuprofen was found in all the investigated plant samples (Salix alba, Iris pseudacorus,
Juncus effusus, Callitriche palustris, Carex caryophyllea) used in constructed wetlands. According to
Wang et al. [33] the bioconcentration factors (BCFs) in Typha angustifolia of 8 compounds, e.g., caffeine,
carbamazepine, ibuprofen, fluoxetine, gemfibrozil ranged between 60 and 2000. Concentrations of the
determined compounds in plant tissue were up to several hundred ng/g for caffeine. This confirms
that the results obtained in this study are in agreement with the literature data. However, for the first
time, such investigations were performed for Papyrus (Cyperus papyrus), European spindle (Euonymus
europaeus) and Yellow pimpernel (Lysimachia nemorum) taking into account this selected group of
pharmaceuticals and EDCs.

In the study, the obtained elimination efficiency (EE) of the investigated compounds from
wastewater was in the range of 35.8% for diflunisal to above 99.9% for paracetamol, terbutaline and
flurbiprofen (Table 4). For comparison, the literature EE data for ibuprofen, presented in Table S1, are
as follows: 5–88% [40], 96% [41–43], 44–77% [44], 94% [45], 52–85% [46], >99% [47], 51–54% (winter),
85–96% (summer) [48], 42–99% [49]. In our study, this was 99.7%, which confirms that the elimination
efficiency of ibuprofen was comparable or higher than that calculated for other studies. Similar the EE
data for pharmaceuticals is shown also in papers [50–52]. Thus, the obtained results proved the uptake
of the investigated micropollutants by plants allowed an increase in the effectiveness of their removal
from wastewater in such a system.

2.5. Assessment of the Usefulness of Hydroponically Cultivated Plants for Removing Target Compounds from
Sewage Stream

According to the literature data, due to the considerable size of rhizomes and roots, the most
frequently hydroponically cultivated plants are Typha sp. and Phragmites sp. (Table S1 in Supplementary
Materials). In this study, the possibility of using three plants: Cyperus papyrus (Papyrus), Lysimachia
nemorum (Yellow pimpernel), and Euonymus europaeus (European spindle) for this purpose was
examined for the first time. These plant species are very well adapted to growth in MWWTPs and
exhibit the strongest growth during the growing season. In order to assess the usefulness of these
species for removing pharmaceuticals and EDCs from the sewage stream, the sum of the masses of
all the target compounds taken by the tested species was established and the obtained values are
presented in Table 5.

Table 5. The sum of the uptake of selected pharmaceuticals and endocrine disrupting compounds
(EDCs) in ng/g dry weight by tested plant species grown in an MWWTP.

Plant Species Cyperus papyru Lysimachia nemorum Euonymus europaeus

∑
Selected pharmaceuticals and ECDs

[ng/g dry weight]

12,439 16,849 2525
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Therefore, the highest concentration of all target compounds was observed for the Lysimachia
nemorum (Yellow pimpernel) plant (16,849 ng/g d.w.), followed by Cyperus papyrus (Papyrus) (12,439
ng/g d.w.), and the lowest for Euonymus europaeus (European spindle) (2525 ng/g d.w.). Taking into
account the summary uptake of target pharmaceuticals and EDCs by tested plants, the Lysimachia
nemorum (Yellow pimpernel) species is the best for this purpose. The differences in the uptake of
target compounds by these plants are connected to their morphological structures. Euonymus europaeus
(European spindle) has a significant number of woody stems and rhizomes, which means that the
uptake of target compounds by this plant is much lower than by the green parts of the two other tested
species. Thus, the determination of target compounds in untreated wastewater and treated wastewater,
as well as in plant tissues, allowed for establishing which hydroponic cultivation system supported the
wastewater treatment process the most significantly (Tables 3–5).

3. Materials and Methods

3.1. Chemicals and Materials

Pure standards (>98%) of ibuprofen, paracetamol, flurbiprofen, naproxen, diflunisal,
diclofenac sodium salt, nadolol, terbutaline, amitriptyline, imipramine, clomipramine, estrone (E1),
17β-estradiol (E2), 17α-ethinylestradiol (EE2), and estriol (E3), as well as the derivatization reagent
N,O-bis(trimethylsilyl)trifluoroacetamide (BSTFA) containing 1% of trimethylchlorosilane (TMCS) and
pyridine (99.8%) were purchased from Sigma-Aldrich (Steinheim, Germany). Solvents: methanol
(MEOH), ethanol (EtOH), acetonitrile (ACN) were supplied by POCH (Gliwice, Poland), ethyl acetate
(EtOAc) by Sigma-Aldrich, while 37% hydrochloric acid (HCl) for the acidification of extracts was
provided by Chempur (Piekary Śląskie, Poland). Solid-phase extraction (SPE) was performed using
Oasis HLB cartridges (6 mL, 200 mg, Waters Corporation, Miliford, USA).

Standard stock solutions of target compounds (1 mg ×mL−1) were prepared in methanol. All
the stock solutions were stored at –20 ◦C. Working calibration standard solutions were prepared by
diluting the standard stock solutions in the appropriate amount of methanol, and they were stored in
the dark at –20 ◦C.

3.2. MWWTP and Constructed Wetlands Characteristic

The research was carried out at the municipal wastewater treatment plant (MWWTP) in Sochaczew
(Mazowieckie Voivodeship, Poland). In Sochaczew MWWTP, macrophyte cultures are introduced in
combination with an oxygen biological reactor. The efficiency of removing conventional pollution in
Sochaczew MWWTP is high, as presented in Table 6.

Table 6. List of sewage test results in the Municipal Wastewater Treatment Plant in Sochaczew (average
values from 2017).

Factor
Results for Treated

Wastewater
Results for Untreated

Wastewater
The Highest Acceptable

Concentration
Removal
Efficiency

BOD5 3.4 mg/L O2 460 mg/L O2 15 mg/L O2 99.3%
CODCr 32.7 mg/L O2 1144.7 mg/L O2 125 mg/L O2 97.1%
Ntotal 8.8 mg/L 96.7 mg/L 15 mg/L 90.5%
Ptotal 0.2 mg/L 11.9 mg/L 2 mg/L 98.8%

Suspensions 8.6 mg/L 567.5 mg/L 35 mg/L 98.5%
pH 7.2 7.9 - -

BOD5 biochemical oxygen demand (for 5 days). CODCr Chemical Oxygen Demand (using Potassium Dichromate).

Sochaczew MWWTP consists of the following elements: 1◦ mechanical wastewater treatment
(grates with a throughput of 515 m3/h, aerated sand traps with degreasers, aerated at 1.91 m3/min), 2◦
biological wastewater treatment (flow reactor with activated sludge with throughput at 6000 m3/d and
secondary settling tank with active capacity at 1142 m3), sediment trap settling tanks with a diameter
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of 21 m, excessive sludge dewatering station, and lime treatment. The wastewater treatment plant was
designed for 55,925 equivalent number of inhabitants with a maximum daily volume of sewage at
11,636 m3/d.

Constructed wetlands have been implemented in the second stage of wastewater treatment
(biological) as a wastewater polishing treatment system. Wastewater mixed with activated sludge
flows around plants. Contact between the plants and wastewater occurs only in the rhyzophytic zone
(Figure S2, Supplementary Materials). In this way, the green parts do not have contact with the walls
and the benefits are the lack of dieback of the shoots, and faster acclimatization. The plants used in
the constructed wetlands are as follows: Papyrus (Cyperus papyrus), Reed (Phragmites australis (Cav.)
Trin. ex Steud, 1841), Spathiphyllum (Spathiphyllum Adans.), Grey willow (Salix cinerea), Rushes (Juncus
tenageia Ehrh.), Sweet flag (Acorus calamus), Yellow iris (Iris pseudacorus), European spindle (Euonymus
europaeus), Yellow pimpernel (Lysimachia nemorum), and Summer lilac (Buddleja davidii Franch).

3.3. Sampling Sewage and Plants from Constructed Wetland

The samples of untreated and treated sewage were collected in November 2017 into 2.5 L amber
glass bottles. Raw sewage samples were taken before mechanical treatment, and treated sewage
samples were collected at the outlet to the Utrata River. In the laboratory, the sewage samples were
filtered under pressure using a 0.45 μm nylon filter and frozen at −20 ◦C until analysis. A list of
the monitored pharmaceuticals and EDCs with physical and chemical properties is included in the
Supplementary Materials in Table S2.

At the same time, samples of the plants used in the constructed wetlands were collected. Only
parts which had no contact with sewage were collected to confirm the migration of pharmaceuticals
to green tissue. The plants were washed under tap water, separated and dried for 3 days at room
temperature (~23 ◦C). Finally, the plants were dried at 60 ◦C for 3 hrs in a heating oven (Pol-Eko
Apparatures sp.j., Wodzisław Śląski, Poland). The dried plants were homogenized using a mechanical
blender (Kenwood, Havant, UK), and frozen at −20 ◦C until analysis. The average water content in
Cyperus papyrus, Lysimachia nemorum and Euonymus europaeus, determined based on the weight of the
sample before and after desiccation, was 75.4%, 64.7%, and 68.5%, respectively.

3.4. Determination of Selected Pharmaceuticals and Endocrine Disrupting Compounds in Treated and
Untreated Sewage

Pharmaceuticals and endocrine disrupting compounds were extracted from treated and untreated
sewage using SPE on Oasis HLB cartridges (3 mg, 6 mL) according to a previously optimized and
validated procedure [53]. Each cartridge was preconditioned with 3 mL of EtOAc, 3 mL of MeOH,
and 3 mL of distilled water adjusted to pH 2 with 1 M HCl. A liquid sample (250 mL of wastewater
adjusted to pH 2 with 1 M HCl) was passed through a cartridge at a flow rate of ~5 mL min−1 using a
vacuum manifold. After loading the sample, the cartridge was flushed with 10 mL of an MeOH:H2O
(1:9, v/v) mixture and subsequently air-dried under a vacuum for 30 min. The adsorbed analytes
were eluted with 6 mL of MeOH and dried completely under nitrogen gas in order to be derivatized.
Derivatization was carried out using 100 μL of a mixture of 99% BSTFA/1% TMCS and pyridine (1:1,
v/v) [53]. After shaking for 30 s, the reaction vials were placed in a heating block for 30 min at 60 ◦C.
The standards of pharmaceuticals were derivatized using the same procedure. The samples were
analyzed using the GCMS-QP 2010 SE Shimadzu System (Shimadzu, Kyoto, Japan) with an AOC-5000
autosampler. The separation of analytes was done using a Zebron ZB-5MSi fused-silica capillary
column (30 m, 0.25 mm I.D., 0.25 μm film thickness, Phenomenex). The injection port temperature
was 300 ◦C and 1 μL samples were injected in the splitless mode (1 min). The carrier gas was helium
(100 kPa). The oven temperature programme was: 120 ◦C for 1 min, from 120 ◦C to 300 ◦C at 6 ◦C/min,
and finally, 4 min at 300 ◦C (total 35 min). The transfer line was held at 300 ◦C. The scan time was 0.3 s.
The parameters used for identifying analytes: retention time, quantitative ions, and conformation ions,
and applied time windows for selected analytes are shown in Table 7.
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Table 7. Retention parameters (time allowed change ± 0.15 min), time windows, and SIM ions
for trimethylsilyl (TMS)-derivatives of target compounds (quantitative ions are marked in bold;
confirmation ions with intensity relative to quantitative ions (%)).

Identification Parameters/
Pharmaceuticals

Retention Time (Rt) [min]
Characteristic Ions (m/z) (Quantitative

and Confirmation Ions)
Time Windows [min]

Ibuprofen 10.39 160; 263(18); 278(10)
10.01–13.52

Paracetamol 10.64 206; 280(90); 295(60)

Terbutaline 16.20 86; 356(47)

13.52–19.88
Flurbiprofen 17.01 180; 165(85); 301(25)

Naproxen 18.36 185; 243(80)
Diflunisal 18.88 379; 380(30)

Amitriptyline 20.64 58; 215(30)
19.88–22.50Imipramine 21.09 243; 58(60); 195(40)

Diclofenac 21.73 214; 242(50); 352(12); 367(25)

Clomipramine 23.90 268; 314(25)
22.50–25.63

Nadolol 24.53 86; 73(8); 510(33)

Estrone (E1) 26.48 342; 257(50); 285(36); 327(10)
25.63–27.97

17β-estradiol (E2) 27.11 416; 285(90)

17α-ethinylestradiol (EE2) 28.59 425; 440(35) 27.97–29.30

Estriol (E3) 29.77 504; 311(81) 29.30–30.39

3.5. Development of the Analytical Method for Determining Target Compounds in Plant Materials

An Accelerated Solvent Extraction (ASE) technique with purification of the obtained extracts by
SPE was applied for extracting the pharmaceuticals and EDCs from plant tissues. The ASE extraction
was performed using a DIONEX ASE 350 (Dionex Corp., Sunnyvale, CA, USA). Three solvent mixtures
(MeOH:H2O 1:1 v/v; EtOH:H2O 1:1 v/v: ACN:H2O 1:1 v/v) were applied at two different temperatures
(50 ◦C and 80 ◦C) for the ASE extraction of the analytes. Moreover, the obtained extracts, prior to SPE
purification, were acidified to pH ~2 as well as being investigated without acidification. In each tested
condition, the concentration of the target pharmaceuticals and EDCs in spiked plant samples was
1000 ng/g d.w.

A cellulose filter (19.8 mm, Dionex Corp.) was placed on the bottom of a 33-mL stainless steel
extraction cell. The cell was filled with 3 ± 0.01 g of diatomaceous earth (on the cellulose filter). Then,
1 ± 0.01 g of spiked and non-spiked homogenous plant tissues was added. Next, the dead volume of
the cell was filled with diatomaceous earth. Each extraction was carried out at constant parameters:
heating time 5 min, static time 3 min in 3 cycles, and a 10% purge of 50 s. The extraction pressure was
set to 1500 psi. The total extraction time was 18.5 min and the extraction volume was 26 ± 0.1 mL. A
total of 5 mL of ASE extract was dissolved in deionized water and subjected to purification using SPE
under the conditions presented in Section 3.4. A minimum of three samples for each tested parameter
were prepared, and each sample was analyzed a minimum of three times.

3.6. Validation of the Proposed Method for Determining Target Compounds in Plant Species

The validation of the analytical method for determining target compounds in plant species
was carried out using the matrix-matched calibration solutions and working calibration standard
solutions in accordance with the guidelines of the International Vocabulary of Metrology [54].
The matrix-matched calibration solutions were prepared by spiking samples with eight different
concentrations of pharmaceuticals and endocrine disrupting compounds in a range of 19.5–2500 ng/g
d.w. Calibration curves were based on the external method, and they were obtained by plotting the peak
area for each analyte against its concentration. The linearity, correlation coefficient (R2), intermediate
precision measurement (expressed by RSD, n = 3), and mean recovery (MR) were established according
to procedures described in our previous paper [55]. Briefly, the mean recovery of the analytical method
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was determined based on the known concentrations of target compounds in the tested samples (Cknown)
and the concentrations determined by the analysis (Cdetermined) using Equation (1):

MR = (Cdetermined/Cknown) × 100% (1)

The method quantification limit (MQL) was determined using Equation (2):

MQL = (IQL × 100%)/(CF × AR) (2)

whereas the method detection limit (MDL) using Equation (3):

MDL =MQL/3 (3)

where IQL is the instrumental quantification limit, CF is the concentration factor, and AR is the absolute
recovery of analytes (%).

The matrix effect (ME) and absolute recovery (AR) were determined according to procedures
described by Caban et al. [56] using Equation (4) and Equation (5), respectively:

ME = ((B − D/A) − 1) × 100% (4)

AR = ((C − D)/A) × 100% (5)

where A is the peak area of the analyte recorded for the standard solution, B is the peak area of the
analyte recorded for the sample spiked with the target compound after extraction, C is the peak area of
the analyte recorded for the sample spiked with the target compound before extraction, and D is the
peak area of the analyte recorded for the non-spiked sample (blank sample).

3.7. Application of the Proposed Method for Determining Target Compounds in Hydroponically Cultivated
Plants

The optimized and validated ASE-SPE-GC-MS(SIM) method was used to determine 15 target
compounds in 3 species of plants (Papyrus (Cyperus papyrus), European spindle (Euonymus europaeus),
Yellow pimpernel (Lysimachia nemorum)) used in the constructed wetlands in Sochaczew MWWTP.
These species were chosen due to their best adaptation to growth in the MWWTP. In addition, the
mentioned plants exhibit the strongest growth during the growing season, which affects the transport
of pollutants to plant tissues.

3.8. Evaluation of the Effectiveness of Removing Pharmaceuticals and Endocrine Disrupting Compounds in
MWWTP Sochaczew

Concentrations of pharmaceuticals and EDCs in treated and untreated sewage were used to
determine the elimination efficiency (EE%) from the wastewater stream in the MWWTP. The elimination
efficiency factor was calculated using Equation (6):

EE% = (Cuntreated − Ctreated)/(Cuntreated) × 100% (6)

where Cuntreated is the measured concentration of the pharmaceutical in untreated sewage samples, and
Ctreated is the measured concentration of the pharmaceutical in treated sewage samples. This parameter
allowed for establishing the effectiveness of removing pharmaceuticals in a municipal treatment plant
supported by constructed wetlands.

4. Conclusions

In this study, the analysis of the possibility of using hydroponic cultivation for the removal of
15 pharmaceuticals and endocrine disrupting compounds in municipal wastewater treatment plants
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is presented. For the first time, three plants: Cyperus papyrus (Papyrus), Lysimachia nemorum (Yellow
pimpernel), and Euonymus europaeus (European spindle) were considered. In order to obtain the
most reliable data, the investigation was performed using real MWWTP conditions and with the
determination of target compounds not only in raw and treated wastewater, but also in plant materials.
The determination of target compounds in raw and treated wastewater samples was performed using
a previously proposed method [53]; however, for determining target compounds in plant materials,
in this study, a new ASE-SPE-GC-MS(SIM) method was developed and validated. The application
of a mixture of MeOH:H2O (1:1, v/v) at 50 ◦C without the acidification of the ASE extract prior to
SPE purification was found to be the most optimal ASE-SPE conditions for the isolation of target
compounds from plant material. The MQL values of the proposed method were in the range of 0.4
ng/g d.w. to 2 ng/g d.w.; the intermediate precision measurement was in the range of 0.05 to 21.60%;
the mean recoveries in the range of 80% to 102%. Among the 15 investigated, 5 analytes were found
in Papyrus (C. Papyrus); 5 target compounds in Yellow pimpernel (L. nemorum), and 4 in the tissue
of the European spindle (E. europaeus) plant. The highest concentration of all target compounds was
observed for Lysimachia nemorum (Yellow pimpernel), therefore, taking into account the summary
uptake of target pharmaceuticals and ECDs by the tested plants, this species is the best for supporting
conventional MWWTPs. The obtained data proved that the elimination efficiency of the investigated
compounds from wastewater was in the range of 35.8% to 100%. Thus, the application of constructed
wetlands for supporting conventional MWWTPs allowed a significant increase in their removal from
the wastewater stream.

Establishing which plants effectively cumulate certain types of compounds is useful for designing
effective constructed wetlands. Moreover, in the future, the proposed method for determining
pharmaceuticals and EDCs in plant materials could be used for assessing the quality of food of plant
origin in the cultivation of which sewage sludge or purified sewage was used.

Supplementary Materials: The following are available online. Table S1 Literature data concerning studies of the
usefulness of hydroponically cultivated plants for removing target compounds from the sewage stream; Table
S2 Chemical structures and physical and chemical properties of selected non-steroidal anti-inflammatory drugs
(NSAIDs), analgesics, β-blockers, β-agonists, antidepressant drugs, and estrogen-based hormones; Figure S1
The mass spectra of target compounds with the MS fragments assignation; Figure S2 Activated sludge chamber
with a system of constructed wetlands in the investigated Municipal Wastewater Treatment Plant in Sochaczew
(Mazowieckie Voivodeship, Poland); Figure S3 Example chromatogram with marked SIM ions for the determined
target compounds in real Papyrus (Cyperus papyrus) samples; Figure S4 Example chromatogram with marked
SIM ions for the determined target compounds in real Yellow pimpernel (Lysimachia nemorum) samples; Figure S5
Example chromatogram with marked SIM ions for the determined target compounds in real European spindle
(Euonymus europaeus) samples.
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5. Wagil, M.; Maszkowska, J.; Białk-Bielińska, A.; Caban, M.; Stepnowski, P.; Kumirska, J. Determination
of metronidazole residues in water, sediment and fish tissue samples. Chemosphere 2015, 119, A28–A34.
[CrossRef] [PubMed]

6. Kumirska, J.; Migowska, N.; Caban, M.; Łukaszewicz, P.; Stepnowski, P. Simultaneous determination of
non-steroidal anti-inflammatory drugs and oestrogenic hormones in environmental solid samples. Sci. Total
Environ. 2015, 508, 498–505. [CrossRef]
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Abstract: The present study aimed to evaluate the effect of the most common antidepressants on
aquatic protozoa. Spirostomum ambiguum was used as the model protozoan. The biological activity of
four antidepressants, namely fluoxetine, sertraline, paroxetine, and mianserin, toward S. ambiguum
was evaluated. Sertraline was found to be the most toxic drug with EC50 values of 0.2 to 0.7 mg/L.
The toxicity of the antidepressants depended on the pH of the medium and was the highest in
alkaline conditions. Sertraline was also the most bioaccumulating compound tested, followed by
mianserin. Slow depuration was observed after transferring the protozoa from the drug solutions
to a fresh medium, which indicated possible lysosomotropism of the tested antidepressants in the
protozoa. The biotransformation products were identified using a high-resolution mass spectrometer
after two days of incubation of the protozoa with the tested antidepressants. Four to six potential
biotransformation products were observed in the aqueous phase, while no metabolites were detected
in the protozoan cells. Because of the low abundance of metabolites in the medium, their structure
was not determined.

Keywords: Spirotox; fluoxetine; sertraline; paroxetine; mianserin; pharmaceuticals in the environment

1. Introduction

Protozoa play an important role in the aquatic food web as primary consumers. They are common
in surface waters and activated sludge in waste-water treatment plants (WWTP), where they feed on
bacteria and may ingest pollutants directly from water. Spirostomum ambiguum is one of the largest
ciliated protozoa with long generation time of about 70 h. It tolerates pH changes from 5.5 to 8.0, can be
cultured in laboratory, and stored in an inorganic medium for at least eight days [1]. Thus, it is a very
convenient organism and has been used in ecotoxicological studies for more than 25 years [1–3].

Antidepressants are one of the major group of pharmaceuticals used worldwide. Sertraline,
fluoxetine, and paroxetine, belonging to the most commonly used selective serotonin re-uptake
inhibitors (SSRIs), were ranked 14, 31, and 68, respectively, on the top 300 best-selling drugs in 2020
with 38.3, 21.9, and 11.7 million prescriptions, respectively, in the U.S. in 2017 (www.clincalc.com,
accessed: 7 February 2020). Mianserin is an atypical, tetracyclic antidepressant used for the treatment
of major depressive disorders. Antidepressants, as with other pharmaceutically active compounds
(PhACs), are released into freshwaters mainly with waste-water, and they have been detected in
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effluents, freshwaters, and even drinking waters in many countries [4–9]. Mole and Brooks [10] wrote
a comprehensive review of the occurrence of SSRIs in the environment. They found that fluoxetine,
citalopram, paroxetine, and sertraline, and their main metabolites norfluoxetine and norsertraline were
the most commonly detected antidepressants. Their concentrations in influents and effluents were up
to several μg/L. SSRIs have been identified not only in water and sediments but also in fish caught
in the effluent waste streams and in molluscs and fish tissues commonly consumed by humans [11].
Most of the SSRIs are slowly degraded under the influence of both biotic and abiotic factors, and due
to the continuous discharge are called pseudo-persistent contaminants [11].

High biological activity of antidepressants, especially SSRIs, has been reported for algae [12]
and crustaceans and fish [11]. In short-term acute toxicity tests, the EC50 values ranged from 0.2 to
10 mg/L [11,12]. However, in chronic toxicity assays, the lowest observed effect concentration (LOEC)
values were much lower, as low as 0.0136 mg/L for Pseudokirchneriella subcapitata [12]. Moreover,
SSRIs are considered to be potentially bioaccumulative [13]. They were detected in fish [14,15] and
bivalve [16] tissues. Sertraline was the most bioaccumulating compound in the effluent reach stream [17].
Its bioaccumulation factor (BCF) in two benthic organisms Hydropsyche sp. and Erpobdella octoculata
ranged from 920 to 2100 L/kg and was close to the predicted value. There is a lack of knowledge
of the response of protozoa to PhACs, probably due to their small size that entails the use of more
sophisticated research techniques.

The analysis of the occurrence of PhACs and their human metabolites in the environment has
been restricted to compounds with standards available in the market [8,10,18]. With the development
of new analytical mass spectrometers, i.e., Quadrupole time of flight (QTOF) working in all ion MS/MS
modes and high-resolution Orbitrap™, it has become possible to detect a huge amount of non-target
PhAC metabolites and transformation products [18,19] not only of human origin but also of microbial
origin. However, neither PhAC nor their metabolites have yet been reported for their effect on protozoa.
Some antidepressant metabolites, e.g., norfluoxetine, have even higher biological activity as parent
compounds [20]. Thus, to recognize the complete risk of drugs occurring in the aquatic environment,
it is important to know both biotic and abiotic transformation of these compounds.

The present study aimed to evaluate the biological activity of four antidepressants,
namely fluoxetine, sertraline, paroxetine and mianserin, on the ciliated protozoan S. ambiguum.
Our comprehensive study included analysis of acute toxicity, bioconcentration, and biotransformation.
Acute toxicity was evaluated with the prolonged, seven-day Spirotox assay. As the tested compounds
ionize in water solution, three pH levels from the range of the pH of natural freshwaters (6.0, 6.5 and
7.4) were tested, and the relationship between pH and toxicity was discussed. The bioconcentration of
the tested pharmaceuticals was analyzed in the six days uptake followed by six days depuration phases,
while the biotransformation products were identified after two days of incubation of the protozoa with
the tested antidepressants. In the bioconcentration tests, high-performance liquid chromatography
(HPLC) with the mass spectrometer detector QTRAP™ was used, while in the biotransformation
tests, UPLC with MS/MS Orbitrap™was applied with post facto analysis performed by Compound
Discoverer Software (Thermo Fisher Scientific, Waltham, MA). To the best of our knowledge, this is the
first study on the bioaccumulation and possible biotransformation of PhACs by protozoa.

2. Results

2.1. Toxicity

The protozoan S. ambiguum could be stored in an inorganic medium for a long time without losing
its viability; thus, the Spirotox test could be prolonged up to seven days. In all tests, the toxic effect
percent in the negative control was less than 10%; thus, the results of the tests were valid.

Sertraline was the most toxic antidepressant in all the tested approaches, with EC50 in the range
of 0.2–0.7 mg/L (Figure 1 and Table A1). Paroxetine and fluoxetine were three-fold, while mianserin
was 10-fold less toxic than sertraline. The tested compounds were acutely toxic to S. ambiguum, as the
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LC50 and EC50 values were close to each other. This implies that sublethal effects quickly became
lethal ones. Moreover, in most cases, the EC20 values were less than two times lower than EC50

values (Table A1). Only for fluoxetine and mianserin tested at pH lower than seven, the EC50 to EC20

ratio was higher than two. EC20 is a threshold value that indicates the threat to the population of
the tested organism. This implies that the EC50 value is a good predictive value that can be used to
predict the effects of the substances on an entire population. As expected, the toxicity increased with
the time of incubation, and the seven-day values were much lower than the one- and the two-day
values. The toxicity also depended on the pH of the medium. S. ambiguum could be tested in a
wide range of pH from 5.5 to 8.0. The toxicity was measured at three pH values 6.0; 6.5 and 7.4 to
imitate natural freshwaters. For all tested antidepressants, an increase in toxicity was observed with
increasing pH. For SSRIs, the step change can be seen between pH 6.0 and 6.5, while for mianserin, the
toxicity increased gradually with the increase in pH, especially after one and two days of incubation.
The relationship between toxicity and pH of the medium was previously reported for nitrophenols [21],
and to the best of our knowledge, this relationship has not been tested for pharmaceuticals thus far.
The toxicity-to-water pH relationship has two consequences. First, the pH of the water should be more
strictly defined in the ecotoxicity guidelines to prevent high variability of the results. The present data
indicate that the pH shift by only one unit may result in a significant change in toxicity. Second, pH
of the water and effluent should be considered in the environmental risk assessment of the ionizable
compounds. The tested antidepressants are cationic amphiphilic drugs that ionize in acidic solutions,
and the bioavailability of the ionized form of the compound is lower than that of the non-ionized one.
For many amphiphilic compounds, the biological activity may be predicted using the pH-dependent
water/octanol partition coefficient (log D) instead of log P. Taking into account the whole group of
compounds tested there was no correlation between the toxicity of the antidepressants to S. ambiguum
and lipophilicity expressed by both log P and log D coefficients (Table 1). Thus, their biological activity
cannot be explained by the simple non-polar and polar narcosis mechanism of action [22]. The tested
drugs inhibit neurotransmitter’s (serotonin) re-uptake in vertebrate’s tissues. Minguez et al. [23]
reported the correlation of SSRI toxicity towards Daphnia with the log P coefficient. However, they
also observed irreversible cell lysis in the abalone hemocytes, probably due to interactions between
the drugs and lysosomal membrane phospholipids [23]. As vacuolization was the first symptom of
toxicity of the tested compounds in S. ambiguum, we expected that such interactions also occur in
protozoa and are the main reason of toxic effects.

Table 1. Physicochemical characteristics of the tested antidepressants.

Fluoxetine Paroxetine Sertraline Mianserin

O

F

F
F

NH
CH3
O

O

O

N
H

F

NH
CH3

Cl

Cl

N

N

CH3

pKa 9.80 9.77 9.85 6.92
Log P 4.09 3.15 5.06 3.83

Log D; pH = 6.0 1.23 0.01 2.17 2.38
Log D; pH = 6.5 1.33 0.11 2.17 2.84
Log D; pH = 7.4 1.81 0.61 2.23 3.50

pKa: acid dissociation constant obtained from www.drugbank.ca; Log P: Octanol-water partition coefficient obtained
from www.drugbank.ca; Log D: pH-dependent octanol-water partition coefficient calculated with logD predictor
(KLOP algorithm, MarvinSketch 15.2.23. software (https://disco.chemaxon.com/apps).
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Figure 1. Toxicity of tested antidepressants in Spirotox test after 1, 2, and 7 days incubation (EC50

expressed in mg/L).

Antidepressants, especially sertraline, are very potent against parasitic protozoa with IC50 of
0.16 mg/L and 0.24 mg/L for Plasmodium falciparum and Trypanosoma brucei rhodosiensis, respectively,
and are considered to be applicable in the treatment of relevant tropical diseases caused by these
parasites [24]. Palit and Ali [25] reported high activity of sertraline against another parasite
protozoan Leishmania donovani. They hypothesized that sertraline induces cell apoptosis by lowering
adenosine triphosphate (ATP) levels, resulting in a reduction in oxygen consumption. However, more
research is needed to prove this hypothesis and to determine the mode of action of antidepressants
towards protozoa.

The protozoan S. ambiguum appeared to be comparably sensitive as other organisms used in acute
toxicity bioassays. Similar to our results, sertraline was reported to be the most toxic antidepressant
to crustaceans with 48-h LC50 of 0.12 mg/L for Ceriodaphnia dubia [26], 24-h LC50 of 0.6 mg/L for
Thamnocephalus platyurus [27] and 48-h EC50 of 0.92 mg/L for Daphnia magna [28]. Slightly lower
toxicity was reported for fluoxetine, ranging from 0.23 and 0.82 mg/L for C. dubia and D. magna [12]
to 0.85 mg/L for T. platyurus [29]. Contrary to the previous two antidepressants, paroxetine was
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10-fold less toxic to D. magna (6.3 mg/L) [28] than to C. dubia (0.58 mg/L) [26]. Very little information is
available for mianserin. Wawryniuk et al. [30] reported 24-h LC50 of 1.8 mg/L for T. platyurus, while
Minguez et al. [23] showed 48-h EC50 of 7.81 mg/L for D. magna. Similar acute toxicity data were
reported for fish: 48-h LC50 of 0.198 mg/L for fluoxetine towards Pimephales promelas [31] and 96-h
LC50 of 0.38 mg/L for sertraline towards Oncorhynchus mykiss [27]. These values are 2–3 orders of
magnitude higher than the levels of antidepressants detected in municipal effluents and freshwaters,
and therefore, the acute toxicity effect is not expected in the environmental samples.

2.2. Bioaccumulation

To evaluate bioaccumulation of the tested antidepressants in protozoa, S. ambiguum was incubated
with the antidepressants at three concentrations: low (10 μg/L), medium (25 μg/L), and high (100 μg/L)
for six days uptake phase, followed by six days depuration phase.

Whole-body internal concentrations based on the parent compound were measured.
The concentrations of the compounds inside the protozoa and in the medium were determined
four times in each research phase. The results of the concentration of the tested antidepressants in
S. ambiguum cells and in the medium are shown in Figure 2 and Table A2, while the BCF values
are presented in Figure 3 and Table A3. From the internal concentration data, it can be concluded
that uptake and elimination kinetics vary greatly between the tested pharmaceuticals. S. ambiguum
accumulated significant amounts of sertraline and mianserin, but different bioaccumulation scenarios
were observed in each case and for each drug concentration. The concentration of sertraline in the
protozoan cells increased gradually during the uptake phase for low and medium drug concentration.
For the highest level tested, the highest sertraline concentration was determined after 24 h, followed
by a gradual decrease in its concentration. In the depuration phase, the sertraline intracellular
concentration remained at a high level, falling by only 40% of the highest concentration (all tested
concentrations). Mianserin reached its highest concentration in S. ambiguum cells after two days of
incubation. After six days, its level dropped to 60–70% and then gradually decreased in the depuration
phase. Fluoxetine and paroxetine were not accumulated inside the protozoan cells, and their BCF
values during the uptake phase never exceeded 1000 L/kg, while for mianserin and sertraline, the BCF
values reached much higher at 4939 and 34,092 L/kg, respectively. The U.S. Environmental Protection
Agency has established a BCF ranging from 100 to 1000 L/kg to indicate a medium concern for
bioaccumulation [13]; compounds with BCF > 1000 L/kg are considered to be highly bioaccumulating.

The bioaccumulation of SSRIs has been reported in invertebrates and fish by many
authors [17,32–34], and the results varied depending on the species. The BCF for sertraline calculated by
Grabicova et al. [17] for E. octoculata and Hydropsyche sp. was higher than 2000 L/kg, while Du et al. [32]
found that the BCF value for Planorbid sp. was only 990 L/kg. These values were an order of magnitude
lower than our results obtained for S. ambiguum. The largest spread of results was published for
fluoxetine. The value close to our value was obtained by Franzellitti et al. [33] in the marine mussel
Mytilus galloprovincialis; after seven days of treatment at the concentrations of 30 and 300 ng/L, the BCF
ranged from 200 to 800 L/kg. A higher value of 3000 L/kg was reported by Du et al. [32] for Planorbid
sp. In contrast, Meredith-Williams et al. [34] obtained quite different BCF values of 185,900 L/kg and
1387 L/kg in freshwater shrimp (Gammarus pulex) and the water boatman (Notonecta glauca), respectively.
According to these authors, the 2–3 orders of magnitude higher BCF values for fluoxetine in G. pulex
resulted from the limited depuration in these animals. Our results (Figures 2 and 3) also indicate low
depuration of the tested pharmaceuticals from S. ambiguum. In the most cases, after transferring the
protozoa to a fresh medium, the intracellular concentration decreased only 2–3 times. The differences in
the degree of uptake across the different organisms may be due to differences in the mode of respiration,
behavior, and pH of the test system. Moreover, the BCF values are reduced as organism size increases
and increase with increasing lipid content [34,35]. However, Rubach et al. [36] found no relationship
between lipid content and chlorpyrifos uptake in all 15 species of fish they tested. Lipophilicity is
the most often used criterion for predicting the bioaccumulation potential. According to European
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guidelines on environmental risk assessment of medicinal products for human use [37], all drug
substances with log P > 4.5 should be considered to be potentially persistent and should be screened
for bioaccumulation; however, OECD uses lower criteria of only log P > 3 [38]. Based on the calculated
log P values, Howard and Muir [13] classified sertraline, fluoxetine, and paroxetine as potentially
bioaccumulative. However, at neutral pH, the log D values are much lower than log P values (Table 1),
and this can explain such low BCF values for fluoxetine (log D: 1.23–1.81) and paroxetine (log D:
0.01–0.61). Grabicova et al. [17] showed that the antidepressive drug citalopram tended to accumulate
in organisms, and the extent of accumulation was equivalent to the extent of metabolic transformation
and removal from the body.

Figure 2. Concentration of tested antidepressants in S. ambiguum cells [μg/g].
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Figure 3. Bioconcentration factor expressed as the ratio of concentration of tested antidepressants in
S. ambiguum cells to the concentration in water.

After transferring S. ambiguum to a clean solution, very slow elimination was observed, and the
drugs were detected inside the cells at concentrations up to 11,000 higher than that in the water phase
(Figure 3 and Table A3). This indicates that the protozoa were unable to excrete the accumulated
antidepressants. The bioaccumulation of drugs in subcellular organelles may eventually result in
phospholipidosis and alkalinization of the lysosomes [39]. Two mechanisms are responsible for the
accumulation of the basic amphiphilic compounds in cells: binding to phospholipids and lysosomal
trapping [40]. The cell membrane and membranes of cellular organelles are permeable to non-ionized
compounds [39]. The most acidic pH of protozoa food vacuoles ranges between 3.5 and 4.0. In these
conditions, all the tested antidepressants became protonated and cannot pass through the membrane
back to the cytosol, which may result in their accumulation within the lysosomes [39]. This phenomenon
is called lysosomotropism and has been found in different mammalian cells [39–41]. However, to the
best of our knowledge, it has not yet been studied in protozoa. The degree of ion trapping depends on
membrane permeability, the pH gradient between the cytosol and lysosome, and physicochemical
properties of the compound such as pKa [41]. In our present study, vacuolization of the protozoan
cells was observed after six days of incubation with the highest tested concentration of sertraline
(100 μg/L) (date not presented). This suggests an effect of the drug on vacuole membrane; however,
this hypothesis needs to be confirmed in future research.
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2.3. Biotransformation

To evaluate biotransformation, the protozoan S. ambiguum was incubated with the antidepressant
solution (100 μg/L) in darkness for two days. The Orbitrap™ high-resolution UPLC-MS/MS was used
to determine the potential metabolites of the antidepressants in both medium and the protozoan cell.
The tentative metabolites of the antidepressant were detected by Compound Discoverer Software
(Thermo Fisher Scientific).

The tests were performed twice, and the relative area of the chromatogram peaks are presented
in Table 2. The chromatograms of the tested samples were compared to that of the control samples.
The peaks observed in two replicates of the samples and not visible in two controls were shown.
The predicted transformation products and the difference between the measured and theoretical mass
are given. As controls, the antidepressant solutions without the protozoa were incubated under
the same conditions. No transformation products were observed in the control samples (data not
presented), which confirms the previous findings that these compounds are stable in the aquatic
environment [42,43]. Derivatives of only two drugs (fluoxetine and paroxetine) were detected in
the protozoa homogenates, whereas four to six transformation products were observed in aquatic
media for each antidepressant. The very low levels inside the protozoan cells may be caused by
the method of sample preparation. Because of their very low volume, the cell homogenates were
analyzed without any enrichment techniques, while the medium was concentrated 100-fold by passing
it through Hydrophilic-Lipophilic Balance (HLB) cartridges. The lack of metabolites inside the cells
could also be caused by their better solubility in water, high elimination rate from the cells, and lower
bioconcentration in the cells than those of the parent compounds.

Table 2. Biotransformation of the tested antidepressants by S. ambiguum. Relative abundance of
the compounds in the protozoan S. ambiguum and in the medium after two days incubation of the
protozoans with the parent compounds. The test was performed in duplicate.

[M/z]
Molecular

Weight
Delta
[ppm]

RDB
RT

[min]
Formula

Relative to
the Parent

Compound

Area of the Chromatographic Peak

Medium S. ambiguum

264.1626 264.1621 2.0 10.0 10.13 C18H20N2 Mianserin 25,474 31,693 32,427 28,085

294.1365 294.1363 0.7 11.0 11.16 C18H20N2O2 +O2 48 59 - -
280.1579 280.1570 3.1 10.0 10.23 C18H20N2O +O 478 324 - -
278.1424 278.1414 3.5 11.0 12.34 C18H18N2O +O; -H2 180 351 - -
266.1416 266.1414 0.6 10.0 11.12 C17H18N2O +O; -C H2 12 10 - -
250.1474 250.1465 3.7 10.0 12.34 C17H18N2 -C H2 25 57 - -

309.1342 309.1335 2.3 8.0 10.62 C17H18F3NO Fluoxetine 20,004 33,119 9485 8925

527.3015 527.3006 1.7 12.0 11.99 C32H40F3NO2 +C15 H22 O 314 131 - -
372.1786 372.1781 1.4 6.5 10.56 C19H25F3NO3 +C2 H7 O2 21 11 4 -
365.1603 365.1597 1.7 9.0 13.76 C20H22F3NO2 +C3 H4 O 12 15 - -
351.1445 351.1441 1.1 9.0 13.26 C19H20F3NO2 +C2 H2 O 74 103 - -
337.1290 337.1284 1.8 9.0 13.18 C18H18F3NO2 +C O 200 189 - -
147.1048 147.1043 3.5 5.0 10.62 C10H13N -C7 H5 F3 O 2360 1179 338 324

329.1423 329.1422 0.3 10.0 10.33 C19H20FNO3 Paroxetine 12,009 405 1965 2588

547.3101 547.3092 1.6 14.0 11.77 C34H42FNO4 +C15 H22 O 140 12 - -
371.1537 371.1527 2.6 11.0 12.83 C21H22FNO4 +C2 H2 O 157 95 - -
357.1373 357.1371 0.6 11.0 12.72 C20H20FNO4 +CO 201 125 - -
343.1578 343.1578 0.0 10.0 10.39 C20H22FNO3 +CH2 102 50 52 44
209.1216 209.1210 3.0 5.0 3.51 C12H16FNO -C7 H4 O2 38 24 - -

305.0733 305.0733 0.0 9.0 10.66 C17H17Cl2N Sertraline 45,092 14,502 46,409 37,880

523.2410 523.2403 1.3 13.0 12.45 C32H39Cl2NO +C15 H22 O 134 34 - -
333.0687 333.0682 1.4 10.0 14.11 C18H17Cl2NO +CO 85 186 - -
321.0688 321.0682 2.0 9.0 10.05 C17H17Cl2NO +O 36 95 - -
305.0374 305.0369 1.7 10.0 14.29 C16H13Cl2NO +O; -C H3 46 15 - -

Five mianserin derivatives were observed in the tested samples, and these were N-demethylation
and oxidation products (Table 2). The major mianserin metabolites that are formed in the liver in
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humans are N-desmethylmianserin, 8-hydroxymianserin and mianserin N-oxide (www.drugbank.ca).
Similar products, formed probably by oxidation and oxidative desmethylation, were observed for
sertraline, but not fluoxetine (Table 2). Because of the low abundance of these compounds, it was not
possible to confirm their structure by fragmentation. Three main sertraline metabolites have been
reported in humans: desmethylsertraline, sertraline ketone and sertraline N-carbamoyl glucuronide [44].
In humans, fluoxetine and sertraline are mainly metabolized to N-desmethyl products, which retain
their pharmacological activity [18]. N-desmethyl metabolites were also found in aquatic organisms.
Silva et al. [18] presented several findings on the occurrence of norfluoxetine and norsertraline in many
freshwater fish. These metabolites are more stable than their parent compounds and less polar; thus,
their levels in many cases were higher than those of their parent compounds, especially in the liver
and brain. However, the authors did not provide the source of these metabolites in aquatic organisms.
In organisms collected from the environment, the most probable source of these compounds was
the accumulation of metabolites of human origin. Only laboratory tests can prove the occurrence of
biotransformation processes in aquatic organisms. Rodriguez et al. [45] detected residual norsertraline
in crab cultures incubated with sertraline for two days. Chu et al. [46] found increased concentrations
of norfluoxetine in fish incubated with fluoxetine. The mussel M. galloprovincialis was exposed to
a nominal concentration of fluoxetine (75 ng/L) for 15 days [47]. The authors observed that the
concentration of fluoxetine and norfluoxetine increased from 2.53 and 3.06 ng/g dry weight after 3 days
up to 9.31 and 11.65 ng/g after 15 days, respectively. These results suggest that fluoxetine accumulated
in mussel tissues is likely to be metabolized into norfluoxetine with the increase in the time of exposure.

In humans, paroxetine is metabolized to paroxetine catechol, which is methylated and conjugated
into second phase metabolites [42,48]. Cleavage of the paroxetine is also possible, which leads to the
formation of the metabolite with a molecular mass of 209 Da [48]. The latter compound was also
observed in our studies (Table 2).

Two identical derivatives of SSRIs were observed, which resulted from the addition of CO and
C15H22O (Table 2). To the best of our knowledge, such transformation products have not been
described either for humans or for aquatic organisms. Their structures were not proposed in the
current study because of their very low abundance to perform fragmentation studies. However, this
will be the subject of future studies.

2.4. Ecological Implications

The presence of pharmaceuticals in the environment, with a focus on their presence in water, is a
potentially major problem with consequences such as toxicity and/or persistence that have not yet been
fully understood. Simultaneously, studies involving topical exposure of protozoa to pharmaceuticals
in the aquatic environment are very limited [49]. However, protozoa, next to bacteria, constitute
the main group of organisms in activated sludge in WWTP, and they are involved in the removal of
pollutants from waste-water [50] and in the freshwater self-purification process. Hence, they could
have a significant role in removing drugs from the aqueous phase and in their transfer to higher trophic
levels. Considering that neuroactive drugs are one of the most ecotoxic pharmaceuticals and that their
removal efficiency depends on the condition of conventional activated sludge in WWTP, it is extremely
important to know the mechanisms that enable the functioning of protozoa in such conditions and
the potential for recovery after contamination. Acute toxicity results obtained in this study were two
orders of magnitude higher than the SSRIs concentrations reported in environmental samples. Thus,
it can be concluded that the tested antidepressants are unlikely to be toxic to the aquatic protozoa.
On the other hand, according to our research and literature review, the SSRIs have been accumulated
in biota, and long-term toxic effects cannot be excluded. Thus, future research should be focused on
analyzing the transmission of toxic substances, e.g., pharmaceuticals accumulated in vacuoles, and/or
their effects on the next generations of organisms and on the next links in the trophic chain.
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3. Materials and Methods

3.1. Reagents

Standards of fluoxetine (FLU) and mianserin (MNS) as well as internal standards (IS, nortryptyline
and doxepin) were obtained from Sigma-Aldrich (Poznań, Poland), while paroxetine (PAR) and
sertraline (SER) were gifts from the National Drug Research Institute, Warsaw, Poland. All the drugs
were of high purity grade (>90%). The standard stock solutions of all compounds were prepared in
methanol at concentrations of 1 mg/mL and stored at −20 ◦C. Working solutions were prepared ex
tempore by dilution of the stock solutions with the culture medium. IS working solution (500 ng/mL)
was prepared ex tempore by dilution of the stock solution with acetonitrile. The solvents, namely HPLC
gradient grade methanol, MS grade acetonitrile (LiChrosolv) and formic acid 98%, were provided
by Merck (Darmstadt, Germany). Ultrapure water was obtained from a Millipore water purification
system (Milli-Q water). The pH-dependent octanol-water partition coefficients (log D) were calculated
with logD predictor (https://disco.chemaxon.com/apps).

3.2. Toxicity Assay

Acute toxicity was determined according to the Spirotox assay procedure [1]. Briefly, the assay
was performed in 24-well polystyrene microplates. Five 2-fold dilutions were prepared directly in the
multi-well plate. Each well contained 1 mL of the test solution and 10 protozoan cells. The microplates
were incubated at 25 ◦C in darkness. Toxic effects (lethality, sublethal responses such as shortening,
bending of the cell, immobilization) were noted after 1, 2, and 7 days of incubation. LC50, EC50 and
EC20 values were calculated on the basis of lethal response (L) and all toxic effects (lethal and sublethal)
(E), respectively. The toxicity values were expressed in mg/L on the basis of the initial concentrations of
the tested compounds. The LC50, EC50 and EC20 values were determined by graphical interpolation of
test response versus toxicant concentration (log scale) [3]. As the diluent and control, Tyrod solution [1]
buffered with NaH2PO4 and Na2HPO4 (50 mM) was used. The toxicity of each compound was tested
at pH 6.0; 6.5, and 7.4. All tests were performed in quadruplicate.

3.3. Bioaccumulation Test

The experiments were carried out in 250 mL glass beakers filled with 200 mL of sample or control.
As a diluent and control, an inorganic medium (Tyrod solution) was used, with pH adjusted to 7.4.
The bioaccumulation experiments were performed for the individual drugs: fluoxetine, sertraline,
paroxetine, and mianserin (10, 25 and 100 μg/L). The experimental scheme is presented in Table 3.
A total of 1000 protozoan cells were added to each beaker, and the beakers were incubated for 6 days
(144 h) at 25 ◦C in darkness. A total of 100 protozoan cells were subsampled from each test beaker after
2 h and after 1, 2, and 6 days of incubation. Simultaneously, 1 mL of water from each sample was taken
for chemical analysis. After 6 days, the protozoa (approximately 500) were transferred to a new glass
beaker with the fresh Tyrod solution for testing the depuration of the accumulated drugs. Next, 100
protozoan cells and 1 mL of water were subsampled after 1, 2, and 6 days of incubation. The test was
performed in duplicate.

Table 3. Bioaccumulation experiment with protozoan S. ambiguum. During the sampling 1 mL of
medium and 100 protozoans were collected for chemical analyses.

Preparation: Accumulation Phase Depuration Phase

0 h 2 h 1 d 2 d 6 d 1 d 2 d 6 d
Medium +200 mL −1 mL −1 mL −1 mL −1 mL −1 mL −1 mL −1 mL

S. ambiguum +1000 −100 −100 −100 −100 −100 −100 −100

Quantitative analyses were performed using Agilent 1260 Infinity (Agilent Technologies,
Santa Clara, CA, USA), equipped with a degasser, a thermostated autosampler, a binary pump,
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and connected in series to a QTRAP®4000 (AB SCIEX, Framingham, MA, USA) equipped with a Turbo
Ion Spray source operated in the positive mode. The curtain gas, ion source gas 1, ion source gas 2
and collision gas (all high purity nitrogen) were set at 35 psi, 60 psi, 40 psi and ‘medium’ instrument
units, respectively, and the ion spray voltage and source temperature were set at 5000 V and 600 ◦C,
respectively. Chromatographic separation was achieved with a Kinetex RP-18 column (100 mm, 4.6 mm,
particle size 2.6 μm) supplied by Phenomenex (Torrance, CA, USA). The column was maintained at
40 ◦C at the flow rate of 0.5 mL/min. The mobile phases consisted of HPLC grade water with 0.2%
formic acid as eluent A and acetonitrile with 0.2% formic acid as eluent B. The gradient (%B) was as
follows: 0 min, 10%; 1 min, 10%; 8 min, 90%; 9 min, 90%. The volume of injection was 10 μL. The target
compounds were analyzed in the multiple reaction monitoring (MRM) mode (Table A4) by monitoring
two transitions between the precursor ion and the most abundant fragment ions for each compound.

Preparation of S. ambiguum samples for HPLC analysis involved mixing 50 μL of sample
(100 protozoan cells +medium) with IS (50 μL) and acetonitrile (100 μL). The samples were vortexed
(10 min), placed for 10 min in a freezer (at −20 ◦C) and then centrifuged (5 min at 10,000× g).
The supernatant (150 μL) was mixed with 375 μL of water and transferred to the autosampler vial.
The concentration of pharmaceuticals in organisms was calculated using the measured concentration
of the pharmaceutical in the medium and the volume of S. ambiguum. An average volume of 100
cells of S. ambiguum was 0.50 μL. The preparation of medium samples for HPLC analysis involved
centrifugation (10 min at 10,000× g), mixing with the IS (9:1) and transferring to vials. No clean up
procedure was used.

The validation was performed according to the European Medicines Agency guideline [37].
For S. ambiguum extracts, two linearity ranges were selected: 1–100 μg/L and 50–10,000 μg/L of
homogenate. For medium samples, the linearity was selected as 0.2–100 μg/L. The coefficients of
determination for curves was above 0.99. All validation experiments (accuracy, precision, variation
of the relative matrix effect and stability) met the European Medicines Agency (EMEA) acceptance
criteria [51].

The concentration of the tested antidepressants in S ambiguum was expressed as μg/g assuming
the density of the organism as 1 g/mL. The bioconcentration factor was calculated by dividing the
substance concentration in organisms to the concentration in the medium and was expressed as L/kg.

3.4. Analysis of Biotransformation of Drugs

The biotransformation of the drugs by the protozoa was analyzed for the four antidepressants:
fluoxetine, mianserin, paroxetine, and sertraline. The test beakers were prepared in a manner similar
to that for the bioaccumulation experiment. However, only one concentration (100 μg/L) of the drug
was tested, and no depuration phase was performed. Concomitant with the tested sample, two control
samples were incubated: the abiotic degradation control containing only the same concentration of the
tested pharmaceutical (described as “drug control”) and the organism control containing only protozoa.
After 2 days of incubation in darkness, 500 protozoan cells in 100 μL of medium were transferred to the
Eppendorf tube, and 200 μL of acetonitrile was then added. Samples were vortexed (10 min), placed
for 10 min in the freezer (at −20 ◦C) and centrifuged (5 min at 10,000× g). The supernatant (150 μL) was
mixed with 375 μL of water and transferred to the autosampler vial. Furthermore, 100 mL of medium
was sampled at the end of experiment and poured into the preconditioned Oasis HLB (Waters) spe
cartridge (30 mg). The analytes were eluted with 2 × 3 mL of methanol. The methanol was evaporated
under the stream of nitrogen, and the extract was reconstituted with 1 mL of acetonitrile:water (1:9,
v/v). The analysis of transformation products was performed with Ultra High Performance Liquid
Chromatography (UHPLC) Dionex Ultimate 3000 with a Q-Exactive hybrid quadrupole-orbitrap mass
spectrometer system. Heat electrospray ionization (HESI) was operated in the positive mode. Full
MS scans were acquired over m/z 75–1100 range with the resolution of 70,000 (m/z 200). Standard
mass spectrometric conditions for all experiments were as follows: spray voltage: 3.5 kV; sheath gas
pressure: 60 arb; aux gas pressure: 20 arb; sweep gas pressure: 0 arb; heated capillary temperature:
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320 ◦C; loop count: 3; isolation window: m/z 3.0; and dynamic exclusion: 6.0 s. Chromatographic
separation was achieved using a Kinetex RP-18 column (100 mm × 4.6 mm, 2.6 μm) supplied by
Phenomenex and equipped with a security guard. The column was maintained at 40 ◦C at the flow
rate of 0.3 mL/min. The mobile phases consisted of HPLC grade water with 0.1% formic acid as eluent
A and acetonitrile with 0.1% formic acid as eluent B. The gradient (%B) was as follows: 0 min–10%;
1.5 min–10%; 7.0 min–90%; 12 min–90%. The volume of injection was 10 μL.

All the chromatograms obtained in the biotransformation experiments were integrated with
Compound Discoverer Software. The area of the peaks obtained for the sample (protozoa in the
drug solution) was divided by the area of the corresponding peaks of the control (protozoa in the
medium). Similarly, the area of the peaks obtained for the drug control was divided by the area of the
corresponding peaks of the medium. Thus, three values were obtained: tested medium, extract from
the protozoan cells, and control medium.

4. Conclusions

We successfully performed a laboratory experiment designed to obtain comprehensive results
for acute toxicity, bioconcentration, and biotransformation by determining the biological activity of
four antidepressants on the protozoan S. ambiguum. The tested compounds were acutely toxic to
S. ambiguum, and moreover, sublethal effects quickly became lethal ones. Sertraline was the most
toxic among the studied antidepressants. However, the toxic effects occur at concentrations at least
two orders of magnitude higher than those determined in effluents and freshwaters. Thus, it can
be concluded that the tested antidepressants are unlikely to represent a risk to the aquatic protozoa.
The results also showed the relationship between pH and toxicity, which has two consequences. First,
the pH of the water should be more strictly defined in the aquatic toxicity guidelines to prevent high
inter- and intra-laboratory variability of the results. Second, pH of the water and effluent should be
considered in the environmental risk assessment, especially for ionizable compounds.

On the basis on the bioconcentration tests, it can be concluded that uptake and elimination kinetics
vary greatly between the tested pharmaceuticals. The highest BCF value was obtained for sertraline and
mianserin, but different bioaccumulation scenarios can be observed for each pharmaceutical and for each
concentration. Our results also indicate that the protozoan cells were unable to excrete the accumulated
antidepressants. We suspect that the main reason of the toxic effects and high bioaccumulation ratio
were the interactions between the tested drugs and lysosomal membrane phospholipids, which lead to
vacuolization. Thus, future research should focus on analyzing the transmission of antidepressants
accumulated in vacuoles and/or their effects on the next generations of organisms.

For the first time, the research for the biotransformation products of antidepressants were
conducted in the protozoa. However, because of the low abundance of possible biotransformation
products, their structure could not be elucidated. This part of the present work revealed a
potential for further investigation of pharmaceutical metabolism in protozoa exposed to drugs
under natural conditions.
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Appendix A

Table A1. Toxicity of the selected antidepressants in the Spirotox assay [mg/L].

Fluoxetine pH = 6.0 pH = 6.5 pH = 7.4

1 d

LC50 5.13 ± 0.41 2.78 ± 0.07 1.73 ± 0.17

EC50 4.75 ± 0.23 2.32 ± 0.24 1.68 ± 0.19

EC20 2.03 ± 0.82 1.16 ± 0.14 1.21 ± 0.04

2 d

LC50 4.06 ± 0.10 1.78 ± 0.46 1.52 ± 0.16

EC50 2.88 ± 0.38 1.49 ± 0.14 1.39 ± 0.13

EC20 1.72 ± 0.51 0.98 ± 0.16 1.06 ± 0.11

7 d

LC50 2.03 ± 0.55 0.99 ± 0.16 1.35 ± 0.07

EC50 1.94 ± 0.53 0.96 ± 0.16 1.05 ± 0.22

EC20 0.86 ± 0.15 0.58 ± 0.07 0.70 ± 0.13

Mianserin pH = 6.0 pH = 6.5 pH = 7.4

1 d

LC50 6.43 ± 0.16 3.95 ± 1.02 2.64 ± 0.50

EC50 6.27 ± 0.09 3.88 ± 1.11 2.35 ± 0.33

EC20 3.34 ± 0.76 2.68 ± 0.67 1.58 ± 0.40

2 d

LC50 5.47 ± 0.24 3.51 ± 1.28 2.20 ± 0.44

EC50 4.80 ± 0.41 3.34 ± 1.23 1.55 ± 0.18

EC20 2.90 ± 0.25 2.70 ± 0.59 1.16 ± 0.08

7 d

LC50 3.56 ± 0.76 1.34 ± 0.04 1.42 ± 0.07

EC50 2.75 ± 0.57 1.20 ± 0.18 1.32 ± 0.12

EC20 2.05 ± 0.23 0.66 ± 0.04 1.01 ± 0.18

Paroxetine pH = 6.0 pH = 6.5 pH = 7.4

1 d

LC50 4.53 ± 0.55 1.40 ± 0.06 1.17 ± 0.29

EC50 3.15 ± 1.68 1.37 ± 0.03 1.15 ± 0.29

EC20 2.46 ± 0.46 1.05 ± 0.05 0.85 ± 0.24

2 d

LC50 2.55 ± 0.75 1.27 ± 0.16 1.15 ± 0.30

EC50 2.07 ± 0.73 1.24 ± 0.17 1.10 ± 0.29

EC20 1.71 ± 0.30 0.77 ± 0.45 0.85 ± 0.24

7 d
LC50 1.44 ± 0.21 0.81 ± 0.31 0.77 ± 0.10

EC50 1.32 ± 0.13 0.76 ± 0.26 0.74 ± 0.06

EC20 1.12 ± 0.02 0.44 ± 0.16 0.58 ± 0.02

Sertraline pH = 6.0 pH = 6.5 pH = 7.4

1 d

LC50 0.85 ± 0.09 0.47 ± 0.11 0.41 ± 0.05

EC50 0.73 ± 0.14 0.42 ± 0.08 0.36 ± 0.01

EC20 0.46 ± 0.18 0.28 ± 0.04 0.29 ± 0.01

2 d

LC50 0.49 ± 0.10 0.33 ± 0.06 0.35 ± 0.01

EC50 0.39 ± 0.12 0.31 ± 0.06 0.35 ± 0.02

EC20 0.19 ± 0.03 0.22 ± 0.08 0.29 ± 0.01

7 d

LC50 0.33 ± 0.08 0.18 ± 0.04 0.27 ± 0.03

EC50 0.28 ± 0.05 0.17 ± 0.03 0.23 ± 0.04

EC20 0.20 ± 0.05 0.13 ± 0.03 0.15 ± 0.01
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Table A2. Concentration of the tested antidepressants in S. ambiguum in μg/g.

Fluoxetine 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 1.02 1.80 1.20 4.70 2.95 14.66

1 d 1.27 3.36 2.94 11.04 10.02 29.54

2 d 2.17 2.71 3.57 6.65 15.45 30.51

6 d 3.66 6.65 4.65 10.91 12.82 28.65

7 d 1.32 2.27 1.52 3.37 5.75 15.46

8 d 1.09 2.30 1.73 3.13 5.08 11.77

12 d 1.61 2.05 1.89 2.88 3.15 9.07

Mianserin 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 19.88 18.37 81.76 76.13 110.04 272.27

1 d 48.43 40.66 148.83 107.07 229.05 275.21

2 d 54.28 60.35 66.51 132.7 256.15 259.24

6 d 30.32 42.43 72.79 72.59 146.31 239.26

7 d 16.39 13.88 24.21 24.71 51.36 52.78

8 d 17.68 12.49 21.55 24.79 56.04 63.88

12 d 11.29 8.23 21.29 15.04 46.07 42.08

Paroxetine 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 0.72 3.01 0.61 6.75 1.27 22.33

1 d 1.89 3.36 2.36 7.33 32.43 31.86

2 d 0.84 3.85 3.03 9.46 17.45 33.26

6 d 2.49 4.34 4.50 7.78 13.46 30.14

7 d 0.45 <LOD 1.19 <LOD 7.44 8.12

8 d 0.40 <LOD 1.40 <LOD 6.90 6.38

12 d 1.82 <LOD 1.85 <LOD 4.11 4.42

Sertraline 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 12.01 32.52 54.34 97.41 194.84 409.65

1 d 50.14 112.44 179.26 377.38 900.06 1058.73

2 d 58.24 135.65 161.30 290.20 890.58 935.23

6 d 75.49 159.08 212.90 371.61 673.24 832.82

7 d 22.06 65.37 94.85 255.51 574.47 645.00

8 d 28.55 66.59 116.04 227.17 641.16 619.90

12 d 27.22 68.21 120.04 286.69 525.78 664.49
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Table A3. Bioconcentration factor of the tested antidepressants in S. ambiguum in L/kg. The test was
performed in duplicate.

Fluoxetine 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 123 202 81 248 39 359

1 d 157 359 217 585 129 696

2 d 306 283 238 392 191 786

6 d 387 565 328 473 255 600

7 d 4079 11,267 4358 4859 11,122 5738

8 d 3439 9045 5259 4108 10,776 4228

12 d 1000 1065 3500 1779 4256 2257

Mianserin 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 2320 1445 3666 2450 1395 2357

1 d 6092 3366 7190 4033 3138 2621

2 d 7497 5721 3276 4666 3318 2137

6 d 4381 4939 3772 3430 1885 2973

7 d 32,774 27,757 16,138 6648 10,271 4008

8 d 35,358 24,976 14,364 7201 11,208 4854

12 d 22,287 16,464 14,191 5169 9214 4004

Paroxetine 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 130 267 54 221 18 171

1 d 389 280 214 247 523 252

2 d 189 290 281 324 349 277

6 d 524 357 482 281 293 286

7 d 905 794 1487 6770

8 d 806 934 1379 5148

12 d 3649 1234 823 3179

Sertraline 10 μg/L 25 μg/L 100 μg/L

Sampling: 1 2 1 2 1 2

0.083 d 1092 2374 2394 3516 1203 5383

1 d 6803 14,603 17,574 30,933 18,037 26,468

2 d 7745 22,238 18,351 20,582 13,352 21,649

6 d 10,573 30,015 18,643 34,092 12,033 16,362

7 d 8261 19,810 18,781 35,987 19,674 26,653

8 d 10,573 21,482 22,532 32,453 21,301 25,616

12 d 10,800 20,669 20,140 34,962 18,358 25,856
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Table A4. MS/MS optimized conditions for the analyzed compounds and internal standards.

[M + H]+

Ion
Quantitative
Product Ion

Compound
DP CE CXP Qualitative

Product Ion

CE CXP

[V] [V] [V] [V] [V]

280.1 107.0 Doxepin 71 33 6 235.1 25 14

310.3 44.1 Fluoxetine 56 37 6 148.1 13 12

265.1 208.0 Mianserin 96 31 12 118.0 43 8

264.1 233.1 Nortriptyline 71 23 14 91.1 35 6

330.2 192.1 Paroxetine 51 31 14 70.1 49 4

306.0 158.9 Sertraline 51 35 12 275.0 19 16

CE-collision energy; DP-declustering potential; CXP-collision cell exit potential.
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Abstract: Antibiotic resistance is a growing problem worldwide. The emergence and rapid spread of
antibiotic resistance determinants have led to an increasing concern about the potential environmental
and public health endangering. Wastewater treatment plants (WWTPs) play an important role in
this phenomenon since antibacterial drugs introduced into wastewater can exert a selection pressure
on antibiotic-resistant bacteria (ARB) and antibiotic resistance genes (ARGs). Therefore, WWTPs
are perceived as the main sources of antibiotics, ARB and ARG spread in various environmental
components. Furthermore, technological processes used in WWTPs and its exploitation conditions
may influence the effectiveness of antibiotic resistance determinants’ elimination. The main aim of the
present study was to compare the occurrence of selected tetracycline and sulfonamide resistance genes
in raw influent and final effluent samples from two WWTPs different in terms of size and applied
biological wastewater treatment processes (conventional activated sludge (AS)-based and combining
a conventional AS-based method with constructed wetlands (CWs)). All 13 selected ARGs were
detected in raw influent and final effluent samples from both WWTPs. Significant ARG enrichment,
especially for tet(B, K, L, O) and sulIII genes, was observed in conventional WWTP. The obtained data
did not show a clear trend in seasonal fluctuations in the abundance of selected resistance genes
in wastewaters.

Keywords: antibiotic resistance genes (ARGs); antibiotic-resistant bacteria (ARB); wastewater
treatment plants (WWTPs); activated sludge (AS); constructed wetlands (CWs); environmental
pollution; spread of resistance; tetracyclines; sulfonamides

1. Introduction

Antibiotic resistance is arguably one of the greatest threats and challenges to public health and
contemporary medicine worldwide. As a consequence of the widespread use of antimicrobials for
human, veterinary and agricultural purposes, the number of antibiotic-resistant bacteria (ARB) is
constantly increasing [1]. According to the published data, in 2015 in the European Union (EU) and
European Economic Activity countries, ARB caused 671,689 infections and led to over 33,000 deaths [2].
Furthermore, the cost of hospitalisation of European patients infected by selected multidrug-resistant
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bacteria was estimated at least EUR 1.5 billion annually [3], while in the United States this cost was
even higher and estimated at approximately USD 2.2 billion [4].

Antimicrobial compounds such as pharmaceuticals are classified to a group of contaminants of
emerging concern (CECs) [5]. The results of many studies confirmed the presence of trace amounts
of numerous antibiotics not only in municipal, hospital or industrial wastewater, but also in surface,
ground and drinking water, as well as in soil and bottom sediments [6]. For this reason, and due
to the growing awareness that the occurrence of these compounds in the environment may pose a
threat to human health and ecological systems, the EU Commission has included three macrolide
antibiotics (azithromycin, clarithromycin, erythromycin) (EU Decision, 2015/495 of 20 March 2015) as
well as amoxicillin and ciprofloxacin (EU Decision, 2018/840 of 5 June 2018) in the European Union
Watch List as substances subjected to monitoring. A comprehensive risk assessment of antimicrobial
compounds in the environment for human health is complicated, but the risk is clearly recognized
when concentrations sufficient for selection of resistant pathogenic strains are reached. Available data
suggest that such minimum selective concentrations may be very low and, even at environmentally
relevant antibiotic concentrations, the maintenance and selection of resistant bacteria can occur [7].

Antibiotic resistance in healthcare-associated infections are a common and alarming problem in
many countries [8]; e.g., in Poland, where the incidence of these types of infections appear higher
than in neighbouring countries [9]. There are several ongoing activities across countries to reduce
rising antibiotic resistance problem. The European Surveillance of Antimicrobial Consumption (ESAC)
network, and more recently the European Centre for Disease Prevention and Control (ECDC) [10,11]
and the World Health Organization (WHO) Europe [12], have researched antibiotic utilisation across
Europe including Poland. The available data indicate that Poland has one of the highest rates
of total consumption of antibiotics among European countries [13]. Infections in Polish patients
demonstrate the relationship between utilisation and resistance levels, i.e., the high sulfamethoxazole
(SMX) consumption [14] accompanied by high levels of resistance to it [15]. Concerns with current
antibiotic resistance rates in Poland are confirmed by data on severe Acinetobacter baumannii infections
characterised by the high level of resistance to commonly used antibiotics [16,17], as well as data on
MRSA epidemiology both in hospitalised adult patients, as well as new-borns with very low birth
weight [18].

It has been confirmed that wastewater treatment plants (WWTPs) are significant reservoirs of
antibiotic resistance genes (ARGs) and sources of their spread in the environment [19,20]. Due to the
unregulated consumption of antibiotics, excretion by humans and animals or improper medication
disposal methods, native forms of these compounds, their metabolites and transformation products
end up in hospital and municipal wastewater. According to the published data, tetracyclines are
present in WWTPs at concentration levels of 1300 ng/L, measured in raw wastewater [21] and even
1420 ng/L in effluent [22]. Sulfamethoxazole, the most often identified sulfonamide in WWTPs,
was detected at concentration levels of 5597 ng/L in influent [23] and up to 6000 ng/L in treated
wastewater [24]. The occurrence of SMX and its main derivative N4-acetylsulfamethoxazole in raw
wastewater (1464 and 1763 ng/L, respectively) and effluent (508 and 16 ng/L, respectively) samples
collected in WWTP1 were also reported [25]. In the environment, antibiotics are not only chemical
pollutants that can exert toxic effects, but they are above all able to cause selection pressure [26].
WWTPs are considered probable hotspots for antibiotic resistance dissemination in the environment.
The presence of antibiotic residues, even at low concentrations, combined with the high density
and diversity of microorganisms (including pathogenic, commensal, environmental and indigenous)
sustained by a nutrient rich environment, might facilitate the ARB proliferation and ARGs horizontal
gene transfer (HGT) mediated by mobile genetic elements (MGEs), such as plasmids, transposons,
integrons and bacteriophages [27]. Furthermore, WWTPs have a substantial impact on the spread and
abundance of ARGs in the environment [28]. The data available in the literature indicate a significant
increase in numbers of antibiotic resistance determinants in effluent discharged from WWTPs [1,29,30].
Different tetracycline resistance genes, e.g., tet(A, B, C, G, L, M, O, Q, X), as well as sulfonamide resistance
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genes, e.g., sulI, sulII, sulIII have been detected in the effluent of WWTPs [31]. The abovementioned
data and results for the other ARGs confirm that effluent discharged from WWTPs is one of the major
anthropogenic sources of these pollutants in the environment and can pose a real threat of spreading
resistance to bacterial pathogens [19,32].

Since conventional activated sludge (AS)-based WWTPs seem to be inefficient in ARG removal, the
implementation of additional wastewater cleaning processes is necessary. It has been demonstrated that
conventional disinfectants and advanced oxidation processes, or their combinations, are not capable of
significantly reducing the amount of ARGs. The membrane bioreactor technology and photocatalytic
ozonation seem to be good technological solutions for the future; however, the possibility of their
application in full-scale WWTPs, due to high costs, is questionable [33,34]. Constructed wetlands (CWs)
have been suggested as a cost-effective, ecological and efficient technology in wastewater treatment.
The removal mechanism of contaminants in CWs is complicated and consists of physical, chemical
and biological processes among plants, substrates and microorganisms, which can be also affected
by CW type, substrate type and plants [35–39]. CWs have been proposed as a promising alternative
solution for removing a wide variety of conventional pollutants as well as antibiotics, and even ARB
and ARGs [35,40]. The reduction of antibiotics and ARGs in CWs, as demonstrated, could be achieved
at relatively similar or even higher rates than in conventional WWTPs [36]. On the other hand, it was
also suggested that, although CWs effectively remove antibiotics, they probably stimulate the spread
of ARGs [41].

Considering the fact that the abundance of ARGs in final effluent can be influenced by the type
of WWTP technological processes and their operating conditions, the main aim of this research was
to compare the occurrence and abundance of selected tetracycline and sulfonamide resistance genes
before and after the purification process in two different in size and applied wastewater treatment
processes (conventional AS-based and combining a conventional biological AS-based method with
CWs) WWTPs. To examine possible seasonal fluctuations in gene abundances, the samples were
collected over four seasons in 2018. A molecular-based approach and quantitative polymerase chain
reaction (qPCR) technique were used to study ARGs in the WWTPs. The genes selected for the
study represent different mechanisms of resistance such as: ribosome protection (coded by genes
tet(M, O, Q)), efflux pump (coded by genes tet(A, B, C, G, K, L)), drug modification (coded by gene
tetX) [42] and target modification (coded by sul genes) [43]. Moreover, when choosing genes, their
location on different genetic elements (especially on MGEs which significantly influences the ARG
dissemination) was taken into account. Tetracycline resistance genes are located on plasmids (tet(A,
C, K, O)), transposons (tet(B, M, X) and chromosome (tetQ). In addition, some genes are found both
on the integrons and chromosome (tetG), on plasmids and chromosome (tetL) or on transposons and
plasmids (sul genes) [43,44].

It is well known that the nucleic acid extraction process and quality of isolated DNA are crucial
for the subsequent polymerase chain reaction (PCR) gene detection in environmental samples and
can influence the research results and its interpretation. Therefore, to select the optimal method for
the isolation and purification of total DNA from WWTP samples, 10 commercially available DNA
purification kits were tested and assessed in terms of the efficiency of isolation, DNA purity and the
suitability of isolated DNA as template for PCR.

To analyze the data from qPCR, a relative quantification method was applied. The method is used
in situations when the determination of the absolute copy number of the transcript is not necessary and
reporting the relative change in gene expression is sufficient. In that case, the comparative CT method
(also known as ΔΔCT, or 2-ΔΔCT) is used to calculate relative changes in gene expression determined
from qPCR experiments. The data are presented as the fold change in gene expression (normalized to
16S rRNA reference gene) between effluent and influent.
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2. Results and Discussion

2.1. Evaluation of Total DNA Extraction Kits

The results of the total amount and quality of DNA for all tested DNA isolation and purification
kits are presented in Table 1. The highest amount of DNA was obtained using the FastDNA SPIN
Kit for Soil (kit numbered 4); however, the DNA sample isolated by this method did not equal the
quality requirements; the determined A260/230 ratio indicated a significant content of contaminants,
like residues of reagents used in the extraction process. It was found that DNA of a desired purity
(A260/230 ≥ 1.8) was obtained only for the tested kits numbered 1, 2, 5, 6, 8, 9, and 10. In addition, the
usefulness of all isolated DNA samples as a template for PCR was verified; PCR using the BACT
1369F and PROK 1492R primers (16S rRNA gene) and agarose gel electrophoresis were carried out.
The specific 146 bp DNA fragment was identified in all PCR reactions tested (data not presented).
The DNA extraction kits selected for the test were also evaluated according to the convenience of
their use, time of the process and the cost of a single isolation. Considering all the above criteria,
the GeneMATRIX SOIL DNA Purification Kit was selected as the optimal method for extraction and
purification of total DNA from WWTP samples, and used in the further part of this study.

Table 1. Results of quantitative and qualitative analysis of DNA extracted from activated sludge
collected in WWTP1 using different commercially available DNA isolation and purification kits.

No. DNA Extraction Kit
μg of Total DNA

per 1 g of AS
A260/280 A260/230

1 Genomic Mini AX Stool (A&A
Biotechnology, Gdynia, Poland) 117.5 ± 0.3 1.90 ± 0.02 1.77 ± 0.03

2 Genomic Mini AX Bacteria + (A&A
Biotechnology, Gdynia, Poland) 274.6 ± 1.6 1.92 ± 0.01 1.78 ± 0.04

3 Exgene Soil DNA mini (GeneAll
Biotechnology, Seoul, Korea) 365.4 ± 4.5 2.00 ± 0.01 1.31 ± 0.62

4 FastDNA SPIN Kit for Soil (MP
Biomedicals, Solon, OH, USA) 751.8 ± 3.0 1.91 ± 0.11 0.55 ± 0.01

5 NucleoSpin Soil lysis buffer 1
(Macherey–Nagel, Düren, Germany) 297.9 ± 16.9 1.98 ± 0.01 1.93 ± 0.08

6 NucleoSpin Soil lysis buffer 2
(Macherey–Nagel, Düren, Germany) 306.2 ± 9.8 1.97 ± 0.01 1.97 ± 0.04

7 PowerSoil DNA Isolation Kit (Qiagen,
Hilden, Germany) 21.4 ± 1.4 1.76 ± 0.22 1.02 ± 0.31

8 ZymoBIOMICS DNA Minikit (Zymo
Research, Irvine, CA, USA) 247.9 ± 0.5 1.89 ± 0.02 1.81 ± 0.02

9 GeneMATRIX SOIL DNA Purification Kit
(EURx, Gdańsk, Poland) 274.6 ± 1.6 1.92 ± 0.01 1.78 ± 0.04

10 GeneMATRIX Environmental DNA & RNA
Purification Kit (EURx, Gdańsk, Poland) 213.5 ± 0.8 2.18 ± 0.01 2.15 ± 0.01

The above results are the mean values and standard deviations calculated for three replicates of each isolation.

The selection of the appropriate procedure of genetic material isolation and purification at an
early stage of the study is an important step for research based on PCR methods. DNA quality and
purity significantly affect the course of reaction. The adequate method should be primarily selected
for the type of extracted DNA and the specificity of sample matrix. To our knowledge, commercial
kits designed especially for DNA isolation from wastewater or AS samples are not available, hence
why kits for soil or fecal samples are used in this type of research [45–48]. WWTP samples as a
multi-component research material require an individual approach in choosing the optimal method
of DNA extraction. This type of sample contains complex polymers, organic matter, and numerous
inorganic compounds—potentially enzymatic inhibitors that can be co-extracted with DNA. On the
other hand, differences in the cell wall and membrane structures of microorganisms, as well as the
susceptibility of different microorganisms to the cell lysis, significantly affects the efficiency of the
extraction process. Our research confirmed that only half of the tested protocols achieve a satisfactory
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efficiency of the isolation process and receive a purified DNA sample without enzymatic reaction
inhibitors, suitable as a template for PCR. The DNA extraction methods should be evaluated not only
in terms of the quantity and purity of the obtained genetic material, but above all in terms of how
faithfully the diversity of the sequences extracted reflects the structure of the microbial population
in the studied environmental sample. Zielińska et al. [49] evaluated the usefulness for metagenomic
sequencing of 7 out of the 10 DNA isolation and purification kits tested in our study. The high number
of good quality reads, which made it possible to classify all of the obtained sequences at phylum level,
high values of Shannon and Simpson indexes, which suggest a high level of the species diversity as well
as low level of error rate among replicates, were observed for the GeneMATRIX SOIL DNA Purification
Kit (EURx) (kit ID C3 in Zielińska et al. [49]). According to Morgan et al. [50], the reproducibility of
extraction kit replicates is of high importance when tracking changes in microbial composition over
time, between environments, with respect to seasonal and ecological changes. Moreover, results of the
rarefication analysis of the obtained data revealed that the sampling of microbial communities is close
to being complete for the analyzed kit [49].

2.2. Occurrence and Removal of ARGs in WWTPs

In this study, the role of selected WWTPs in the dissemination of ARGs in the environment
have been investigated using a comparative qPCR method. Culture- or molecular-based approaches
are followed to study the antibiotic resistance problem in WWTPs, each of them exhibiting some
advantages and drawbacks. Culture-based methods are key to understand phenotypic characteristics
of isolates and their resistance patterns, but they have limits with environmental bacteria (as the
culturable fraction is only 1% of the total). Molecular methods—based on the isolation of the total
DNA from the analyzed samples (influent, effluent or activated sludge) and the detection of specific
nucleotide sequences coding ARGs using PCR and/or qPCR techniques—are applied to identify specific
DNA targets in microorganisms that cannot be grown in the laboratory, or multiply very slowly but
significantly contribute to the resistance problem [33].

All 13 selected genes coding resistance to tetracyclines and sulfonamides were detected in raw
influent and final effluent samples from both WWTPs. The results of the resistance gene enrichment
obtained for WWTP1 are presented in Table 2 and in Figure 1. Generally, an increase of the ARG
abundance from the influent to the effluent has been observed. The most significant enrichment (more
than 10-fold) was recorded for tet(B, K, L, O) and sulIII genes. The corresponding data for WWTP2
are shown in Table 3 and in Figure 2. The obtained results indicate a tendency of the enrichment of
selected ARGs occurring after the wastewater treatment process; however, these values are usually
lower compared to the conventional WWTP1.

Table 2. Results of comparative qPCR analysis for WWTP1.

ARGs
ARG Enrichment

Winter Spring Summer Autumn

tetA 2.2 0.9 2.1 1.0
tetB 9.3 5.6 11.1 0.2
tetC 0.8 0.4 2.5 1.0
tetG 3.6 5.5 3.8 1.3
tetK 1.7 15.1 7.7 2.3
tetL 8.2 1.6 12.9 4.0
tetM 7.2 5.3 0.8 0.9
tetO 12.0 1.0 2.9 1.0
tetQ 0.7 4.0 4.2 0.6
tetX 0.6 2.2 2.2 2.5
sulI 0.9 1.2 6.9 0.9
sulII 0.9 1.5 7.7 0.9
sulIII 14.0 2.3 5.4 1.8

The above results are the enrichment factors (R) calculated for three replicates of each reaction.
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Figure 1. Enrichment of selected ARGs in the WWTP1 samples.

Figure 2. Enrichment of selected ARGs in the WWTP2 samples.
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Table 3. Results of comparative qPCR analysis for WWTP2.

ARGs
ARG Enrichment

Winter Spring Summer Autumn

tetA 1.2 7.4 3.4 28.8
tetB 1.5 0.4 2.7 0.4
tetC 6.2 1.2 0.9 1.1
tetG 0.7 2.0 1.7 0.6
tetK 1.2 3.1 0.4 2.5
tetL 0.3 1.6 7.0 0.2
tetM 0.3 0.6 3.2 0.3
tetO 0.5 2.5 3.8 0.2
tetQ 3.9 2.0 1.1 0.9
tetX 6.8 0.9 1.3 1.6
sulI 3.1 1.3 1.0 1.1
sulII 1.1 1.1 7.2 0.5
sulIII 1.2 4.7 5.4 1.0

The above results are the enrichment factors (R) calculated for three replicates of each reaction.

The obtained results may arise from the difference in size of compared WWTPs, which means
that the average daily wastewater flow in WWTP1 is over 20 times higher than in WWTP2. It can be
expected that a higher wastewater flow is associated with a higher load of antibiotic contaminants
flowing through WWTP, which may promote selective pressure and ARB proliferation. In addition,
even a small inflow of hospital wastewater to WWTP1 may be of key importance for the ARG
content, due to the significantly higher concentration of antibiotics, ARB and ARGs compared to
domestic wastewater. Therefore, the specially targeted separate treatment of hospital wastewater
before discharge to conventional WWTPs is an issue that needs to be addressed by adapting to
local circumstances.

An enrichment of ARGs after the conventional AS-based treatment process observed in this study
is in agreement with the results reported by other researchers [1,30,51–54]. This could be explained by
the selective conditions in WWTPs that may favor bacteria harboring resistance genes, ARGs or/and
HGT between bacteria. The genes, for which the highest enrichment after the wastewater treatment
process was observed (tet(B, K, L, O), and sulIII) in this study, are located on MGEs. These segments of
DNA play an important role in adaptation process and are a means to transfer genetic information
among and within bacterial species, which may cause their extensive prevalence [55]. On the other
hand, some studies reported no change or even a decrease in the relative number of ARGs in the
effluent after the conventional treatment process [56,57]. It seems that WWTPs with conventional
treatment processes are not efficient in ARG removal. The wastewater treatment processes, which
were primarily designed to remove nitrogen, biodegradable organic compounds, ammonia, nitrate,
and phosphate are not effective in elimination of microbiological contaminants [33]. The available
data from the literature show that biological processes may positively affect the ARB spread and
selection as well as the ARG transfer [54,58]. The persistent selective pressure from antibiotic residues
at sub-inhibitory concentrations, as well as the high density and diversity of microorganisms (including
pathogenic, commensal, environmental and indigenous) sustained by a nutrient-rich environment,
create favourable conditions for antibiotic resistance dissemination [27]. Moreover, WWTP sludge
was recognized as the main source of tetracycline- and sulfonamide-resistant bacteria and genes
discharged into the water environment. A significant enrichment of tet (B, G, H, S, T, X) and sul (I, II)
genes in relation to 16S rRNA was observed [59]. In the face of the observed ARG enrichment in the
wastewater treatment process, Mao et al. [59] emphasize the need for an improved understanding of
how to manipulate WWTP operational variables, e.g., by decreasing the nutrient-to-microorganism
ratio and thus limiting energy sources for ARB and as a consequence of metabolic deficiencies
inhibiting resistance plasmid replication and promoting the loss of antibiotic resistance. According to

99



Molecules 2020, 25, 2851

Biswal et al. [51], the key factors affecting the prevalence of antibiotic resistance determinants are the
operational parameters of WWTPs such as the residence times of hydraulics and solids, which can
affect the dynamics of genetic material exchange and the distribution of ARGs in bacteria passing
through the system. It was found that the activated sludge process did not affect the removal of
ARG-carrying Escherichia coli, but increased the abundance of multiple ARGs in the bacterial genome.
In turn, it was observed that the physicochemical systems were capable of removing ARB at a high rate,
hence the bacterial density (potential ARG donors for HGT) was several orders of magnitude lower,
which would significantly reduce the rate of ARG transfers compared to systems with AS. The authors
suggested that observed differences in ARG dynamics for the two wastewater treatment types would
be the result of the balance between the effectiveness of ARB removal and the HGT rates [51].

Although the quantitative analysis of ARGs in WWTP1 samples has not been studied before,
the studies of antibiotic resistance of fecal coliforms and enterococci based on culture methods have
been conducted by other authors [25,58,60]. Tetracycline-resistant isolates were detected in all sampling
points, including influent and effluent samples, of the WWTP1. It was found that 20% of enterococci
and 23% of E. coli isolates were resistant to tetracyclines [58]. In turn, resistance to SMX was observed
in 11% of E. coli isolates. It should be also noted that 75% of SMX-resistant E. coli were simultaneously
resistant to tetracyclines. The frequency of sulfonamide resistance genes (sul I–III) detected in E. coli
strains of wastewater origin was similar as in other environmental compartments, including clinical
ones. The molecular analysis of genes responsible for resistance to sulfonamides among SMX-resistant
E. coli isolates showed a prevalence of sulII (81%) and sulI (50%) genes. Moreover, 31% of isolates
simultaneously carried both sul genes. The sulIII gene was rarely detected—it was found in 6% of
SMX-resistant isolates from the WWTP effluent [25]. The research concerned not only the analysis
of antimicrobial resistance patterns in isolates from wastewater samples, but also on the presence of
integrons, which are associated with antibiotic resistance dissemination phenomenon. Class 1 and 2
integrons were detected in 32% and 3% of antibiotic-resistant E. coli isolates, respectively, and were
related to an increase of resistance to selected antimicrobial agents and multidrug resistance [60].
The positive selection of bacteria with resistance patterns in wastewater processes based on AS was
observed. Resistance rates noted for bacteria isolated from treated wastewater was higher than
that observed in corresponding influent. The treatment process favored both tetracycline- [58] and
SMX-resistant [60] bacteria.

It has been confirmed that the application of CWs allowed a significant increase in the removal of
antibiotics and other medicines from the wastewater [34,61–66]. CWs have been also shown to be more
efficient in the removal of ARGs than conventional WWTPs [36,38,61–64]. Nolvak et al. [61] reported a
decrease in the proportions of different ARGs (including tet(A, B, M), and sulI) in effluent (compared to
the influent) during the treatment process in horizontal subsurface flow CWs. Moreover, the observed
removal efficiency for sulI gene was better than in conventional WWTPs [61]. Liu et al. [62] found
that the total absolute abundances of tet genes and 16S rRNA were reduced by 50% in wastewater
using CWs. Significantly reduced absolute abundances of ARGs (tet(O, M, W, A, X), and intI1) and
16S rRNA were also reported by Huang et al. [64]. In another study, the removal efficiencies of 16S
rRNA, intI1 and tet genes among four different CW treatment systems ranged from 33% to 99% [38].
The observed differences in 16S rRNA in influent and effluent confirmed that studied CWs were
capable of bacterial removal from wastewater; however, an increase in the relative abundance of ARGs
indicated a risk of the release of relatively more antibiotic-resistant bacteria in proportion to total
bacteria into environment [38,62,64]. The results obtained in our study also showed an enrichment of
selected ARGs. These values are generally lower compared to the results obtained for the conventional
WWTP system which might suggest that the introduction of an additional plant-based purification
step increases the efficiency of removing ARGs; however, the amount of ARGs was still higher than in
the raw influent. It has been suggested that the ability of the treatment systems to filter out bacteria
contributes greatly to the reduction of ARB and, therefore, ARGs from wastewater in CWs (especially
those with vertical flow) [38]. Sorption and biological processes occurring in CWs have been proposed
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as key mechanisms influencing the fate of ARGs during wastewater treatment. Biological processes can
both lead to ARG transmission and proliferation as well as cause their degradation [36,62]. When being
removed from wastewater, ARGs with their host bacteria were partially deposited in CWs, especially
in surface soil which provided optimal conditions for their survival and development. Environmental
stressors such as antibiotics and heavy metals accumulated in surface soil could promote horizontal
gene transfer between foreign and indigenous bacteria [38]. Other authors suggested [67] that the
survival of rhizospheric bacteria of CWs can be also associated with their increased resistance to
various environment stressors.

Some authors observed the relationship between ARG reduction efficiency and CW flow type.
It was reported that CWs with subsurface flow removed ARGs more effectively [61] compared to CWs
with surface flow [68]. The filtration capacity of subsurface flow CWs for bacteria is higher than that of
surface flow CWs [38]. In addition, the removal efficiency of horizontal subsurface flow CWs for ARGs
was higher (over 50%) than that of vertical wetlands, especially for sul genes [37].

The reports available in the literature suggest that, just like conventional WWTPs, CWs could
be considered as hotspots for the spread of antibiotic resistance in the environment. Song et al. [69]
evaluated the fate of ARGs (sul and tet) in three lab-scale vertical flow CWs. They found out a positive
correlation between abundances of ARGs and the accumulation of SMX and tetracyclines in different
layers of CW substrate. Positive correlations were also observed between the abundance of tet genes
and the antibiotic concentration in the effluent. Although the effluent had lower abundances of ARGs
than that in the wetland media, the occurrence of ARGs in effluent might still pose risk for public
health. Moreover, the relative abundances of sul and tet genes showed a significant increase in all
samples during the SMX and tetracycline treatment period [69].

2.3. Seasonal ARG Changes

The analysis of obtained results did not show clear trend in seasonal fluctuations in abundance
of selected tetracycline and sulfonamide resistance genes in wastewater. However, for conventional
WWTP1, enrichment of most studied ARGs was observed in the summer, and to a lesser extent in
spring and winter seasons. On the other hand, WWTP2 enrichment was more frequently noted only
in summer and spring months. The explanation of ARB and ARG seasonal fate is not clear so far,
and the conclusions from numerous studies regarding seasonal fluctuations of antibiotic resistance
determinants in WWTP systems are often divergent [70–72]. While some studies showed higher release
loads of ARB and ARGs in wastewater samples in spring and summer seasons than in winter months,
other authors indicated an increase in numbers of tetracycline, sulfonamide, and vancomycin resistance
genes in winter [73]. There are also studies that did not confirm the obvious seasonal fluctuations in the
occurrence of ARGs detected in WWTP systems [74,75], which is consistent with the results obtained in
this study. The reasons for the quantitative fluctuations of antibiotic resistance determinants in different
seasons are complicated and depend on many factors, which include the variability in antibiotic
consumption, the microbial composition variation in the wastewater and AS, and the presence of
antimicrobial residues in wastewater or the co-selection of heavy metal resistance [73].

3. Materials and Methods

3.1. Characterization of Wastewater Treatment Plants

Two full-scale municipal WWTPs located in northern and central Poland were investigated.
Conventional AS-based WWTP1—“Municipal Wastewater Treatment Plant Gdańsk Wschód” collects
domestic wastewater from the population of about 570,000 people in the area of Gdańsk, Sopot, Pruszcz
Gdański, Żukowo, Kolbudy and in a small part from local industry (5%), as well as hospital wastewater
(0.17%). The daily average wastewater flow is 96,000 m3 with a 24-h retention time. Mechanical
treatment units in this WWTP consist of mechanical screens, aerated sand traps with grease removal
traps and radial-flow primary sedimentation tanks. Biological treatment units consist of 6 multiphase
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MUCT reactors (typical UCT system additionally equipped with a transitional chamber which can
optionally serve as a nitrification or denitrification chamber and with deaeration chamber, where
the mixture of treated wastewater and AS, recirculated from nitrification chamber to denitrification
chamber, is de-oxidized) and 12 radial-flow secondary sedimentation tanks. The plant is also equipped
with fermenter, which discharge pre-fermented sludge to sewage before primary sedimentation
tanks and thus increases the effectiveness of biological phosphorylation [76]. The effluent from
WWTP1 is transported via a pipeline into the Bay of Gdańsk and discharged 2.3 km away from
the coastline. WWTP2, “Municipal Wastewater Treatment Plant in Sochaczew”, described in detail
by Wolecki et al. [66], represents a system which combines the method of biological wastewater
treatment with AS and constructed wetlands. CWs have been implemented in the second stage
of wastewater treatment (biological). Contact between the plants and wastewater (mixed with
AS) occurs only in the rhyzophytic zone. The following plant species were used in CWs culture:
European spindle (Euonymus europaeus), Grey willow (Salix cinerea), Papyrus (Cyperus papyrus), Reed
(Phragmites australis), Rushes (Juncus tenageia Ehrh.), Spathiphyllum (Spathiphyllum Adans.), Summer
lilac (Buddleja davidii Franch), Sweet flag (Acorus calamus), Yellow iris (Iris pseudacorus) and Yellow
pimpernel (Lysimachia nemorum). CW plants are placed in greenhouse with the total area of 1835.6 m2,
where strict conditions—an optimal air humidity and temperature (35–38 ◦C)—are maintained for
appropriate plant growth. WWTP2 is comparatively smaller than WWTP1, with an average wastewater
flow of 4470 m3 per day. The wastewater collection from the area of Sochaczew city concerns domestic
inflow from approximately 37,000 residents. The effluent from WWTP2 is discharged to Utrata River.
The average values of the main WWTP1 and WWTP2 technological parameters: biological and chemical
oxygen demand, total nitrogen and phosphorus, as well as total suspended solids from the sampling
period, are presented in Table 4.

Table 4. Main technological parameters of the studied WWTPs.

Parameter Unit
WWTP1 WWTP2

Influent Effluent Influent Effluent

BOD5 mgO2/L 446.0 3.7 449.0 2.6
COD mgO2/L 1009.0 35.0 1066.0 32.5
TSS mg/L 516.0 5.0 501.0 6.1
TP mg/L 10.8 0.4 10.7 0.2
TN mg/L 87.0 8.0 87.7 7.9

3.2. Samples Collection and Preparation

Samples of raw influent and final effluent from both studied WWTPs for quantitative analysis of
ARGs were collected in January, April, July and October 2018. Additionally, to develop the optimal
method of DNA purification, AS samples from the aeration chamber of the biological reactor of WWTP1
were collected in July 2018. Wastewater and AS samples were collected into sterile bottles, transported
to the laboratory and stored at 4 ◦C.

Influent (400 mL) and effluent (2 L) samples were filtered using 1.2-μm glass microfiber filters
(VWR, Leuven, France) to remove considerable size contaminants, and next through 0.22-μm mixed
cellulose esters membrane filters (Merck Millipore, Cork, Ireland), to retain all biological material.
Obtained filters were cut into smaller pieces, transferred to the 15-mL screw cap centrifuge tubes with
6 mL of 1 × PBS and shaken for 20 min (1000 rpm/min) at room temperature. Then the filters were
transferred to clean tubes and the procedure was repeated with the new portion of PBS. Both suspensions
were combined and centrifuged for 10 min (8000× g). All obtained precipitates were stored at −20 ◦C.

3.3. Selection of the Optimal DNA Isolation and Purification Method

In order to select the optimal method for isolation and purification of total DNA from WWTPs
samples, 10 commercially available DNA purification kits (Table 1), dedicated to soil or fecal samples,
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were tested. The representative research material was AS, which was chosen as the most complex
WWTP matrix, due to a significant content of exopolysaccharides and adsorbed on the surface of sludge
biopolymers, organic matter and numerous inorganic compounds. AS samples (20 mL) were placed in
50-mL screw cap centrifuge tubes and centrifuged for 10 min (8000× g). Obtained precipitate was used
for DNA purification procedures performed according to the manufacturer’s protocols. All purified
DNA samples were subjected to spectrophotometric analyzes using Colibri Microvolume Spectrometer
(Titertek Berthold, Pforzheim, Germany) to determine the concentration and purity of DNA (A260/280

and A260/230 ratios). To ascertain the suitability of isolated DNA as a template for standard PCR,
a reaction using the BACT 1369F and PROK 1492R primers (16S rRNA gene) was carried out (primers
sequences are listed in Table 5). All reactions were performed in 50 μL volumes in a T100™ Thermal
Cycler (Bio-Rad, Hercules, CA, USA) and contained 80 ng of template DNA, 0.4 mM dNTPs (A&A
Biotechnology, Gdynia, Poland), 0.5 μM of each primer (Genomed, Warsaw, Poland) and 0.75 units
of Marathon DNA polymerase in 1 ×Marathon PCR buffer (A&A Biotechnology, Gdynia, Poland).
The cycling profile included: 94 ◦C for 5 min, then 30 cycles of 94 ◦C for 30 s, 56 ◦C for 30 s, 72 ◦C for
30 s, and a final step of 72 ◦C for 5 min. The presence of PCR product (146 bp in length) was confirmed
using agarose gel electrophoresis. 2.0% BASICA LE Agarose gels (Basica Prona™ Agarose, ABO,
Gdansk, Poland) were prepared in 1 × TBE buffer, and visualized after staining with ethidium bromide.

Table 5. PCR and qPCR amplification primers.

Target Gene Primer Sequence (5′-3′) Amplicon
Size (bp)

Source

16S rRNA
F CGG TGA ATA CGT TCY CGG

146 [77]
R GGW TAC CTT GTT ACG ACTT

tetA
F GCT ACA TCC TGC TTG CCT TC

210 [78]
R CAT AGA TCG CCG TGA AGA GG

tetB
F TAC GTG AAT TTA TTG CTT CGG

206 [42]
R ATA CAG CAT CCA AAG CGC AC

tetC
F CTT GAG AGC CTT CAA CCC AG

418 [78]
R ATG GTC GTC ATC TAC CTG CC

tetG
F GCT CGG TGG TAT CTC TGC TC

468 [78]
R AGC AAC AGA ATC GGG AAC AC

tetK
F TCG ATA GGA ACA GCA GTA

169 [78]
R CAG CAG ATC CTA CTC CTT

tetL
F TCG TTA GCG TGC TGT CAT TC

267 [78]
R GTA TCC CAC CAA TGT AGC CG

tetM
F AAT AAA TCA TAA ACA GAA AGC TTA TTA TAT AAC

171 This study
R AAT AAA TCA TAA TGG CGT GTC TAT GAT GTT CAC

tetO
F AAC TTA GGC ATT CTG GCT CAC

515 [78]
R TCC CAC TGT TCC ATA TCG TCA

tetQ F AGA ATC TGC TGT TTG CCA GTG
169 [42]

R CGG AGT GTC AAT GAT ATT GCA

tetX
F CAA TAA TTG GTG GTG GAC CC

468 [78]
R TTC TTA CCT TGG ACA TCC CG

sulI
F GAC GAG ATT GTG CGG TTC TT

185 [31]
R GAG ACC AAT AGC GGA AGCC

sulII
F GAC AGT TAT CAA CCC GCG AC

147 [31]
R GTC TTG CAC CGA ATG CAT AA

sulIII
F ACC ACC GAT AGT TTT TCC GA

199 [31]
R TGC CTTT TTC TTT TAA AGCC
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3.4. Isolation and Purification of Total DNA in Influent and Effluent Samples

Samples were prepared according to the procedure described in Section 3.2 and DNA purification
procedures were performed using GeneMATRIX SOIL DNA Purification Kit (EURx, Gdańsk,
Poland) according to the manufacturer’s protocols. All purified DNA samples were subjected
to spectrophotometric analyses using Colibri Microvolume Spectrometer (Titertek Berthold, Pforzheim,
Germany) to determine the concentration and purity of DNA (A260/280 and A260/230 ratios). Isolated
DNA samples were stored at −20 ◦C.

3.5. Quantitative PCR

Quantitative PCR was used to analyze selected genes coding for resistance to tetracyclines and
sulfonamides in the collected samples. The 16S rRNA gene was used as the reference gene to account
for variability of total amount of bacteria in the samples. Primer sequences adapted from other
studies [31,42,77,78] or designed for this study (tetM) are listed in Table 5. All qPCR assays were
performed in the Roche LightCycler® 480 II (Roche Applied Science, Indianapolis, IN, USA) in 11 μL
reaction mixture. Analyzes for each sample were carried out in triplicate. PCR mixtures consisted of
5-μL LightCycler 480 SYBR Green I Master (Roche Applied Sciences, Indianapolis, IN, USA), 2.5 μL
each primer of corresponding concentration 5 μM (tetA, B, C, L, M, O, X, sulI, II), 2 μM (tetG, K, sulIII),
1 μM (tetQ) and 1 μL DNA template of 5 ng/μL. In each run, 1 μL microbial DNA-free water as negative
control was included. The thermal cycling conditions selected for studied genes are given in Table 6.
Specificity of the amplified PCR product was verified by performing melting curve analysis, while
amplification efficiency was assessed by monitoring the slope of amplification curves generated for the
target genes and the internal controls (16S rRNA). Quantitative analysis of qPCR data was carried
out using a comparative CT method (also known as ΔΔCT, or 2−ΔΔCT) based on the literature [79].
In the first stage, threshold cycles (CT) of the tested ARGs and control gene (16S rRNA) amplification
reactions in all samples were determined. The CT value is provided as the result of qPCR analysis for
each gene. In turn, for individual samples (raw influent and final effluent), the differences between the
CT values for the tested gene and 16S rRNA were calculated according to Formula (1). The obtained
results present the ARG abundance relative to that of 16S rRNA. Then the ΔΔCT values for each gene
were obtained with the use of Formula (2). Computation the normalized value of the relative level of
the tested gene in the unknown sample (final effluent) relative to the calibrator sample (raw influent)
was carried out based on the Formula (3). The value of parameter R equal to 1 means the relative
amount of gene in both samples is comparable, <1 indicates a decrease in the relative amount of the
gene in the final wastewater sample, while >1 shows the enrichment of the gene after the wastewater
treatment process.

ΔCT (influent/effluent) = CT (ARG) − CT (16S rRNA) (1)

ΔΔCT = ΔCT(effluent) − ΔCT(influent) (2)

R = 2−ΔΔCT (3)
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Table 6. qPCR conditions used in this study.

Reaction Stage tet(B, K, L, M, Q, X), sulIII tet(G, C), sulI, sulII tet(A, O)

Pre-incubation 95 ◦C, 5 min (4.4 ◦C/s) 95 ◦C, 5 min (4.4 ◦C/s) 95 ◦C, 5 min (4.4 ◦C/s)

Amplification

95 ◦C, 10 s
(4.4 ◦C/s)

45 cycles

95 ◦C, 10 s
(4.4 ◦C/s)

45 cycles

95 ◦C, 10 s
(4.4 ◦C/s)

55 cycles
62 ◦C, 30 s
(2.2 ◦C/s)

60 ◦C, 30 s
(2.2 ◦C/s)

60 ◦C, 30 s
(2.2 ◦C/s)

72 ◦C, 30 s
(4.4 ◦C/s)

72 ◦C, 30 s
(4.4 ◦C/s)

72 ◦C, 30 s
(4.4 ◦C/s)

Melting curve 95 ◦C, 5 s (4.4 ◦C/s) 95 ◦C, 5 s (4.4 ◦C/s) 95 ◦C, 5 s (4.4 ◦C/s)

65 ◦C, 1 min (2.2 ◦C/s) 65 ◦C, 1 min (2.2 ◦C/s) 65 ◦C, 1 min (2.2 ◦C/s)

4. Conclusions

A comparative quantitative analysis of 10 genes coding resistance to tetracycline and three
sulfonamide resistance genes in two Polish WWTPs in most cases showed an enrichment of selected
ARGs after the wastewater treatment processes. The results have confirmed that WWTPs are hotspots
for the spread of antibiotic resistance determinants in the environment. This is a serious problem
due to the introduction of final effluent into surface waters, as well as the widespread use of
reclaimed wastewater as a fertilizer in agriculture soils. The results of this study highlight the need
to implement effective actions to prevent the spread of antibiotic determinants in the environment,
such as advanced wastewater treatment processes application, the implementation of permanent
microbiological monitoring, taking into account the antibiotic resistance aspect, as well as increased
control of drug intake and appropriate management of medical waste. Moreover, the specially targeted
separate treatment of hospital wastewater before discharge to conventional WWTPs is an issue that
needs to be addressed by adapting to local circumstances.

Author Contributions: Conceptualization, S.S., K.P.B., P.S., J.K. and E.M.; Data curation, M.P.; Funding acquisition,
K.P.B. and P.S.; Investigation, M.P. and M.R.; Methodology, M.R. and E.M.; Project administration, M.P.; Resources,
M.P., J.K. and D.W.; Supervision, M.R. and E.M.; Visualization, M.P. and E.M.; Writing—original draft, M.P. and
E.M.; Writing—review & editing, M.R., S.S., K.P.B. and P.S. All authors have read and agreed to the published
version of the manuscript.

Funding: Financial support was provided by the Ministry of Science and Higher Education under grant no.
538-8610-B774-17/18 and DS 531-8616-D593-19-1E.

Acknowledgments: The authors are grateful to the Municipal Wastewater Treatment Plant in Sochaczew
(Mazowieckie Voivodeship, Poland) and Municipal Wastewater Treatment Plant Gdańsk Wschód (Pomeranian
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Bochenek, T. Antibiotic consumption and antimicrobial resistance in Poland; findings and implications.
Antimicrob. Resist. Infect. Control. 2018, 7, 136. [CrossRef]

14. ECDC. Antimicrobial Consumption—Annual Epidemiological Report for 2015; ECDC: Stockholm, Sweden, 2018.
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Borszewska-Kornacka, M.; Gulczyńska, E.; Kordek, A.; et al. Epidemiology, antibiotic consumption
and molecular characterisation of Staphylococcus aureus infections—Data from the polish neonatology
surveillance network, 2009–2012. BMC Infect Dis. 2015, 15, 1–9. [CrossRef] [PubMed]

19. LaPara, T.M.; Burch, T.R.; McNamara, P.J.; Tan, D.T.; Yan, M.; Eichmiller, J.J. Tertiary-Treated Municipal
Wastewater is a Significant Point Source of Antibiotic Resistance Genes into Duluth-Superior Harbor.
Environ. Sci. Technol. 2011, 45, 9543–9549. [CrossRef] [PubMed]

20. Pruden, A.; Larsson, D.G.J.; Amézquita, A.; Collignon, P.J.; Brandt, K.K.; Graham, D.W.; Lazorchak, J.M.;
Suzuki, S.; Silley, P.; Snape, J.R.; et al. Management Options for Reducing the Release of Antibiotics and
Antibiotic Resistance Genes to the Environment. Environ. Health Perspect. 2013, 121, 878–885. [CrossRef]

21. Gulkowska, A.; Leung, H.; So, M.; Taniyasu, S.; Yamashita, N.; Yeung, L.W.; Richardson, B.J.; Lei, A.; Giesy, J.;
Lam, P.K. Removal of antibiotics from wastewater by sewage treatment facilities in Hong Kong and Shenzhen,
China. Water Res. 2008, 42, 395–403. [CrossRef]

106



Molecules 2020, 25, 2851

22. Minh, T.B.; Leung, H.W.; Loi, I.H.; Chan, W.H.; So, M.K.; Mao, J.; Choi, D.; Lam, J.C.W.; Zheng, G.;
Martin, M.; et al. Antibiotics in the Hong Kong metropolitan area: Ubiquitous distribution and fate in
Victoria Harbour. Mar. Pollut. Bull. 2009, 58, 1052–1062. [CrossRef]

23. Peng, X.; Tan, J.; Tang, C.; Yu, Y.; Wang, Z. Multiresidue Determination of Fluoroquinolone, Sulfonamide,
Trimethoprim, and Chloramphenicol Antibiotics in Urban Waters in China. Environ. Toxicol. Chem. 2008, 27,
73. [CrossRef]

24. Batt, A.L.; Bruce, I.B.; Aga, D.S. Evaluating the vulnerability of surface waters to antibiotic contamination
from varying wastewater treatment plant discharges. Environ. Pollut. 2006, 142, 295–302. [CrossRef]
[PubMed]
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Abstract: The recirculating split-flow batch reactor with a cell divided into anolyte and catholyte
compartments for oxidation mixture of cytostatic drugs (CD) was tested. In this study, kinetics and
mechanisms of electrochemical oxidization of two mixtures: 5-FU/CP and IF/CP were investigated.
The order of the CD degradation rate in single drug solutions and in mixtures was found to be 5-FU <
CP < IF. In the 5-FU/CP mixture, kapp of 5-FU increased, while kapp of CP decreased comparing to the
single drug solutions. No effect on the degradation rate was found in the CP/IF mixture. The presence
of a second drug in the 5-FU/CP mixture significantly altered mineralization and nitrogen removal
efficiency, while these processes were inhibited in IF/CP. The experiments in the different electrolytes
showed that •OH and sulphate active species can participate in the drug’s degradation. The kapp

of the drugs was accelerated by the presence of Cl− ions in the solution. Chlorine active species
played the main role in the production of gaseous nitrogen products and increased the mineralisation.
Good results were obtained for the degradation and mineralisation processes in mixtures of drugs in
municipal wastewater-treated effluent, which is beneficial from the technological and practical point
of view.

Keywords: ifosfamide; cyclophosphamide; 5-fluorouracil; cytostatic drug; BDD anode; electrochemical
oxidation; intermediates

1. Introduction

5-Fuorouracil (5-FU), cyclophosphamide (CP) and ifosfamide (IF) have been the most commonly
used cytostatic drugs worldwide since the 1960s. CP has been classified as the most dangerous,
carcinogenic compound, meanwhile the 5-FU and IF have been described as compounds with potential
mutagenic and teratogenic effects [1,2]. The drugs are polar, poorly biodegradable and under solar
light they are photolytic persistent compounds [2,3]. Hospitals and municipal wastewater treatment
plants (WWTPs) act as major point sources of cytostatic drugs discharge to the environment, because
they are incompletely removed by the mechanical-biological wastewater treatment. The effluents from
municipal or hospital wastewater treatment plants generally contain a mixture of different types of
pharmaceuticals with their metabolic products.

The efficient removal of cytostatic drugs from wastewater by powerful transformation treatments
such as Advanced Oxidation Processes (AOPs) seems necessary to avoid its continuous discharge into
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waterbodies. However, the reports of investigations of drugs removal by alternative methods in their
mixtures have been limited so far. The degradation of a mixture of 16 cytostatic drugs by hydrolysis,
photolysis, biodegradation process, and H2O2/UV system was studied by Franquet-Griell et al. [4].
The physical-chemical and biological processes were selected for the study of the organic compound’s
fate during water and wastewater treatment. The results revealed that IF and CP are very persistent
compounds in both the natural environment and during wastewater treatment. Another paper reported
how mineralization efficiency of chloramphenicol, ciprofloxacin and dipyrone individually and from
equimolar mixtures varied in Fenton and photo-Fenton processes. The authors found that degradation
efficiency was suppressed by Cl− or F− ions, which were released into the solution upon cleavage of
drugs present in the mixture [5]. AOPs including H2O2/UV or Fenton process are considered promising
alternative techniques for the decomposition of poorly biodegradable micropollutants [6–8]. However,
the application of AOPs to remove pharmaceuticals in wastewater and in single drug solutions led
to different levels of effectiveness of individual drugs removal, as was previously proved [9–11].
Competition among organic compounds for •OH radical could cause the inhibition or acceleration
of the drug oxidation rate in wastewater. Moreover, the inorganic anions e.g., Cl−, HCO3

−, can also
participate in reactions with •OH radicals, causing a decrease in their concentration available to remove
organic matter. The presence of inorganic anions affects the degradation rate of drugs, which depends
on their concentration and the type of used AOPs [10,11]. Therefore, the composition of wastewater
should be taken into account when assessing the effectiveness of pollution removal by AOPs.

Electrochemical advanced oxidation (EAO) is one of the powerful techniques which are being
developed for drugs wastewater remediation [12]. The key factors in the effectiveness of EAO processes
are the applied electrode material, the electrolyte composition and the type of cell [13,14]. Among
different anode materials, boron-doped diamond (BDD) thin films have attracted great attention.
BDD with the weak •OH radicals interaction and the large overpotential for water discharge, enables
regulating the yield of generated in situ strong oxidants such as •OH [2]. BDD electrode has been
used as an anode for the decomposition of various micropollutants [15] including cytostatic drugs [10].
Another key factor that affects the kinetics and effectiveness of EAO is the type of reactor. A large
variety of electrochemical oxidation systems have been tested for the treatment of dyes and drugs
wastewater such as: divided or undivided electrode cells, flow cells with parallel electrodes, and flow
plants with a three-phase three-dimensional electrode reactor [16–18]. It was shown that flow cells
with planar electrodes in a parallel plate configuration can increase the oxidation rate of pollutants.
Radjenovic and Petrovic applied a BDD electrode in a plate-and-frame electrolytic cell divided by the
cation exchange membrane for the anolyte and catholyte compartment to eliminate X-ray contrast
media [19].

The aim of this work was to assess whether the EAO in a split-flow reactor with a divided cell
of anolyte and catholyte compartments is able to effectively degrade and mineralize cytostatic drugs
in mixtures: 5-FU/CP and IF/CP. The impact of electrolyte composition including actual effluents
from WWTP on the rate and efficiency of individual drugs oxidation in mixtures: IF/CP and 5-FU/CP
was tested. The mechanism of cytostatic drugs degradation was explored through identification of
oxidizing species and formed intermediates. To our best knowledge, until now there have been no
studies that bring insight into the mechanisms of cytostatic drug removal in a mixture in the split-flow
reactor of a divided electrolytic cell.

2. Results and Discussion

2.1. Comparison of Electrochemical Decomposition in Recirculating Split-Flow Batch Reactor of IF, CF and
5-FU in Single Drug Solution

In the first step of study, cyclic voltammograms for 5-FU, CF and IF (50 mg/L of drug in 42 mM
Na2SO4 and pH of 6.6) at the Si/BDD electrode were recorded. As we suspected, the drugs did
not reveal any peaks in the range of potential values from −1.5V to +3.0V, which indicated that
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electrochemical oxidation of cytostatic drugs in our experimental conditions was possible only in an
indirect way by electrogenerated oxidative entities (Figure S1).

Next, in galvanostatic experiments with the recirculating split-flow batch reactor, the time
course of the electrochemical degradation of drugs: IF, CF and 5-FU in single drug solution was
monitored by HPLC-UV. The initial concentrations of pharmaceuticals used in experiments were
25 mg·L−1 and 50 mg·L−1. They were employed in order to determine the effect of the presence of
additional organic matter in the mixture on the kinetics and mineralization of the individual drug.
The concentrations of pharmaceuticals were much higher than that found in the waterbodies, due
to minimizing the error in the analysis of inorganic ions released and the intermediates of the drugs
oxidation process. The operating parameters: volumetric flow rate (13 L·h−1) and current density
(150 Am−2 (japp > jlim)), were previously experimentally selected [20]. The experimental data were
well described by pseudo-first-order rate kinetics (R2 in range 0.95–0.99). In Table 1, the values of
apparent rate constants (kapp) of 5-FU, CP and IF electrochemical degradation in the single drug
solution are listed.

Table 1. The kapp for 5-FU, CP and IF degradation in single drug solutions and in 5-FU/CP and IF/CP
mixtures in Na2SO4 electrolyte.

Single Drug
Solution

C = 50 mg L−1 C = 25 mg L−1

kapp × 10−3 min−1 R2 kapp × 10−3 min−1 R2

5-FU 3.8 0.99 8.9 0.98
CP 10.4 0.99 13.5 0.99
IF 19.1 0.99 27.7 0.99

Mixture
C = 25 mg L−1 1:1

C = 25 mg L−1 1:1 + 10 mg L−1

Phosphates
C = 25 mg L−1 1:1 + 100 mg L−1

Chlorides

kapp × 10−3 min−1 R2 kapp × 10−3 min−1 R2 kapp × 10−3 min−1 R2

5-FU/CP
5-FU 11.0 0.96 10.5 0.97 13.6 0.98
CP 11.0 0.99 10.8 0.96 67.4 0.99

CP/IF
CP 13.9 0.98 13.0 0.99 47.4 0.95
IF 27.9 0.97 27.7 0.98 46.6 0.99

Independently of drug concentration, the degradation rate coefficient (kapp) value increased in the
following order kapp(5-FU) < kapp(CP) < kapp(IF). The kapp values were higher for the concentration
of 25 mg·L−1 (8.9 × 10−3–27.7 × 10−3 min−1) than kapp values for the concentration of 50 mg·L−1

(3.8–19.1 × 10−3 min−1) (Table 1). For the lower concentration, the efficiency of the removal of drugs
was complete in 300, 150 and 120 min for 5-FU, CP and IF, respectively.

Figure 1 presented the efficiency of the removal of TOC, COD, drug, and TN after 6 h of
electrochemical processes. As we can see, TOC conversion reached 13, 14 and 60% respectively for 5-FU,
CP and IF indicating that 5-FU and CP were more persistent compounds than IF in the mineralization
process. Moreover, the total amount of nitrogen (TN) was still present in the solution in organic
or mineral forms for 5-FU and CP, while the TN removal for IF reached 34%. The relatively high
value of TN removal for IF degradation indicated that the nitrogen-containing drug was converted
to organic and mineral intermediates which existed in the solution, and to gaseous nitrogen species.
The release of NOx during mineralization of N-containing pollutants by the semi-quantitative method
using differential electrochemistry mass spectroscopy was ascertained by Garcia-Segura et al. [21]. The
process was found to low extent for 5-FU decomposition and it was not observed for CP degradation.
It is worth noting that IF is an isomer of CP, but due to the results it can be suspected that its
electrochemical degradation performed in a different way than CP.

The COD/TOC removal ratio characterised the organic matter oxidation progress. The analysis of
the parameter shows that, (i) intermediates generated in the electrodegradation of CP were accumulated
in solution and (ii) they were higher oxidized compounds than intermediates remaining in the solution
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and produced in the IF and 5-FU degradation processes. The relatively low TOC conversion (14%) and
high COD removal (89%) (TOC/CODrem = 16%) implied that CP was degraded to small molecular
carboxylic acids. It is known that direct electron transfer from an organic compound to a BDD electrode
is a mechanism of the oxalic acid oxidation [22] and, therefore, the small molecular acids appear to
be an inhibitor for their own oxidation and also for other compounds (e.g., HCOOH) that undergo
oxidation at high anodic potentials [23,24]. Therefore, the phenomena can inhibit the oxidation of small
molecular acids at the BDD anode. The CP degradation to small molecular carboxylic acids was in
contrast to IF degradation, where TOC and COD removal were 60 and 62 %, respectively (TOC/CODrem

ratio of 96%). In this case, the generated intermediates were mineralized to CO2 to a higher extent than
in the CP degradation, and the small molecular carboxylic acids were not accumulated in the solution.

The mineralization of IF and CF in the recirculating split-flow batch reactor in the anolytic
compartment of the cell was additionally analysed based on the percentage of quantity of mineral
products such as Cl−, NH4

+, NO3
− and PO4

3− released from the organic matter (Figure 2). The amount
of inorganic products was expressed as a the percentage of the total expected amount of Cl, N or P
released from the initial concentration of each drug. The N-NO3

− and P-PO4
3− concentrations were

increasing linearly with the time progress, and at the end of the process attained 24 (for IF)-38 (for CP)%
and 15 (for IF)-17 (for CP)% of N and P amount initially presented in the drugs solution, respectively.
The concentration of N-NH4

+ was very low (below 1 mg·L−1) as time passed. A similar trend of Cl−
ions releasing was found in our previous study [10]. After 3 h of electrolysis, the amount of Cl− ions
reached 50% of total theoretical amount and after that decreased to below detection levels (0.1 mg·L−1)
for both studied drugs. The results suggested that the organic intermediates existing in the solution
after electrolysis still contained in their structures the N and P heteroatoms, while the chloric atoms
can be transformed to different forms. Released Cl− ions can be oxidized to Cl2 at the anode and,
depending on the pH, form HClO/ClO−. These chlorine species can undergo electrochemical oxidation
to chlorates [25]. Unfortunately, the presence of a high concentration of sulfates in solution (6 g·L−1)
makes impossible the analysis of a probable trace amount of ClO3

−/ClO4
− in the effluent and these

data cannot be shown. Moreover, the other volatile chlorine species (ClO2, Cl2O) can be formed. The
ClO2 and Cl2O reactions with organic matter do not form significant levels of THMs. They are formed
from Cl− in the presence of •OH radicals, mainly in the acid conditions [26]. It is worth noticing that in
our experimental conditions in the anolyte compartment, where the oxidation of drugs took place, the
pH was about 3.

The 5-FU released to the solution 25% of F− ions and 38% of N-NO3
−, respectively, while the

ammonium was in a low concentration (below 1 mg N·L−1). The finding suggested that the remaining
amount of fluoride and nitrogen was in the organic by-products. The F− ions adsorption onto the BDD
electrode surface may also be considered.
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Figure 1. The removal efficiency of TOC, COD, drug concentration, TN and (TOC/COD) ratio after 6 h
of electrolysis in single drug solutions in a concentration of 50 mg·L−1.
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Figure 2. Inorganic ions released in single-drug solution after 6 h of electrochemical oxidation.

2.2. Decomposition of Cytostatic Drugs in Their Mixtures

The electrochemical oxidation of mixtures of drugs: CP/5-FU and CP/IF, was investigated. Each
compound in the mixture had a 25 mg·L−1 concentration. Comparative treatment of drugs in the
mixtures (25 mg·L−1/25 mg·L−1) and in the single compound solutions at two different concentrations
(25 and 50 mg·L−1) were made in order to clarify the effect of additional organic matter on kinetics
and efficiency removal of an individual drug. Moreover, the electrochemical oxidation of mixtures
of cytostatic drugs in different electrolytes including effluent from WWTP was examined. The
electrochemical experiments were performed in the same operating conditions as described in
Section 2.1.

2.2.1. Decomposition of CP and 5-FU Mixture

The decomposition rate of the mixture of drugs was well described by pseudo-first-order rate
kinetics. In the CP/5-FU mixture, CP decomposition rate expressed as kapp was 11 min−1. This
value was lower than that found in the single-drug solution, with a concentration of 25 mg·L−1

(kapp 13.5 min−1), and it was similar to the value obtained for CP in the single-drug solution with
a concentration of 50 mg·L−1. The results indicated that the decomposition of CP was inhibited by
concomitantly 5-FU degradation, as an additional organic matter in the solution. On the other hand,
the removal rate of 5-FU in the presence of CP was faster than its degradation rate in the single-drug
solution regardless of the concentration used (Table 1). The value of kapp of 5-FU was likely accelerated
by active chlorine species produced from Cl− ions released during CP degradation. In experimental
conditions, where the pH of anolyte was strong acid, the electrochemical generation of HClO and Cl2•,
more selective oxidizing entities than •OH radicals was preferable [27,28].

In order to confirm this hypothesis, the effect of Cl− ions on the drugs mixture decomposition
performance was studied. Cl− ions in concentrations of 10 mg·L−1 (similar amount of Cl− ions
completely released form 50 mg·L−1 CP during degradation) and 100 mg·L−1 (Table 1) accelerated the
rate of both drugs’ oxidation and confirmed the speculation that active chlorine species participated
in the degradation of 5-FU even in the presence of a low concentration of Cl− ions released from CP
oxidation. During CP decomposition, PO4

3− ions are also released, therefore, the effects of these ions
at concentrations of 5 mgP·L−1 (similar to maximal concentration of P released during 50 mg·L−1 CP
degradation) and 10 mgP·L−1 (Table 1) were tested. These ions seems to have an insignificant effect on
the electrochemical oxidation of 5-FU and CP.
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In the next step, the mineralization (TOCrem) and total nitrogen conversion (TNrem ) to gaseous
intermediates were analyzed after 6 h of electrochemical oxidation. TOC and TN results presented in
Figure 3A showed that mineralization and nitrogen removal were higher in the mixture compared to
the single-drug solutions at a concentration of 50 mg·L−1.

The significant increase in efficiency of mineralization and the formation of a higher amount of
nitrogen gaseous products in the mixture than in the single-drug solutions were likely the result of two
phenomenon: (i) the generation of active chlorine species by Cl− ions being released from CP oxidation
and its participation in the decomposition of 5-FU and its intermediates; and (ii) change of the parent
compounds’ degradation pathways in the presence of a second organic compound and the generation
of less-persistent intermediates for the oxidation process.
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Figure 3. TOC removal and TN conversion efficiency in electrochemical oxidation of single-drug
solutions and mixtures of drugs: 5-FU/CP (A) and CP/IF (B) in different matrices.

The matrix effect was studied in the mixture of 5-FU/CP with the effluent from WWTP. The
decomposition rate of drugs was faster in the effluent than in the electrolyte Na2SO4. The COD was
completely removed in the mixture of drugs in the WWT effluent, which is a beneficial from the
practical point of view. The TOC conversion of CP/5-FU in the effluent from WWTP was similar to the
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TOC conversion reached in the mixture of drugs in the Na2SO4 electrolyte, while the generation of
nitrogen gaseous products in the effluent was totally inhibited. The further experiments of CP/5-FU
oxidation in the chlorides solution (100 mg·L−1) showed the increase of evolution of gaseous nitrogen
products and suggested that chlorine active species participated in their generation. In contrast, the
phosphates (10 mg·L−1) negatively affected this process as well as drugs mineralisation, but to a larger
extent inhibited the TN conversion.

We inferred that the faster TOC and TN removal in the presence of Cl− ions in Na2SO4 was the
consequence of the synergy between •OH, SO4

−• radicals and active chlorine species in organic and
nitrogen compounds oxidation. The •OH/SO4

−• radicals reacted with the compounds to form the
derivatives, which can be more easily attacked by Cl2• and HClO. Even the low concentration of Cl−
as released form drug degradation is enough to improve the treatment process. The other research
group reported that the oxidation potential for the formation of SO4

−• radicals, and their lifetime,
show that chlorine active species are more effective in the oxidation of the organic matter in the bulk of
the solution [28,29]. The presence of other inorganic ions such as PO4

3− inhibited this process.
Moreover, depending on the concentration of chlorine formed in direct electrochemical oxidation

of Cl− at anode, the ammonium ions transformed to chloramines (Equation (1)) and then to N2 and
N2O (Equations (2) and (3)) in the bulk of the solution were decreasing nitrogen content [30,31]:

NH4
+ + HOCl↔ NH2Cl + H2O + H+ (1)

4NH2Cl + 3Cl2 + H2O→ N2O + N2 +10 HCl (2)

2NH4
+ + 3HOCl→ N2 + 3H2O + 5H+ + 3Cl− (3)

The conversion of amines to nitrates could be a minor pathway (Equation (4))

NH4
+ + 4HOCl→ NO3

− + H2O + 6H+ + 4Cl− (4)

Comparing the results acquired in the single drug solutions of CP with results obtained in the
mixture of CP/5-FU, it was supposed that reaction 4 was possible for electrochemical oxidation of CP in
a single-drug solution (Section 2.1). However, the direct oxidation of organic nitrogen by •OH radicals,
without previously releasing from CP ammonium ions, could be a more likely pathway of nitrates
production [21].

The nitrogen evolution is attained when the chlorine breaking point with the molar ratio Cl2:NH4
+

1:1 was reached. After 6 h of electrolysis of CP solution, most of the organic nitrogen was converted to
N-NO3

− by •OH/SO4
−•, and the value of TN removal was low. The reactions 2 and 3 were favored

in the mixture of CP/5-FU, due to the proper ratio of the concentration of NH4
+ and Cl− released

from drugs.In the case of the 5-FU single-drug solution, HOCl was absent and •OH/SO4
−• likely

participated in the oxidation of both organic nitrogen to N-NO3
− and organic matter to intermediates

and CO2.
The results indicated that chlorine active species in the mixture of drugs elevated the 5-FU/CP

mineralization and ammonium conversion to nitrogen gaseous products. Thus, the reaction of drugs
with active chlorine species can be deemed to be a meaningful transformation mechanism under our
experimental conditions.

2.2.2. IF/CP Mixture Decomposition

IF and CF are isomers. However, the quality and quantities of products found during their
electrolysis in the bath reactor [10] and their photocatalytic degradation in the presence of Pt–TiO2

under solar light was different [11]. Therefore, the examination of the electrochemical decomposition
of the CP/IF mixture in the split-flow reactor seems to be interesting.

In the recirculating split-flow batch reactor, the removal rate of IF was twice faster than the CP
removal rate. Moreover, the results (Table 1) clearly demonstrated that the degradation rate of the
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mixture of CP and IF (25 + 25 mg·L−1) and the single-drug solutions with a concentration of 25 mg·L−1

were similar. It was unexpected that the increase of total organic matter (second drug presence in
solution) did not produce any effect on the degradation rate of both drugs. This different behavior in
the drug removal process can be related with the presence of different oxidative entities generated
during electrochemical process and their participation in cytostatic drugs oxidation.

The PO4
3− ions slightly inhibited the decomposition of CP, while they did not have any impact on

the IF removal. It is possible while the kinetics of oxidants scavenging is slow (e.g., k(SO4
−•+HPO4

−2)
= 1.2 × 106 M−1·s−1 ). The presence of Cl− ions in the CP/IF mixture mostly increased oxidation of both
compounds. The value of kapp for CP and IF significantly increased and reached similar values.

The removal efficiency of TOC and TN are presented in Figure 3B. As was found in the mixture
of CP/IF, the mineralisation and TN conversion to gaseous products were inhibited comparing to
single-drug solutions. After 6 h of electrolysis of the drugs mixture, the nitrogen in the drugs was
converted to nitrogen gaseous products to a lower degree than in the IF single-drug solution. In the
case of mineralization and TN conversion, the effect of additional organic matter (CP) was observed.

The chlorides significantly elevated CP/IF mixture mineralization and TN conversion to nitrogen
gaseous products, while phosphates and WWTP effluents (PO4

3− 0.2 mg·L−1, COD 62 mg·L−1, Cl−
92 mg·L−1) slightly inhibited the mineralisation process and significantly suppressed the nitrogen
removal. This fact implied that the nitrogen removal was the most sensitive process for the radicals
scavenging by e.g., phosphates or carbonates. A possible explanation is that the mineralization in
the Na2SO4 electrolyte was related to the formation of •OH radicals, which occur near the electrode
surface and in the lower degree sulfate active species which exist in the bulk solution. In the presence
of Cl−, the indirect oxidation of organic matter and ammonium ions happened by chlorine active
species acting in the bulk solution. The scavenging ions such as phosphates especially in the low
concentration can inhibit at first the oxidation species in the bulk solution and next the •OH radicals
due to the diffusion process. The negative influence on the drugs mineralization of effluents from
WWTP was also associated with natural organic matter (COD 62 mg·L−1) presence.

Based on the amount of TOC removed, the mineralization current efficiency (MCE) values for each
drug and the mixtures were calculated. The order of MCE values was found to be: IF (2.9%) > IF/CP
(2.5%) ≈ 5-FU/CP (1.6%) > 5-FU (0.6%) > CF (0.5%). In the case of IF and both mixtures CP/5-FU and
IF/CP, the higher the MCE, the less energy was wasted on the side reaction.

2.3. Active Species Participated in Cytostatic Drugs Removal

Some authors reported that the Na2SO4 electrolyte used for oxidation of organic matter at the
BDD anode can be the source of •OH and SO4

−• radicals. Compared to •OH, SO4
−• is similarly

oxidative (E0 (SO4•−/SO4
2−) = 2.5−3.1 V) but more selective toward electron-rich organic contaminants.

Therefore, SO4•− is more likely to share in electron transfer reactions from the aromatic ring [32], while
•OH radicals mainly participate in hydrogen abstraction or addition reactions [33].

In order to check the hypothesis that •OH/SO4
−• took part in electrochemical oxidation of

cytostatic drugs in Na2SO4 electrolyte, the degradation rates of the mixtures of drugs: 5-FU/CP and
CP/IF have been compared. Two different electrolytes were applied: NaNO3 (42 mM) and Na2SO4

(42 mM). In the experiments, t-butanol (t-but) was used as a scavenger of •OH radicals, because it
reacts about 1000 times faster with •OH (6 × 108 M−1·s−1) compared to SO4

−• (9.1 × 105 M−1·s−1) [34].
Figure 4 shows the kapp of electrochemical oxidation of the mixtures of drugs (5-FU/CP and IF/CP)

in different types of electrolytes.
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Figure 4. The kapp of drugs electrochemical oxidation in their mixtures (5-FU/CP and of IF/CP) in
different types of electrolyte with and without t-butanol.

The degradation rate mixtures of drugs in the NaNO3 electrolyte were significantly higher than
in Na2SO4. The values of kapp were similarly demonstrating that the role of •OH radical in drugs
degradation is powerful and the oxidation process is non-selective in this electrolyte. The oxidation
process with t-but addition to the mixture of 5-FU/CP showed that the degradation rate was more
inhibited for 5-FU than for CP. As was expected, the scavenging effect of •OH radicals by t-but in CP/IF
mixture resulted in the same suppression of both drugs’ degradation rates. The order of reaction rate
of drugs with •OH radicals can be estimated as follows: 5-FU < CP = IF.

In Na2SO4 electrolyte, the value of kapp for IF degradation was higher than values of kapp for
CP and 5-FU oxidation, (kapp5-FU = kappCP < kappIF). Moreover, the degradation of drugs in this
electrolyte was less suppressed by OH• scavenger (t-but) than in NaNO3. The results suggested that
in Na2SO4, •OH radicals participated in the drug degradation concomitantly with SO4

−• radicals.
Long-life SO4

−• occurred in the bulk solution as a product of SO4
2− ions with the •OH radicals reaction.

Consequently, •OH radicals were partially consumed. As it was mentioned previously, SO4
−• radicals

react more selectively with organic matter and oxidize drugs less rapidly as •OH radicals. SO4
−• are

also less sensitive on the scavenging by t-butanol.
In the presence of Cl− ions released in CP and IF degradation, SO4

−• radicals could react with Cl−
to produce secondary radicals of Cl• and then Cl2−• according to the following reactions (Equations (5)
and (7)).

SO4•− + Cl− → SO4
2− + Cl•, k = 3.2 × 108 M−1·s−1 (5)

Cl− + •OH→ HOCl, k = 6.1 × 109 M−1·s−1 (6)

Cl• + Cl• → Cl2−•, k= 6.5 × 109 M−1·s−1 (7)

The chlorine active species (HClO, Cl•, Cl2•−) can also be formed by direct electrolysis of chloride
ions [35] released during drugs degradation. The behaviour of cytostatic drugs in mixtures in the
Na2SO4 electrolyte confirms its different reactivity with SO4

−• and/or chlorine active species in contrast
to •OH radicals.

To improve the speculation that IF, CP and 5-FU react with chlorine active species, the influence
of Cl− ions on the drugs degradation in NaNO3 and Na2SO4 electrolytes was compared (Figure 5). In
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NaNO3, chlorides inhibited the degradation of studied drugs, due to the scavenging of OH• radicals
and the formation of weaker and more selective oxidants such as Cl• and Cl2•. In sulphate, chlorides
can promote the SO4•− induced oxidation of cytostatic drugs. In Na2SO4, this can happen because the
reaction rate of CP degradation was less inhibited in nitrates and more accelerated in sulphates than the
degradation of 5-FU (Figure 5), while 5-FU removal was significantly suppressed by chlorides in the
NaNO3 electrolyte and slightly accelerated by these ions in Na2SO4. The conclusion from the results
was that the chlorine active species significantly participated in CP degradation, while favourable
radicals for 5-FU oxidation were •OH and SO4

−• rather than chlorine active species. Generated BDD
electrode chlorine active species play the main role in NH4

+ released from 5-FU oxidation to gaseous
products (see Section 2.2.1). The CP/IF mixture’s oxidation in the presence of chlorides in different
electrolytes confirmed that IF and CP were oxidized by chlorine active species, but their reactivity was
likely different.

In order to study the influence of the type of radicals on the mineralization process, the TOC values
in effluents of electrolysis in NaNO3 and Na2SO4 electrolytes were compared. After 3 h of oxidation,
TOC removal in NaNO3 was 50.8 and 48.0% for CP/IF and 5-FU/CP mixtures, respectively, while TOC
removal in these mixtures in Na2SO4 reached a similar TOC efficiency after 6 h of electrolysis. Due
to the high NaNO3 concentration (42 mM), TN removal efficiency by •OH radical was not possible
to examine in the conditions employed. Based on the results, the •OH/SO4

−• and chlorine active
species were effective in cytostatic drugs mineralisation. However, the time needed to obtain the
same mineralization efficiency by •OH/SO4

−• and chlorine active species in Na2SO4 electrolyte as
that reached by •OH radicals in NaNO3 electrolyte required a twice longer time of electrolysis. In
waterbodies, the sulphates and chlorides naturally exist, while nitrates in higher concentration are
pollutants and responsible for the eutrophication. Therefore, knowledge about the mechanism of
cytostatic drugs degradation in the presence of sulphates, chlorides and phosphates is necessary.

(A) (B) 

Figure 5. The influence of chlorides on the degradation drugs in 5-FU/CP and CP/IF mixtures in NaNO3

(A) and Na2SO4 (B) electrolytes.

2.4. Identification of CP and IF Intermediates in Mixture in Na2SO4

The intermediates were recorded by LC/MS technique after 2h of CP/IF mixture electrolysis in
the Na2SO4 electrolyte. The intermediates in the CP/IF mixture were found in a higher number but a
smaller amount than in the single-drug solutions with a mass number in the range from [M +H]+ = 165
to [M + H]+ = 311. The intermediates, which were identified both in single-drug solutions and in the
mixture were with the molecular weights [M + H]+ = 165, 199, 259, 277 and 293. Similar intermediates
were reported by other research groups which tested the CP and/or IF degradation by photocatalytic
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or electrochemical AOPs [10,15,36,37]. Independent of the type of CP and IF solution (single or
mixture), the intermediates with mass numbers [M + H]+ = 249, 259, 277 and 293 were recognized.
The aldophosphamide ([M +H]+ = 277) and carboxyphosphamide (([M + H]+ = 293) were shown to
be the human metabolites of CP and IF. The fact is that carboxyphosphamide had little or no anticancer
activity [38]. The structures of possible intermediates identified in the CP/IF mixture are presented in
Table 2.

Table 2. The structures of possible intermediates identified in the CP/IF mixture comparing to
single-drug solutions.

Drug

Structure of Intermediate
Molecular ion

(Fragmentation Ions)

Ifosfamide Cyclophosphamide

 

� [M +H]+ = 293 (275, 227)

� � [M + H]+ = 277

� � [M + H]+ = 259 (140)

� � [M + H]+ = 249 (164)

� [M + H]+ = 199 (171; 79)

� � ? [M + H]+ = 165

3. Materials and Methods

3.1. Chemicals

The CP, IF and 5-FU standards were purchased from Sigma-Aldrich (Steinheim, Germany);
Acetonitrile (ACN) and the sodium sulphate (supported electrolyte) were obtained from P.P.H. Stanlab
(Lublin, Poland). Sodium chloride and monopotassium phosphate were purchased from POCH S.A.
(Gliwice, Poland).

3.2. Voltammetric Measurements

Cyclic voltammetry analysis was accomplished with the BDD (Adamant Technologies, B/C radio
about 500 ppm with a surface of 1 cm2) as the working electrode, Ag/AgCl as the reference electrode,
and platinum wire as the counter electrode in a solution of 42 mM Na2SO4 containing 50 mg·L−1 of the
drug. The experiment was carried out in a 10 mL electrochemical cell, at room temperature. Cyclic
voltammograms were performed with a PGSTAT 30 Autolab potentiostat/galvanostat.
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3.3. Electrochemical Systems

Degradation experiments were performed in a recirculating split-flow batch reactor divided
into anolyte and catholyte compartments. The cell contains two parallel electrodes, boron-doped
diamond (polycrystalline BDD film on monocrystalline p-type Si wafer, Adamant Technologies, B/C
radio about 500 ppm) used as an anode, and stainless steel (SS) as a cathode. Both were flat (11.7 mm
diameter × 2 mm) with an inert-electrode distance of 3.5 cm. Two peristaltic pumps were used to
supply the cytostatic drug solution/mixture at constant volumetric flow rate. The total volume of both
the anolyte and catholyte was 100 mL. In the divided cell, the anodic and cathodic compartments were
separated into two equal spaces by a cation exchange membrane Nafion® 424 to allow the passage
of protons. The current was passed through the cell with a potentiostat/galvanostat. Experiments
were performed at room temperature 25 ◦C ± 3 ◦C. The pH was monitored with the pH-meter. The
reactor and glassware used were protected from light. The electrochemical system applied in the study
is presented in Figure 6. All experiments were performed in duplicate. The optimal experimental
conditions were previously investigated [20]. Electrochemical degradation of the mixtures (IF/CP
and CP/5-FU) in the supported electrolyte solution (42 mM Na2SO4 or 42mM NaNO3) was carried
out for the initial drug concentration of 25 mg·L−1. A comparison between the oxidative processes
occurring in the mixtures of these medicaments and single-drug solutions was conducted. The initial
concentrations of each drug in a single-drug solution were 25 and 50 mg·L−1. Subsequently, the
degradation experiment was performed in the same operating conditions with the mixture of the
drugs, adding 5 and 10 mg·L−1 of PO4

3− or 10 and 100 mg·L−1 of Cl−, or with a mixture of drugs added
to the actual effluent from the wastewater treatment plan, as seen in Table 3. The following operating
conditions were used in the assays: current density of 15 mA·cm−2 and flow rate of 13 L·h−1. For
all kinetics experiments, the drug concentration was monitored by means of the HPLC-UV analysis.
The mineralisation process was estimated based on the total organic carbon (TOC) removal and total
nitrogen (TN) removal.

Figure 6. The electrochemical set-up.
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The mineralization current efficiency (MCE) according to El-Ghenymy et al. [39] for mixtures of
drugs was estimated from Equation (8):

MCE% =
nFV(ΔTOC)

4.32× 107 mIt
× 100% (8)

where n is the number of electrons consumed per one molecule of drug assuming the total mineralization
(based on the reactions Equation (9) for 5-FU and Equation (10) for IF, CF and molar ratio drugs in
the mixture), F is the Faraday constant (96,487 C mol−1), V (dm3) is the solution volume, (ΔTOC)
(mg L−1) is the difference between TOC before and after electrochemical process, 4.32 × 107 is a factor
to homogenize units, m is the number of carbon atoms of drugs, I (A) is the applied current, and t (h) is
electrolysis time.

C4H3N2O2F + 6H2O→ 4CO2 + 2NH4
+ + F− + 7H+ + 8e− (9)

C7H15N2O2Cl2P + 8H2O→ 7CO2 + 2NH4
+ + 2Cl− + PO4

3− + 23H+ +20e− (10)

Table 3. Characteristics of effluents from municipal wastewater treatment plant (MWWTP) with
mechanical and biological stages in Gdańsk in Poland.

Parameter Units Value

pH 6.8
COD mgO2/L 62

N-NH4
+ mgN/L 0.225

NO3
− mgN/L 4.463

Cl− mg/L 62
PO4

3− mgP/L 0.159
SO4

2− mg/L 89
Conductivity μS/cm 435

3.4. Analytical Methods

The concentration of selected drugs was measured by HPLC (Perkin Elmer, Series 200, Shimadzu
Europa GmbH, Dulsburg, Germany). The set-up was equipped with a UV detector (SPD-MZOA
Shimadzu Dulsburg, Germany) and a C-18 column (Phenomenex 150 × 4.6 nm, 2.6 μm). A detailed
description of the analytical methods of CP, IF and 5-FU determination has been reported in our
previous works [10].

The values of chemical oxygen demand were measured using standard cuvette tests (HACH)
and an Odyssey spectrophotometer. The concentration of chloride was measured by argentometric
method, and fluoride (444-49), phosphate (Cadmium reduction), ammonium (Nessler method) and
nitrate (21061-69) were measured using cuvette tests (HACH). Additionally, the reaction’s intermediate
products were identified with the use of the LC/MS system [37]. The chromatographic parameters
were identical with those used during the HPLC-UV analysis. The MS analysis was conducted using
positive and negative mode electrospray ionization (ESI) over a mass scan range of 50–350 m/z (target
mass 250 m/z) under the conditions described in our previous work [37]. TOC and total amount of
nitrogen compounds (TN) were measured using TOC/TN analyzer (Shimadzu, TOC-L CSH Dulsburg,
Germany).

4. Conclusions

In the present work, the electrochemical oxidation of three cytostatic drugs and their mixtures in a
recirculating split-flow batch reactor equipped with a BDD anode was investigated. The oxidation of
cytostatic drugs was performed in an anodic compartment separated from the cathodic compartment
by a cation-exchanged membrane. The values of kapp for the single-drug solution and for mixtures
of cytostatic drugs in Na2SO4 as electrolyte were in the following order: kapp 5-FU < kapp CP < kapp
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IF. The degradation of drugs in their mixtures showed that the PO4
3− has no significant effect on the

drugs’ degradation, while Cl− mainly accelerated this process. Based on the TOC removal and TN
conversion to gaseous products, it was found that the degradation pathway of IF was different than
that of CP. The organic intermediates found after 6 h of electrolysis were also different for these drugs.

Comparing the results in NaNO3 and Na2SO4 electrolytes, it was suggested that the different
oxidising species with different levels of reactiveness participated in cytostatic drugs degradation.
In Na2SO4, 5-FU was mainly oxidized by OH• and SO4

−• radicals, while chlorine active species
simultaneously with OH• and SO4

−• entities participated in the CP and IF degradation and nitrogen
conversion to gaseous products. Given that Cl− is abundant in natural waters, the involvement
of chlorine active species in the electro-oxidation fate of drugs should not be neglected. This was
confirmed by the high mineralization and efficiency of drugs removal in the effluent from WWTP,
and this is beneficial from the practical point of view. This study is helpful in understanding the
fundamental reaction mechanism, as well as the effects of natural water constituents on the kinetics and
mechanisms of electrochemical oxidation of cytostatic drugs in their mixtures. Further studies should
address the effects of composition of contaminated water (by natural organic matter, carbonates and
other anions and cations) on the transformation of cytostatic drugs and the examination of effluents
toxicity obtained from AOPs.

Supplementary Materials: The following are available online. Figure S1: Cyclic voltammograms of IF, CP and
5-FU (25 mg/L) in 42 mM Na2SO4 (pH = 6.6), BDD as a working electrode, counter electrode (CE)—Pt, scan rate =
100 mV·s−1, T = 20 ± 2 ◦C.
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Abstract: Industrial poultry breeding is associated with the need to increase productivity while
maintaining low meat prices. Little is known about its impact on the environment of soil pollution by
pharmaceuticals. Breeders routinely use veterinary pharmaceuticals for therapeutic and preventive
purposes. The aim of this work was to determine the influence of mass breeding of hens on
the soil contamination with 26 pharmaceuticals and caffeine. During two seasons—winter and
summer 2019—15 soil samples were collected. Liquid extraction was used to isolate analytes from
samples. Extracts were analyzed using ultra-high performance liquid chromatography coupled with
tandem mass spectrometry detection (UPLC-MS/MS). The results showed the seasonal changes
in pharmaceutical presence in analyzed soil samples. Ten pharmaceuticals (metoclopramide,
sulphanilamide, salicic acid, metoprolol, sulphamethazine, nimesulide, carbamazepine, trimethoprim,
propranolol, and paracetamol) and caffeine were determined in soil samples collected in March,
and five pharmaceuticals (metoclopramide, sulphanilamide, sulphamethazine, carbamazepine,
sulfanilamid) in soil samples collected in July. The highest concentrations were observed for
sulphanilamide, in a range from 746.57 ± 15.61 ng/g d.w to 3518.22 ± 146.05 ng/g d.w. The level of
bacterial resistance to antibiotics did not differ between samples coming from intensive breeding farm
surroundings and the reference area, based on antibiotic resistance of 85 random bacterial isolates.

Keywords: pharmaceuticals; soil; poultry farms; ultra-high performance liquid chromatography;
antibiotics, antibiotic resistance

1. Introduction

Pharmaceuticals are a group of compounds designed to elicit specific biological effects at relatively
low concentrations. These compounds can be used to treat both humans and animals. According
to Regulation (EU) 2019/6 of the European Parliament and of the Council of 11 December, 2018,
on veterinary medicinal products, and repealing Directive 2001/82/EC (OJ L 4, 7.1.2019, p. 43–167),
“veterinary medicinal product” means any substance or combination of substances that has properties
for treating or preventing disease in animals; or its purpose is to be used in, or administered to
animals, with a view to restoring, correcting, or modifying physiological functions by exerting a
pharmacological, immunological, or metabolic action. The definition also includes pharmaceutical
products used on animals to make a medical diagnosis and in euthanasia of animals [1]. More than 2000
veterinary pharmaceutical products are manufactured from 400 active chemical ingredients to treat
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various species of animals [2]. Veterinary pharmaceuticals prevent and treat disease and increase the
efficiency of food production [3]. These pharmaceuticals belong to several pharmacological categories:
antiparasitics (ectoparasiticides, endectocides, and endoparasiticides, including antiprotozoals and
anthelmintics), antimicrobials, hormones, antifungals, anti-inflammatory (steroidal and non-steroidal
drugs), anaesthetics, tranquilizers, sedatives, bronchodilators, antacids, diuretics, and emetics [4].
The largest group are antimicrobial agents. Antimicrobials are compounds that can kill or inhibit the
growth of microorganisms (bacteria, archaea, protozoa, microalgae, and fungi) [5]. Some of these
drugs also show growth-promoting effects and are commonly misused for this reason [6].

Pharmaceuticals, massively used in veterinary medicine, can end up in the environment via
several routes. Consumed drugs, including antimicrobial agents, are continuously discharged into the
natural ecosystems via excretion (urine and feces) after a short time of residence in animal organisms.
That main sources of veterinary pharmaceuticals in the environment are intensive livestock activities
and farming practices [7]. The agglomeration of large numbers of birds in a small area causes the
need for pharmaceuticals, including anti-microbial agents, to prevent and treat microbial infections,
as well as to increase feed efficiency [8]. Moreover, to prevent and control contagious poultry diseases
vaccines are used. This results in lower bird mortality and, thus, increases the profitability of breeding.

The production of poultry results in hatchery wastes, manure (bird excrement), litter (bedding
materials such as sawdust, wood shavings, straw, and peanut or rice hulls), and on-farm mortalities [9].
Intensive livestock farming practices that are used to breed thousands of poultry, often in small
areas, face problems with safe and proper disposal of tons of animal excreta produced every day [2].
The practice of using manure for soil fertilization purposes is the major contributor of veterinary
pharmaceutical contamination in the environment [10]. These may cause a raise in antibiotic resistance
of microbial strains isolated from chickens. Braykov et al. [11] showed that the number of resistant
strains isolated from poultry bred in intensive breeding farms is much larger than the number of resistant
strains isolated from henhouses. Poultry farms are the biggest emitters of dust, microorganisms, and
organic compounds (including pharmaceuticals) in manure, litter, dust, and air [12]. Odor emissions,
consisting of a large number of compounds, including ammonia, volatile organic compounds (VOCs),
and hydrogen sulfide, adversely affect the life of people living in the vicinity of poultry farms [13].
Dust is one of the components present in poultry production; it originates from poultry residues,
molds, and feathers, and is biologically active as it contains microorganisms, some of which may be
pathogens [14]. Consequently, fertilization with antibiotics containing animal manure, dust, and sewage
sludge seems to be the likely pathway for the release of antibiotics into soil [2]. Moreover, spiking
animal manure with antibiotics and applying it on soil showed changes in microbial soil composition
and rising antibiotic resistance of soil microbial community [15]. Additionally, antibiotics can migrate
from soil to groundwater, or into plants; thus, can cause negative consequences for human health [16].

Commercial livestock production has increased rapidly in the past few years, which has promoted
the construction of large production units. The world leader in intensive poultry breeding is the
United States of America. In Europe, Poland is the main shareholder in terms of poultry production.
In addition, it should be noted that gross domestic production of poultry meat in Poland almost
doubled between 2012 and 2017 (from 1,712,000 to 3,110,000 tons carcass weight) [17]. Poland is the
only European Union (EU) country in which such significant growth has been observed. The number
of farms involved in industrial animal husbandry and the scale of the impact on the environment
is different in individual regions of Poland. The results of the audit, carried out by the Supreme
Audit Office in 2011–2013, showed the lack of proper supervision by administrative authorities over
the functioning of animal farms, ineffective cooperation between the Veterinary Inspection and the
Inspection of Environmental Protection in the field of control, and a lack of legislation aimed at solving
the problem of odors caused by farms [18]. Veterinary Inspection bodies, and to some extent, the
State Sanitary Inspection, are obliged to constantly monitor the presence of prohibited substances and
antibiotic resistance in food products of animal origin, as well as to supervise the marketing and use of
pharmaceuticals in the process of animal breeding [19]. The audit carried out by the Supreme Audit
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Office in 2015–2016 regarding the use of antibiotics in animal production showed that the scale of use
of antibiotics in animal production is not exactly known in Poland. This is because the Ministry of
Agriculture and Rural Development only has data provided by pharmaceutical wholesalers on the
number of veterinary antibiotics sold on the domestic market. At the same time, it was found that the
lack of the above-mentioned data is due to the lack of a nationwide system for collecting, monitoring,
and comparing data on the use of antibiotics at farm level. The problem was also related to deficiencies
in the documentation regarding animal treatment [19]. In 2015–2017, the Supreme Audit Office carried
out supervision over the marketing and use of products containing anabolic, hormonal, narcotic, and
psychotropic substances in the treatment of animals in Poland. As a result, it was found that both the
Veterinary Inspection and Pharmaceutical Inspection activities are insufficient to limit the risk of using
these substances contrary to their intended use. The audit found use of drugs not in accordance with
their intended use, discrepancies as to the drugs used, or their dose [20].

In effect, an unidentified number of pharmaceuticals can migrate into the environment, including
soils. Therefore, it is necessary to study the pharmaceutical content in soils around poultry farms.

The aim of the study was to determine whether mass breeding of hens influences the contamination
level of the surrounding soil with pharmaceuticals. The choice of analyzed compounds resulted
from the information obtained from the breeder and the review of literature on the routine use of
pharmaceuticals in the process of intensive breeding. The first stage of research was to develop a
procedure for isolating and determining the selected pharmaceuticals. In the next step, the method was
validated. In the last stage, the content of pharmaceuticals in soil samples taken around the poultry
farmhouse was determined. Additionally, the prevalence of antibiotic resistant bacterial strains in the
soil samples taken around the poultry house was verified.

2. Materials and Methods

2.1. Study Area

2.1.1. Weather Conditions

The farm is located in one of the communes in the northeastern part of Poland. Geographic
location translates into specific climate conditions. The warmest and the sunniest month is July
(average temperature 17 ◦C). It is coldest in January (average temperature −1.7 ◦C). The highest rainfall
is recorded in July (85 mm) and the lowest in March (33 mm). Winds from the west and southwest
sectors dominate in this area. The average wind speed is 3 m/s, with the highest winds occurring in the
winter and the lowest in the summer [21].

In March, on the day of sampling, it was sunny and rainless and the humidity was 55%. The air
temperature was around 6–7 ◦C. The wind was negligible (2–4 m/s), southwest, and spread along the
shed wall. In July, on the day of sampling, the weather was mostly sunny, with temporary cloud cover,
rainless, and humidity was 47%–58%. The air temperature was between 17 and 21 ◦C. West wind gusts
up to 8.3 m/s.

2.1.2. Poultry House

The whole farm consists of five poultry houses and two outbuildings. Four of the poultry houses
are large with an area of 1700 m2, and one is smaller, at a distance around 80 m from them. The impact
of the smaller poultry house, on the soil, was the object of this study (Figure 1). The farm is engaged
in broiler breeding. The chicks are bought from an external company, which provides the necessary
vaccines and injections of a lincomycin and spectinomycin mixture. The breeding cycle lasts 42 days
(6 weeks) with the initial temperature of 31 ◦C, falling down to 18 ◦C during the breeding, and constant
air circulation (supply, exhaust, heating). Food given to the chickens is supplied in the form of a
mixture of soybean meal, wheat, triticale, corn, soybean oil, and premix as a supplement (ready mix of
minerals and vitamins, contains 2.5 kg of salt per ton of additives). However, during breeding, the
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necessary amount of antibiotics (such as amoxicillin, doxycycline, and enrofloxacin) are given ad hoc
in water troughs (the line is not cleaned after supply). Notwithstanding, the antibiotic withdrawal
period is respected, under threat of punitive measures by the meat purchasing company.

According to the breeder, proceedings involving distant discharge of polluted air and its high
frequency are to maintain hygiene in the poultry house itself, and eliminate the controversial
odor around the farm. The poultry house is cleaned once, before the start of every cycle (one
cycle = 42 breeding days) by an external company. As part of cleaning, the litter is replaced, and the
surface is swept and wet-cleaned each time with the use of cleaning agents, fired and whitewashed
with lime, with the addition of ammonium sulfate for disinfection. Before settling the shed, disinfectant
is sprayed in mist form. The composition of cleaning and disinfecting agents is unknown, and at
the same time considered irrelevant in these tests. After replacement, the litter is moved outside the
building at point 7A_M and then taken outside the farm.

 

Figure 1. Soil sampling point distribution. 1–7A, 1B, and 1C soil samples point, collected in area A
(around poultry house), area B (450 m away), and area C (980 m away).

2.2. Sample Handling

Soil samples were collected on the farm area (samples 1–7A). Six sampling locations, three on
each of the two sides of the poultry house, were selected by measuring 1, 10, and 50 m from the longer
wall. One sample was collected near the litter storage place. Aside from the samples in the area of
direct impact of the poultry house, reference samples were taken (Figure 1). The reference sample 1B
was taken at a distance of 450 m in a straight line to the North East. The references sample 1C was
taken at a distance of about 1000 m in a straight line to the East. Samples were taken twice (in March,
samples suffix M, and in July samples suffix J) to check for potential seasonal variation, in both cases,
about 5 weeks after the poultry house was settled.

Using a shovel, about 1 L of soil was collected from each point at a depth of about 20 cm. In each
case, the collected soil material was transported to the laboratory and stored in glass containers at 4 ◦C.
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Before sample preparation, each sample passed through a 1.5 mm-mesh sieve (to remove roots and
stones) and was freeze-dried using the Scanvac CoolSafe 110-4 PRO, LyoAlfa (Telstar, Denmark).

For microorganisms’ determination in soil samples, the samples were collected into sterile plastic
containers. The samples were stored at 10 ◦C until processing, which was done within 3 days after
samples collection.

2.3. Analytical Procedure

2.3.1. Solvents and Standards

Methanol, acetonitrile (LiChrosolv®Hypergrade) were purchased from Merck (Darmstadt,
Germany). Isopropanol was purchased from Sigma-Aldrich (Saint Louis, MO, USA). Formic acid
98%–100% pure (LiChrosolv®Hypergrade) to acidify the mobile phases and extraction solutions was
purchased from Merck (Darmstadt, Germany). Ultra-pure water was produced using Hydrolab system
(Hydrolab, Straszyn, Poland).

All pharmaceutical standards were of high purity (for HPLC analysis). Most of the native
standards were purchased from Sigma-Aldrich (Saint Louis, MO, USA): ampicillin (AMP), caffeine
(CAF), carbamazepine (CBZ), ciprofloxacin (CIP), diclofenac (DIC), enrofloxacin (ENR), ibuprofen (IB),
metoclopramide (MTC), metoprolol (MET), nimesulide (NIM), paracetamol (PAR), propranolol (PROP),
salicylic acid (SA), acetylsalicylic acid (ASA), sulfacetamide (SFC), spectinomycin (SPEC), streptomycin
(STREP), sulfacarbamide (SCA), sulfadiazine (SDA), sulfaguanidine (SGA), sulfamerazine (SMA),
sulfamethazine (SMZ), sulfamethoxazole (SMX), sulfanilamide (SNA), sulfathiazole (STA), tetracycline
(TET) and trimethoprim (TMP).

2.3.2. Sample Pretreatment

Soil samples were prepared by weighing 8 g of dry soil (from each sample, separately) in 20 mL
vials. Samples were extracted using two-stage extraction [22]. In the first step, a mixture of acetonitrile
and water (1:1 v/v) with the addition of 0.1% formic acid was used. The second stage of extraction
consisted of using a mixture of acetonitrile, 2-propanol, and water (3:3:4 v/v/v), also with the addition
of 0.1% formic acid. For both the 1st and 2nd stage of extraction, 2 mL of extraction solvent was added
for every 1 g of soil—16 mL of solvent for every step. The soil and solvent were mixed using a vortex
mixer for 30 s, and then subjected to ultrasound using an IS-5,5 ultrasonic cleaner (Intersonic, Olsztyn,
Poland) for 15 min. The decanted supernatant, collected after each of the steps, was filtered through
a syringe filter (hydrophilic PTFE 0.2 μm membrane, Merck Millipore, (Tullagreen, Carrigtohill, Co.
Cork, Ireland) into 40 mL glass vials. The filtered extracts from both steps were combined (in total,
32 mL) and evaporated to dryness under a stream of nitrogen. The residue was dissolved in 2 mL
mixture of 25% methanol in water with the addition of 0.1% formic acid.

In order to eliminate the possible effect of the matrix, the same procedure of extraction was carried
out with the addition of pharmaceutical standards (corresponding to a current-like concentration of
compounds in soil). The mixture of the standards was added to 8 g of soil from each sample point.
The rest of the procedure was carried out in accordance with the above-described method.

2.3.3. UPLC-MS/MS Analysis

The prepared samples were analyzed by ultra-performance liquid chromatography. The Nexera
X2UPLC-MS/MS (Shimadzu Corp., Kyoto, Japan) contained two LC-30AD pumps, SiL-30AC
autosampler, CTO-20AC column oven, CBM-20A communication bus module, and mass spectrometer
LC-MS8050 with electro spray ionization with positive and negative ion mode (Table 1).
Chromatographic separation was performed using an analytical column Kinetex 2.6 μm, Phenyl-Hexyl
100 Å 4.6 mm, 150 mm (Phenomenex, Torrance, CA, USA). The gradient program consisted of the
following: 7-min sequence of linear gradient flows of solvent B (acetonitrile:methanol 1:1 v/v) balanced
with solvent A (water with 0.1% formic acid) at a flow rate of 0.6 mL/min: 50–80% B over 1 min,
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80–100% B over 2 min, isocratic 100% B for 3 min, and finally, 100–50% B over 1 min. The injection
volume was 1 μL and column temperature was 40 ◦C.

The main parameters used to identify analytes were their retention times and multiple reaction
monitoring (MRM) ratio, which were obtained at 0.25 μg/mL working standard solutions for most
standards, and 2.5 μg/mL for AMP, IB, SPEC, STREP, SFC, SNA and TET. Chromatographic data
processing was carried out using LabSolution® software (Shimadzu Corp., Kyoto, Japan).

Table 1. The analysis parameters for the monitored ion transitions and triple quadruple mass
spectrometer (MS/MS) operation (CE- collision energy, Q1 and Q3Pre Bias—quadruple pre-rod
bias voltage).

Parameters for the Monitored Ion Transition

Name Short Polarity
Parent Ion >

Fragment Ion
Q1 Pre Bias

[V]
CE [V]

Q3 Pre Bias
[V]

acetylsalicylic acid ASA − 179.10 > 136.95 13 11 24
ampicillin AMP + 349.9 > 106.05 20 25 20

caffeine CAF + 194.90 > 138.00 20 20 20
carbamazepine CBZ + 237.05 > 194.00 20 20 20
ciprofloxacin CIP + 322.00 > 314.10 20 21 20

diclofenac DIC − 294.05 > 249.90 15 12 16
enrofloxacin ENR + 360.10 > 316.10 20 20 20

ibuprofen IB − 205.00 > 161.20 14 9 16
metoclopramide NIM − 307.05 > 228.95 16 17 20

metoprolol MTC + 300.05 > 227.00 20 20 20
nimesulide MET + 268.15 > 116.00 20 20 20

paracetamol PAR + 152.00 > 110.10 17 18 21
propranolol HCl PROP + 260.10 > 116.10 20 19 20

salicylic acid SA − 137.30 > 93.15 10 17 20
spectinomycin SPEC + 332.80 > 98.10 16 29 14
streptomycin STREP + 582.00 > 263.20 28 33 11

sulfacetamide Na SFC + 214.95 > 92.05 11 23 21
sulfacarbamide SCA + 216.00 > 92.05 30 25 30

sulfadiazine SDA + 251.00 > 92.05 18 26 19
sulfaguanidine SGA + 214.95 > 92.05 15 26 21
sulfanilamide SNA + 172.9 > 86.15 19 16 13
sulfamerazine SMA + 264.95 > 92.05 13 29 14

sulfamethazine SMZ + 278.50 > 186.50 14 19 27
sulfamethoxazole SMX + 253.95 > 92.00 20 30 20

sulfathiazole STA + 255.90 > 156.00 20 15 20
tetracycline TET + 445.00 > 409.95 20 20 20

trimethoprim TMP + 291.05 > 230.10 20 25 20

MS/MS Operation Parameters

Interface Temperature (◦C) 300
Desolvation LineTemperature (◦C) 250

Nebulizing Gas Flow (L/min) 3
Heating Gas Flow (L/min) 9

Heating Block (◦C) 350
Drying Gas Flow (L/min) 10

2.3.4. Quality Assurance/Quality Control (QA/QC)

Ensuring the quality of the measurements results was carried out by:

• calibration of the LC-MS/MS system,
• determination of the selected validation parameters based on calibration curves.

The calibration step involves the preparation of calibration curves and calculation of response
factor (RF) for internal standards. Eleven working standard solutions have been prepared. Limit of
determination (LOD) has been calculated from the parameters of a calibration curve constructed on
the basis of the three lowest concentrations of working standards solutions. The limit of determination
has been calculated according to the formula:
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LOD =
3.3× s

a
(1)

where: a—slope of the calibration curve; s—the standard deviation.
For the calculation of the validation parameters, residual standard deviation (sxy) and standard

deviation of the intercept (sa) were taken. Based on LOD(sxy) and LOD(sa) the mean values (LOD) were
calculated (see Equation (1)). The coefficients of variation (CV) and uncertainty (U) were calculated
based on standard deviations and the average area of the chromatographic peaks obtained during
separation of standard mixtures.

To check the matrix effect, two samples were prepared using real soil samples with addition of
standards, and using the procedure described in Section 2.3.2. Sample Pretreatment and additionally
using solide phase extraction (SPE) cleaning. Based on peak areas, the recovery (%) for standard
solutions was calculated.

2.4. Antibiotic Resistance in Microorganisms Isolated from Soil
The soil samples (1–6A; 1B and 1C, Figure 1) were plated on different growth media for evaluation

of microbial growth (Luria Bertani Agar—LA, MacConkey Agar, Chapman Agar, Medium with
cetrimide, Merck, Darmstadt, Germany). Briefly, 10 g of the sample was mixed with 90 mL of 0.85%
NaCl and shaken for 0.5 h, and then serially diluted to 10−4. In addition, 100 μL of each dilution was
plated on LA, while solely the dilution 10−1 was spread on MacConkey Agar, Chapman Agar and
Medium with cetrimide. The plates were incubated at 30 ◦C for 24–72 h to obtain sufficient growth of
the colonies. From each sample, several differently-looking colonies were picked and grown to pure
cultures on LA, and then stored frozen with 20% glycerol at −40 ◦C.

The isolated bacteria were then subjected to antibiotic resistance disc diffusion test with different
antibiotics (TMP 5 μg, SMZ 20 μg, TET 10 μg, SPEC 25 μg, and CIP 10 μg). TET, SPEC, and CIP discs
were purchased from Oxoid, UK, while trimethoprim and sulfametazine discs were prepared in the
laboratory. Briefly, the cotton discs were cut from MN85/220 paper filters (Macherey-Nagel, Germany)
and autoclaved. The appropriate amount of the antibiotic stock solution was poured onto the paper
disk with automatic pipette and let dry. For the antibiotic resistance disc test, the bacteria were cultured
in LB (Luria Bertani boullion, Btl, Łódź, Poland) with 150 rpm shaking at 30 ◦C, overnight. Then,
the OD600 measurements of the bacterial cultures were taken with Spectroquant Prove 600 (Merck,
Darmstadt, Germany) spectrophotometer and diluted in LB to achieve OD600 equal to 0.1. The dilution
accurateness was verified with repeated spectrophotometer measurements. In addition, 100 μL of
each bacterial suspension was spread on a plate with Muiller-Hinton medium (Graso, Owidz, Poland).
Discs with antibiotics were then put on the surface of the plate and the plates were incubated for
24 h at 30 ◦C. Afterwards, the diameter of the growth inhibition zone around each antibiotic disc
was measured.

3. Results

3.1. Quality Assurance/Quality Control (QA/QC)
Based on analysis of working standard solutions in optimal conditions, calibration curves

were prepared. Regression coefficients and selected validation parameters are presented in Table 2.
The obtained results are satisfactory, showing that the proposed method is suitable for analysis of the
selected pharmaceuticals. The recovery for standards were calculated based on peak areas. Recoveries
ranged from 65% to 121%, for all pharmaceuticals (mean values for individual compounds: ASA-65%,
AMP-81%, CAF-111%, CMZ-98%, CIP-102%, DIC-67%, ENR-111%, IB-92%, MTC-99%, MET-121%,
NIM-102%, PAR-81%, PROP-115%, SA- 78%, SFC-75%, SPEC-71%, STREP-74%, SFC-82%, SDA-89%
SGA-94% SMA-98%, SMZ-100%, SMX-106%, SNA-98%, STA-82%, TET-67%, TMP-79%). The recoveries
of analytes were dependent on the matrix type. This suggests that the use of standard addition or
analysis with labeled standards are necessary in order to improve the correction results.
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3.2. Analysis of Real Samples

Using the developed and validated method described above, a chromatographic analysis of
extracts of real soil samples was performed. Each of the 15 samples was analyzed for the presence of
27 substances. Of these, 10 pharmaceuticals (MTC, SNA, SA, MET, SMZ, NIM, CBZ, TMP, PROP, PAR)
and CAF were determined in soil samples collected in March (Figure 2a) and five pharmaceuticals
(MTC, SA, SMZ, CBZ, SNA) in soil samples collected in July (Figure 2b). The largest number of various
pharmaceuticals (MTC, TMP, SA, SMZ, PROP, CBZ) was determined at 7A_M (the sample collected in
March, location where the dirty litter was thrown away). None of the 27 pharmaceuticals sought was
determined in sample 6A_J. In reference samples (1B_M, 1B_J and 1C_J) two of the pharmaceuticals
(PAR, SNA) and CAF were determined, which were not found in the farm area. Moreover, none of the
pharmaceuticals determined on the farm area were determined in reference samples. Therefore, farm
area samples (area A) and reference location samples (area B and C) will be described separately, below.

Figure 2. Cont.
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Figure 2. Concentration of detected pharmaceuticals and caffeine in soil samples (ng/g d.w);
(a) 1–7A_M, 1B_M, soil samples, collected in area A (around poultry house) and area B (450 m
away) in March (M); (b) 1–7A_J, 1B_J, 1C_J soil samples, collected in area A (around poultry house)
area B (450 m away) and area C (980 m away) in July (J). MTC—matoclopramide, MET—metoprolol,
TMP—trimpetoprim, SA—salicic acid, NIM—nimesulide, SMZ—supfamethazine, PROP—propranolol,
CBZ—carbamazepine, CAF—caffeine, SNA—sulfanilamide, PAR—paracetamol.

3.2.1. Area A

MTC was determined in each of the tested samples around the farm, regardless of the
sampling season (except point 6A_J). However, the concentrations in the samples were significantly
lower—ranging from 4.69 × 10−3 ± 0.16 ng/g d.w in 7A_M to 7.08×10−4 ± 0.263 ng/g d.w in 5A_M.
Similarly, SMZ was present in eight samples, and was determined in relatively high concentration
levels. The range was from 68.70 ± 1.74 ng/g d.w. in 3A_J, to 0.81 ± 0.19 ng/g d.w in 2A_M. SA was
detected in a range from 157.30 ± 4.65 ng/g d.w in 7A_M, to 27.19 ± 6.01 ng/g d.w in 3A_J. CBZ was
found in four samples, three of which were collected in March. The highest concentration of CBZ was
determined in sample 7A_M and amounted to 1.96 ± 0.17 ng/g d.w. In turn, the lowest concentration
of CBZ was determined in the July 4A_J sample, with concentration equal to 0.70 ± 0.26 ng/g d.w.
TMP was detected only in two samples from March on a similar level (7A_M 0.80 ± 0.03 ng/g d.w,
5A_M 0.75 ± 0.02 ng/g d.w.). The other four determined pharmaceuticals were found in individual soil
samples. NIM was determined in the 4A_M sample in a concentration level of 3.43 ± 0.03 ng/g d.w.,
MET in the 1A_M sample at a concentration level of 2.99 ± 0.04 ng/g d.w., and PROP in sample 7A_M
at a concentration level equal to 0.97 ± 0.005 ng/g d.w.
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3.2.2. Areas B and C

As was mentioned, three other pharmaceuticals were found in the reference samples: CAF, PAR,
and SNA. CAF (0.70 ± 0.13 ng/g d.w.) and PAR (11.31 ± 0.29 ng/g d.w.) were determined only in sample
1B_M. In turn, SNA was determined in all three reference samples with the highest concentration
(3518.22 ± 146.05 ng/g d.w.) in sample 1B_J. In sample 1B_M, which is the winter counterpart of 1B_J,
the concentration of SNA was 848.83 ± 1.19 ng/g d.w. In sample 1C_J, SNA was determined in the
concentration level of 746.57 ± 3.90 ng/g d.w.

3.3. Analysis of Microbial Resistance in Soil Samples

The bacterial communities able to grow from soil samples collected around the poultry breeding
building were shown to be diverse (Supplementary Materials Figure S1). From each collecting time
point, a few differently-looking bacterial colonies were picked and further analyzed for antibiotic
resistance. Microbial resistance of selected soil bacterial isolates was performed for five different
antibiotics, two of which (TMP and SMZ) were determined in soil samples in this study. Three other
antibiotics (TET, SPEC and CIP) were analyzed since they prove to be the ones that are commonly used
in chicken treatment during their growth in intensive breeding farms [23,24]. The average inhibition
zones for bacterial strains isolated from different sampling points situated in zones A, B and, C around
the poultry breeding farm are presented in Table 3. The least susceptibility of the tested strains was
observed for sulfametazine and trimethoprim, where only six and seven susceptible isolates were
found in chicken farm soil, respectively. In the soil sample collected in zone B, this number was even
lower, as only two strains were susceptible to TMP and none was susceptible to SMZ. In zone C, none of
the strains was susceptible to TMP and SMZ; however, here the number of tested strains was only four.
On the other hand, the highest susceptibility was shown for CIP (all strains from each type of soil were
susceptible), and an intermediate one was shown for TET and SPEC. Taking into account the results
obtained for 85 random bacterial isolates, coming from different areas around the poultry breeding
building, we found no significant difference between the bacterial resistance tested for different areas
(Table 3).

Table 3. Antibiotic resistance of microbial strains isolated from soil collected in three different zones
around the poultry farm building. A (0–50 m around the poultry farm building), B (approx. 500 m
from poultry farm building), and C (approx. 1000 m from the poultry farm building). Inhibition zones
around different antibiotics: trimethoprim (TMP) 5 μg, sulfametazine (SMZ) 20 μg, tetracycline (TET)
10 μg, spectinomycin (SPEC) 25 μg, and ciprofloxacin (CIP) 10 μg, are presented as average diameter
(mm) of inhibition zone with standard deviation for different soil sampling zones.

Soil Samples Localization A B C

N. of Strains Tested 66 15 4

Antibiotics

CIP 29.0 ± 7.5 28.8 ±5.2 28.0 ± 4.0

SPEC 6.8 ± 8.0 6.2 ± 8.6 0.0

SMZ 2.5 ± 7.1 0.0 0.0

TET 13.1 ± 11.2 12.6 ± 10.1 9.5 ± 7.0

TMP 2.7 ± 8.2 3.7 ± 9.8 0.0

4. Discussion

There is no doubt that, especially in large-scale farms, pharmaceuticals are routinely used for both
therapeutic and prophylactic purposes [8,22].

Literature reports on the presence of pharmaceuticals in soil that are potentially related to
the poultry industry mainly relate to contaminants resulting from direct soil exposure to chicken
droppings. Wei et al. [25] found the presence of sulfonamide and fluoroquinolone drugs in soil in
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areas loaded with poultry manure. Significant concentrations of sulfonamides were determined at the
level of 682–1784 μg/kg soil. Jing et al. [26] presented the detection of antibiotics (tetracyclines and
sulfonamides) in soils potentially exposed to chicken manure in northeast China. The concentration
levels of pharmaceuticals were 0.29–1590.16 ug/kg soil, with the maximum concentration observed
for chlorotetracycline.

Basic information on pharmaceuticals administrated to chickens was obtained from the breeder.
According to the interview regarding the drugs used during breeding, lincomycin, SPEC, amoxycilin,
doxycyclin, and ENR were administered to chickens. From the above, ENR and SPEC were selected
for testing, but none of them was determined.

SMZ, together with TMP, is administered to chickens as a broad-spectrum antibiotic against
most gram-negative organisms [23]. Farmers reported administrating them with water (in water
line) [11]. Nevertheless, although both substances (TMP and SMZ) are given to chickens in the same
quantitative ratio, their concentration level in the soil sample is significantly different. TMP is at the
limit of quantification (LOQ) and has only been measured in two samples (7A_M and 5A_M), both in
March. In turn, SMZ was determined in three samples collected in March, and in almost all samples
collected around the poultry house in July, at higher concentration levels than in March. The difference
between March and July values for SMZ can be explained by higher SMZ supply to chickens caused by
greater probability of infection in July, because of the high temperature outside. Moreover, given the
proportionally lower content of TMP compared to SMZ, TMP may be present in the same samples in
which SMZ was determined, but below limit of quantification.

MTC is administered as an antiemetic and intestinal peristalsis drug, and must be given via
subcutaneous or intramuscular injections every 12 h. MTC is given to inhibit, among others, the process
of defecation—which is also intended to maintain greater hygiene in the poultry house during
breeding [27]. The highest MTC concentrations were observed at 7A_M where used litter is temporarily
stored. Taking all of this into consideration, it can be concluded that poultry litter is a serious source
of pharmaceuticals.

The presence of SA in the environmental samples can be explained by salicylate administration
to humans and/or animals, including acetylsalicylic acid (ASA) [28]. The use of salicylates has been
systematically increasing for over 100 years. One route of metabolization for this group of drugs is
rapid deacetylation to SA in a reaction catalized by a nonspecific enzyme. In effect, only about 68%
of the dose reaches the systemic circulation as ASA, while the serum half time duration of ASA is
approximately 20 min. Finally, SA and its metabolites are renally excreted [29]. So far, SA was detected
in the effluent and river streams [30], and found—in low nanogram per liter concentrations—in
groundwater from several areas in Ontario, Canada [31], waters from three watersheds in Nova Scotia,
Canada [32], and spring water in Mexico [33]. In our research, ASA was not detected in any collected
sample, but SA was determined. Moreover, SA was determined at a higher concentration, as compared
to other pharmaceuticals, around the poultry house.

In addition to MTC, SMZ, TMP, and SA described earlier, PROP, CBZ were also determined.
Their presence, especially in the 7A_M sample, may be associated with drug use in the process of
chicken breeding.

Apart from pharmaceuticals presence in the samples, sample distribution around the farm building
was considered. The obtained results show that as the distance from the poultry house increases,
the concentration of pharmaceuticals increases as well. This may be due to the way of removing air
from the poultry house, as fans on the roof expel air and thus spread contaminated air around the
farm building.

The sample containing the largest load of pharmaceuticals was 7A_M (Figure 2). This sample
was taken at the location of temporary litter storage removed from the poultry house after the end
of the breeding cycle. The 7A_M sample was taken in the fifth week of a new breeding cycle, after
litter removal. The presence of litter in this place before taking the sample may be the reason why 6
out of 11 substances were determined in this sample. Moreover, they were detected in the highest
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concentration levels compared to other samples. It can be assumed that the presence of specific
pharmaceuticals in this sample may indicate their use in this breeding cycle.

Qualitative pharmaceuticals composition between the samples from farm area and reference area
is diverse. The set of compounds detected in area A differs from the one detected in areas B and C.
The reference sampling distance was far enough not to overlap with the poultry house impact.

The enhanced antibiotic resistance of bacterial strains was recently shown in Escherichia coli isolates
from chicken manure originating from intensive breeding farms [24]. In regards to the presence
of antibiotic resistant strains in the soil around intensive breeding farms, the information is scarce.
In our study, we observed no difference between the average bacterial resistance of randomly selected
soil isolates from intensive farm surroundings and agricultural soil when challenging them with
five different antibiotics. However, Zhang et al. [34] observed that spiking poultry manure with
antibiotics changes the average resistance in the microbiome of a soil treated with antibiotics containing
manure. Indeed, the risk for soil contamination, and enhancing the number of antibiotic resistant
microorganisms, may be lower in the surroundings of the intensive breeding farm than in the fields
where the poultry manure was spread, as no significant difference was observed between the strains
isolated in the vicinity of poultry farm buildings (area A, B, or C).

5. Conclusions

Soil, due to its specific features, such as sorption capacity, distribution coefficient (Kd), and
hydrophobicity, is a pharmaceutical receiving matrix more durable than water [35]. Manure is one of
the sources of various substances entering soil, including pharmaceuticals. Nevertheless, there is a
high probability that the distribution of concentration around the poultry house (tendency-dependent
changes depending on the distance) is associated with the transfer of pharmaceuticals with dust
exhausted through the fans present on the building roof.

The results showed that the observed changes in pharmaceutical presence in analyzed soil samples
can be defined as seasonal (Figure 2a,b). In all summer samples, less substances (five pharmaceuticals)
were determined in contrast with samples collected in March (10 pharmaceuticals and CAF). This may
indicate that low temperature is a parameter responsible for prolonged half-life time of determined
contaminants [35]. However, the MTC concentration in both samples collected in March and July are,
relatively, at a similar level. Moreover, concentration levels of SMZ and SNA in samples collected in
July was approximately five times higher than in March.

Although advances in instrumentation and the opportunities that liquid chromatography
methodologies bring (especially advanced ones, e.g., those coupled with tandem mass spectrometry
(LC-MS/MS), facilitating the detection of even trace amounts of pharmaceuticals, in the case of
environmental samples, the analyst still faces problems. The matrix effect, which is often difficult
to compensate for, and with which we undoubtedly deal with in soil samples, may be the source
of numerous discrepancies in qualitative assessment. The developed procedure allows separation
and identification of 26 pharmaceuticals and CAF in a swift way (LC-MS/MS analysis—7 min),
which proves to be an efficient way of real soil sample analysis. There is no doubt that this type of
research needs to be further developed to provide a foundation for risk assessment of drugs entering the
environment. It may influence human and animal health, which have been ignored in environmental
monitoring programs.
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Abstract: Lincomycin, monensin, and roxarsone are commonly used veterinary drugs. This study
investigated their behaviours in different soils and their toxic effects on environmental organisms.
Sorption and mobility analyses were performed to detect the migration capacity of drugs in soils.
Toxic effects were evaluated by inhibition or acute toxicity tests on six organism species: algae,
plants, daphnia, fish, earthworms and quails. The log Kd values (Freundlich model) of drugs were:
lincomycin in laterite soil was 1.82; monensin in laterite soil was 2.76; and roxarsone in black soil
was 1.29. The Rf value of lincomycin, roxarsone, monensin were 0.4995, 0.4493 and 0.8348 in laterite
soil, and 0.5258, 0.5835 and 0.8033 in black soil, respectively. The EC50 for Scenedesmus obliquus,
Arabidopsis thaliana, Daphnia magna and LC50/LD50 for Eisenia fetida, Danio rerio, and Coturnix coturnix
were: 13.15 mg/L,32.18 mg/kg dry soil,292.6 mg/L,452.7 mg/L,5.74 g/kg dry soil and 103.9 mg/kg
(roxarsone); 1.085 mg/L, <25 mg/kg dry soil, 21.1 mg/L, 4.76 mg/L, 0.346 g/kg dry soil and 672.8 mg/kg
(monensin); 0.813 mg/L, 35.40 mg/kg dry soil, >400 mg/L, >2800 mg/L, >15 g/kg dry soil, >2000 mg/kg
(lincomycin). These results showed that the environmental effects of veterinary drug residues
should not be neglected, due to their mobility in environmental media and potential toxic effects on
environmental organisms.

Keywords: lincomycin; monensin; roxarsone; migration; residual; toxicity

1. Introduction

The environmental effects of drug residues have received increasing attention as a new type of
pollutant. In addition to their therapeutic purposes, veterinary drugs are also incorporated into animal
feed as additives to improve animal growth rate and feed efficiency [1]. In the United States, 112,000 tons
antibiotics were used for cattle and pig livestock every year for non-therapeutic purposes [2]. Many
studies have indicated that only a small fraction of the veterinary drugs consumed by livestock and
pets are metabolized; the majority are released into the environment in their original forms, and can
potentially enter the food chain to pose human health risks [3–5]. Drug residues can exist widely
in the environment, inducing antibiotics, which can lead to increased drug resistances and reduced
effectiveness in human and veterinary medicine [6]. One study found that more than 500 different types
of veterinary drugs and more than 100 metabolites in the aquatic environment of 71 countries covering
all continents, and the concentrations of some drugs, such as diclofenac, were measured at higher than
the safe dose level in some countries [7]. Previous research on the occurrence of 13 veterinary drugs in
23 vegetable fields in eastern China where animal manure was used found that animal feces, especially
those from poultry farms, was an important source of veterinary drug accumulation in soil [8]. It has
also been shown that people can excrete carbamazepine and its metabolites after consuming food
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from crops irrigated by waste water, suggesting that human beings can ingest drugs from residue
pollution [9]. Therefore, drugs can accumulate in soil, be absorbed by plants, and may have harmful
effects on organisms.

Lincomycin is a commonly used lincosamide antibiotic for veterinary purposes, especially in
China. It is persistent in the environment due to its pyranose ring, amide, pyrrolidine ring and other
structures [10], and exhibits inhibitory effects and toxicity in organisms [11]. Lincomycin has numerous
detrimental effects on the haematological and biochemical properties of blood, and can interfere
with liver and kidney functions [12]. The EC50 value of lincomycin for Artemia (brine shrimp) was
283.1 mg/L [13], and the IC50 values of lincomycin for Cylindrotheca closterium and Navicula ramosissima
were 14.16 mg/L and 11.08 mg/L, respectively [14]. The toxic effect of lincomycin, tylosin and
ciprofloxacin mixture were found synergistic against C. closterium and additive for N. ramosissima [14].
Recently, the occurrence of antibiotic resistance has heightened concerns over lincomycin usage [15].

Monensin, the most widely used coccidiostat in the U.S. [16], is a class of polyether ion-carrier
antibiotic used for the livestock and poultry industry. Monensin in fresh chicken manure can pose an
environmental risk under certain conditions, and the use of compost was shown to be a method to
degrade monensin [17]. The half-life of monensin ranges from 4–15 d in high-intensity management
(i.e., soil amending, watering, and turning) and from 8–30 d in low-intensity management [18].
Because of its widespread use and high persistence, monensin was detected in multiple environments:
0.3 ± 4.5 mg/L in manure; 0.0004 μg/kg in soil; 0.01 ± 0.05 μg/L in surface water; 0.04 ± 0.39 μg/L in
underground water; and 1.5 ± 31.5 μg/kg in sediment [16]. When the monensin concentration was
0.05 μmol/L, the adsorption coefficient of various soils was in the range of 0.915–78.6 L/kg [19]. Based
on the Kd value, monensin is more mobile than tetracycline and has similar mobility to sulfamethazine.
Its toxicity is highly species dependent [19]. It was reported that 50 mg/kg monensin could inhibit
the reproduction and survival of earthworms [20]. Due to its high usage, high toxicity characteristics,
and unevaluated potential environmental impacts, monensin has been classified as a high-priority
environmental pollutant requiring further assessment [21].

Roxarsone is commonly added to the feed for farmed broiler chickens, and nearly all roxarsone is
excreted unchanged in the manure [22]. Roxarsone can significantly induce CYP1A2 activity in the
pig liver microsome, and the induction effect of it was stronger than enrofloxacin [23]. Zhang [24]
found that the average elimination half-life of roxarsone in soil was 26.6–44.9 d and its adsorption in
different soil depths was consistent with the Fetter linear adsorption model. Makris et al. [25] found
that roxarsone had a higher adsorption capacity than inorganic arsenic (IV) in soil, which may be
caused by the organic properties of roxarsone. After entering the soil and water system, roxarsone
can be transformed into inorganic arsenic (III) and (V) with stronger migration capacity and greater
toxicity [26], and can affect the growth and development of various plants. However, further studies
are required to more thoroughly assess the potential environmental effects of roxarsone.

This study focused on the migration of lincomycin, monensin, and roxarsone in several soil
environments, and their toxic effects on representative environmental organisms: Scenedesmus obliquus
(algae), Arabidopsis thaliana (plant), Eisenia fetida (earthworm), Danio rerio (zebrafish), Daphnia magna
(crustacean) and Coturnix coturnix (quail). The aim was to evaluate the environmental risks of the three
drugs and provide a foundation for an impact assessment of their environmental residues for pollution
management and prevention.

2. Results & Discussion

2.1. Adsorption-Desorption Test

The adsorption rates are shown in Table 1, and the parameters of the Freundlich model fitted
are shown in Table 2. The log Kd value of lincomycin and monensin in laterite soil were 1.82 and
2.76. The log Kd value of roxarsone in black soil was 1.29. The corresponding 1/n values of the three
equations were less than 2. According to the Kd value, the adsorption of laterite to monensin was
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greater than to lincomycin, which could be due to the higher molecular weight and lower water
solubility of monensin. The 1/n value of lincomycin was 0.0935 in laterite soil. Therefore, the isotherm
adsorption line of lincomycin belonged to the “l” type, meaning that at a certain concentration range,
the adsorption capacity of soil to lincomycin decreases with increasing drug concentration. This result
was consistent with the observed trend of the lincomycin adsorption rate. Another study showed
that when the initial drug concentration was 1 mg/L, the adsorption rate of ethanamizuril in podzol
soil was approx. 70% and decreased with increasing drug concentration, indicating that podzol soil
displayed a stronger adsorption to lincomycin and monensin than ethanamizuril [27]. The lower
organic matter contents and higher pH of the laterite and podzol soil are properties that may have
contributed the smaller adsorption of roxarsone (pKa1 = 3.49). Rutherford et al. [28] found that when
2 < pH < 8, the adsorption of roxarsone in soils decreased as pH increased. When the pH of the soil
solution increased, the negative charge of the soil surface increased, causing an increased repulsive
force between roxarsone and soil colloid, and a lower soil adsorption capacity of roxarsone. The zero
adsorption of roxarsone was observed in field soil (pH 8.4, organic matter 6.84%) and wasteland soil
(pH 8.2, organic matter 4.73%) [29].

Table 1. Adsorption rates of drugs in different soils (%).

Drug Soil
Initial Drug Concentration (mg/L)

1 2 3 4 5

Lincomycin
Laterite soil 66.67 30.56 35.19 19.44 0
Podzol soil 97.22 54.17 54.63 0 0
Black soil 100.0 100.0 86.11 16.67 1.111

Monensin
Laterite soil 56.16 93.68 55.26 90.92 93.66
Podzol soil 100.0 92.60 87.50 89.99 88.25
Black soil 100.0 93.21 94.12 95.19 98.78

Roxarsone
Laterite soil 0 0 0 0 0
Podzol soil 0 0.8080 0 0 0
Black soil 18.80 38.18 97.41 51.95 42.00

Table 2. Parameters of the Freundlich model.

Drug Soil Lg Kd 1/n R2

Lincomycin Podzol soil 1.5672 0.1116 0.2043
Laterite soil 1.8235 0.0935 0.5282

Black soil 1.7091 −1.2543 0.7329
Monensin Podzol soil 1.5194 −0.1842 0.0355

Laterite soil 2.7601 0.6117 0.8910
Black soil 1.8502 −0.3915 0.2411

Roxarsone Black soil 1.2855 1.9393 0.8759

2.2. Soil Mobility Test

Soil mobility test results are shown in Table 3. In laterite soil, the ranking of mobility capacity of
drugs was monensin> lincomycin> roxarsone, and in black soil, the ranking was monensin> roxarsone
> lincomycin. According to the classification in GB/T 31270-2014 (Test guidelines on environmental
safety assessment for chemical pesticides) [30], lincomycin and roxarsone were moderately mobile
in laterite and black soils, while monensin was highly mobile. Generally, adsorption ability has a
negative correlation with water solubility of drugs, and a positive correlation with soil organic content;
migration ability has the opposite correlations [31]. A previous study showed that the Rf value of
roxarsone was 0.66 in soil (pH 6.5, organic matter 19.08 g/kg), indicating strong mobility [32]. However,
in the present study, the Rf value was 0.4993 in laterite soil (pH 6.710, organic matter 3.92 g/kg),
and 0.5835 in black soil (pH 5.257, organic matter 263.69 g/kg). These differences may have resulted
from other physicochemical properties [33]. Florasulam was shown to be primarily distributed in a
9–18 cm soil layer in soil (organic matter 23.57 g/kg), and its Rf value was 0.918 [34]. According to the
Rf values in the presents study, the migration ability of the three drugs tested could be weaker than
florasulam in a similar soil environment.
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Table 3. Content distribution of drugs using soil thin layer chromatography.

Drug Soil
Drug Content in Each Moving Distance (%)

Rf
0–3 cm 3–6 cm 6–9 cm 9–12 cm 12–15 cm 15–18 cm

Lincomycin Laterite soil 9.250 27.74 19.99 10.54 12.09 20.40 0.4995
Black soil 16.11 15.63 15.01 14.66 17.07 21.51 0.5258

Monensin
Laterite soil 8.154 0 0 4.154 0 87.69 0.8348

Black soil 0 0 0 0 68.02 31.98 0.8033

Roxarsone
Laterite soil 17.51 20.93 17.96 20.98 13.31 9.310 0.4493

Black soil 12.45 12.99 10.85 13.10 26.86 23.74 0.5835

2.3. Algae Growth Inhibition Test

The absorbance of algae culture remained unchanged or even decreased with time, indicating
that the concentrations of the algae decreased and their growth was restrained. Figure 1A–C show
that the inhibition rate of algae (S. obliquus) growth by the three drugs was positively correlated with
drug concentration. The pH of the treatment groups and controls were 6.9–7.4 at the end of the algae
growth inhibition test. As the culture time increased, the percentage inhibition of algae growth rate
increased. Based on the 96-h inhibition rate, the calculated EC50 (96h) were 0.813 mg/L (lincomycin,
95% confidence interval [0.791, 1.489] mg/L), 1.085 mg/L (monensin, [0.554, 1.193] mg/L) and 13.15 mg/L
(roxarsone, [9.70, 17.83] mg/L). These results suggested that lincomycin, monensin and roxarsone
showed low, medium, and low toxicity levels to algae, respectively. The EC50 (96h) of lincomycin
and monensin suggested that these two drugs demonstrated higher toxicity to algae than ofloxacin
(6.20), sulfamethoxazole (7.20) and sulfamethazine (9.89) [35], which was consistent with the results of
Peng et al. [36].

Peng et al. also found that lincomycin and ofloxacin presented a high ecological risk to algae;
the risk quotient (RQ) of lincomycin was 1.93, followed by ofloxacin (1.33), tetracycline (0.41) and
erythromycin (0.20). According to another study, lincomycin can inhibit the synthesis of the D1 protein
in the algal photosynthesis system, and may lead to algal death [37].

2.4. Plant Sensitivity Test

The effects of drugs on plant growth are shown in Tables 4 and 5. The seedling rates of blank
controls and methanol controls (for monensin) were all above 50%, suggesting that experiments
were valid.

Table 4. Number of plants emerged in drug groups (n = 10 seeds).

Monensin

Concentration (mg/L) 25 50 75 100 125 0 Methanol control
Plants

Emerged
7 d 0.3 ± 0.6 1 0 0 0 0 8 6
14 d 0.3 ± 0.6 0.3 ± 0.6 1.0 ± 1.7 0.3 ± 0.6 0 10 5

Lincomycin
Concentration (mg/L) 6 12 18 24 30 0 Methanol control

Plants
Emerged

7 d 9.0 ± 1.0 8.0 ± 2.0 6.7 ± 2.1 6.7 ± 1.5 7.3 ± 0.6 8 /
14 d 7.7 ± 2.1 8.0 ± 2.6 5.3 ± 3.5 6.3 ± 0.6 7 ± 1.0 10 /

Roxarsone

Concentration (mg/L) 5 25 45 65 80 0 Methanol control
Plants

Emerged
7 d 9.3 ± 0.6 8.0 ± 1.7 9.7 ± 0.6 9.0 ± 1.0 6.3 ± 0.6 8 /
14 d 6.0 ± 3.0 * 4.3 ± 1.5 * 3.3 ± 2.3 * 2.7 ± 2.1 * 1.7 ± 0.6 * 10 /

1 data represents mean ± standard deviations, n = 3, the same below. * represents significant difference at p < 0.05
compared with the control group.

Table 5. Effect of lincomycin and roxsarsone on A. thaliana height and biomass (14 d).

Lincomycin
Concentration (mg/L) 6 12 18 24 30 0

Total Gross Dry Weight (g) 0.0033± 0.0008 0.0046± 0.0012 0.0040± 0.0030 0.0031± 0.0011 0.0074± 0.0007 0.0045
Max. Plant Height (cm) 2.5 ± 0.5 2.7 ± 1.0 3.0 ± 2.8 2.9 ± 1.4 4.2 ± 1.3 3.6

Roxarsone

Concentration (mg/L) 5 25 45 65 80 0
Total Gross Dry Weight (g) 0.0038± 0.0045 0.0010± 0.0005 0.0011± 0.0012 0.0019± 0.0005 0.0005± 0.0004 0.0045

Max. Plant Height (cm) 1.7 ± 0.3 0. 8± 0.3 1.0 ± 0.5 1.8 ± 1.0 0.4 ± 0.1 3.6
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Figure 1. Effect of drugs on the growth of S. obliquus. (A) lincomycin, (B) monensin, (C) roxarsone.

2.4.1. Lincomycin

The EC50 (14 d) of lincomycin on A. thaliana seedling rate was 35.40 mg/kg dry soil (95% confidence
interval [19.217, 65.211] mg/kg dry soil), however, there was no significant difference in plant emergence
on 14 d (Table 4). With increased lincomycin concentration, the number of seedlings, biomass and
plant height were not significantly affected (Tables 4 and 5).

2.4.2. Monensin

The seedling rates of the blank control group and methanol solvent control group on 7 d and 14 d
were both higher than 50% (Table 4). However, in the experimental groups, only 1 seedling appeared
in the 25 mg/L monensin group. On 14 d, only a few seeds sprouted, and the plant heights were all less
than 0.5 cm. Therefore, the EC50 (14 d) of monensin on A. thaliana seedling rate was <25 mg/kg dry
soil (the minimum test concentration). The results indicated that monensin may have strong toxicity
on plant growth. A study by Hoagland [38] also confirmed the high phytotoxicity of monensin: it
caused herbicidal injury to 1–2 week-old seedlings of seven weed and two crop species when applied
at 10−4 M as a foliar spray in the greenhouse, and all nine species died within 24–72 h after treatment.
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2.4.3. Roxarsone

The EC50 (14 d) of roxarsone on A. thaliana seedling rate was 32.18 mg/kg dry soil (95% confidence
interval [11.319, 49.795] mg/kg dry soil). On 14 d, the number of plants that emerged in the blank
control group was significantly higher than in each treatment group (Table 4). In the treatment groups,
only the 5 mg/kg and the 80 mg/kg roxarsone groups showed significant differences between each
other in seedling rate on 14 d. This indicated that roxarsone could reduce the growth of A. thaliana.

2.5. Daphnia Activity Inhibition Test

In the control group, the daphnia (D. magna) body structures were clearly observed, not
immobilized, and did not display unusual behaviours. However, in the high drug concentration
groups, the body structure of daphnia appeared blurred, and daphnia immobilization was observed.
Table 6 shows the inhibition rate of monensin and roxarsone on daphnia activity. The EC50 (48 h)
values were 21.1 mg/L (monensin, 95% confidence interval [17.9, 24.7] mg/L) and 292.6 mg/L (roxarsone,
[283.7, 301.8] mg/L), which suggested that both drugs had low toxicity on daphnia. Acute activity
inhibition did not occur in the lincomycin group at all concentrations tested after 48 h. Therefore, the
EC50 of lincomycin for daphnia was > 400 mg/L (the maximum test concentration).

Table 6. Activity inhibition numbers of daphnia in monensin and roxarsone groups at 48 h (n = 8).

Monensin
Concentration (mg/L) 9.5 14.7 20.0 22.7 35.0 0

Daphnia inhibited 0 1.0 ± 0 2.3 ± 0.6 4.0 ± 1.0 8.0 ± 0 0

Roxarsone
Concentration (mg/L) 250.0 268.9 289.3 311.1 334.7 0

Daphnia inhibited 0 1.3 ± 0.6 3.3 ± 0.6 5.7 ± 0.6 8.0 ± 0 0

2.6. Acute Toxicity Tests of Zebrafish

The potassium dichromate toxicity test (reference poison) for zebrafish (D. rerio) is shown in
Table 7. The LC50 of potassium dichromate for zebrafish was 356.6 mg/L (95% confidence interval
[333.0, 381.8] mg/L). An LC50 value between 200–400 mg/L demonstrated that the experimental method
and the fish quality met the appropriate standards [39].

Table 7. Effect of potassium dichromate on zebrafish mortality (n = 8).

Drug Concentration (mg/L) 0 250 300 350 400 450

Mortality 0 0 2 4 6 7

Table 8 shows the toxicity of monensin and roxarsone on zebrafish. There was no significant
difference between the methanol control group and the blank control group (p > 0.05). The LC50

(96 h) values were 4.76 mg/L (monensin, 95% confidence interval [4.670, 4.853] mg/L) and 452.7 mg/L
(roxarsone, [447.9, 457.5] mg/L), suggesting that monensin and roxarsone had medium and low toxicity,
respectively, for zebrafish. The zebrafish in the lincomycin group did not show any abnormal activity
at all concentrations tested after 96 h. Therefore, the LC50 (96 h) of lincomycin was >2800 mg/L (the
maximum test concentration). Previous research showed that roxarsone could cause rapid DNA
destruction of Carassius auratus, and low doses of roxarsone could cause more sustainable and increased
damage than high doses [40]. The experimental LC50 (96 h) values of oxytetracycline and norfloxacin
for zebrafish were 1.262 × 10−3 mol/L and 2.026 × 10−3 mol/L, respectively [41], suggesting their toxicity
may be similar to roxarsone and lower than monensin.
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Table 8. Effect of monensin and roxarsone on zebrafish mortality (n = 8).

Monensin
Concentration (mg/L) 4 4.34 4.7 5.1 5.53 0

Mortality 0 1 4 6 8 0

Roxarsone
Concentration (mg/L) 400 423 447 473 500 0

Mortality 0 1 3 6 8 0

2.7. Acute Toxicity Tests of Earthworm

Table 9 shows the toxicity of monensin and roxarsone on earthworms (E. fetida). The mortality rate
of the control group was less than 10%, suggesting the test was valid. The appearance of earthworms in
the low concentration groups showed no difference compared to the control group. However, in the 20
g/kg roxarsone group, the earthworms atrophied, the girdles were swollen, and some earthworms died.

Table 9. Effect of monensin and roxarsone on earthworm mortality (n = 10).

Monensin

Dose (g/kg Dry Soil) CK 1 200 258 332 427 550
Average

Mortality
7 d 0 0 0 1 3 5

14 d 0 0 2 4 7 10

Roxarsone

Dose (g/kg Dry Soil) CK 4 5.03 6.33 7.95 10
Average

Mortality
7 d 0 0 0 2 5 10

14 d 0 0 3 6 10 10
1 CK represents control check.

There was no significant difference between the methanol control group for monensin and its
blank control group (p > 0.05). The LC50 (14 d) values were 346.0 mg/kg dry soil (monensin, 95%
confidence interval [309, 387] mg/kg dry soil) and 5.74 g/kg dry soil (roxarsone, [5.14, 6.41] g/kg dry
soil), indicating that both drugs had low toxicity for earthworms [30]. No earthworm mortality or
abnormal activity was discovered at all concentrations of lincomycin tested after 14 d. Therefore,
the LC50 (14 d) of lincomycin was >15 g/kg dry soil (the maximum test concentration). The LC50 of
monensin for earthworms was higher than the reported 75.883 mg/kg observed in an artificial soil
test [20].

2.8. Acute Toxicity Test on French Giant Quail

Table 10 shows the toxicity of monensin and roxarsone on French giant quails. The mortality
rate of the control group was less than 10%, suggesting the test was valid. At high concentrations
of roxarsone and monensin, inappetence, listlessness and other symptoms were observed in quails.
There was no significant difference between the carboxymethylcellulose sodium control and the blank
control (p > 0.05), and no significant difference between males and females (p > 0.05). The LD50 (7 d)
values were 672.8 mg/kg (monensin, 95% confidence interval [451.0, 1003.8] mg/kg) and 103.9 mg/kg
(roxarsone, [80.5, 134.2] mg/kg), indicating that monensin and roxarsone displayed low and medium
toxicity, respectively. All quails exposed to lincomycin survived after 7 d, and their appetite, activity,
and excretion were no different from quails in the control group. Therefore, the LD50 (7 d) of lincomycin
was > 2000 mg/kg (the maximum concentration). Another study on the effect of roxarsone on laying
hens suggested that roxarsone could cause an increase in aspartate aminotransferase (AST), lactate
dehydrogenase (LDH), and creatine kinase (CK) activity, a decrease in the liver weight, and histological
evidence of liver damage [42]. Therefore, it is possible that roxarsone causes quail mortality via
oxidative stress.
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Table 10. Effect of monensin and roxarsone on quail mortality (5 male and 5 female).

Monensin

Drug Dose (mg/kg) 0 80 400 800 1100 1500

Mortality
Male 0 0 1 3 3 5

Female 0 0 2 2 3 4

Roxarsone

Drug Dose (mg/kg) 0 30 52.7 100 162.3 284.8

Mortality
Male 0 0 1 2 4 5

Female 0 0 1 2 3 5

2.9. Summary of Results

Acute toxicity test data and toxicity category of the three drugs to six species are summarised in
Table 11. Lincomycin showed low toxicity for all tested organisms, and medium toxicity for S. obliquus.
Monensin showed medium toxicity for S. obliquus and D. rerio, and low toxicity for E. fetida, D. magna,
and C. coturnix, and no detectable toxicity for A. thaliana. Roxarsone showed medium toxicity for
C. coturnix and low toxicity for all other tested organisms.

Table 11. Summary of acute toxicity data and category of drugs.

Species
Roxarsone Monensin Lincomycin

Data Category Data Category Data Category

S. obliquus EC50 (96 h) mg/L 13.15 low 1.085 medium 0.813 medium
A. thaliana EC50 (14 d) mg/kg dry soil 32.18 low <25 / 35.40 low

E. fetida LC50 (14 d) g/kg dry soil 5.74 low 0.346 low >15 low
D. rerio LC50 (96 h) mg/L 452.7 low 4.76 medium >2800 low

D. magna EC50 (48 h) mg/L 292.6 low 21.1 low >400 low
C. coturnix LD50 (7 d) mg/kg 103.9 medium 672.8 low >2000 low

As an important component of aquatic ecosystems, algal photosynthesis accounts for a large
proportion (up to 50%) of global primary productivity [43]. Due to its toxicity on algae, the clinical
dosage and release of lincomycin should be carefully regulated. Monensin showed a significantly higher
toxicity risk on some species compared with other commonly used antibiotics, such as tetracyclines
and quinolones. This result was consistent with previous research findings showing that ionophores
exhibited higher toxicity than other antibiotics [19]. More attention should be given to the use of
monensin, its residue and accumulation in the environment. Roxarsone-contaminated soil and its
accumulation in rice could present serious problems for human health [44]. Despite the low ecotoxicity
of roxarsone found in this study, its use, and the use of other arsenic-containing drugs, requires strict
control to avoid arsenic entering the food chain. Possible methods to reduce the concentration of
drugs in the environment include the treatment of animal manure before field application, the use of
alternative bio-agents for disease treatment, and a well targeted legalized use of antibiotics [45].

3. Materials and Methods

3.1. Chemicals, Test Soils and Organisms

Roxarsone (purity >98%) was purchased from Shanghai Titan Technology (Shanghai, China), LTD.
Sodium morenate (purity >90%) and lincomycin hydrochloride (purity >95%) were purchased from
Sangon Biotech LTD (Shanghai, China). The podzol soil was collected from the Shanghai suburban
district. The black soil was taken from a forest in Changbai Mountain, Jilin Province, China. The laterite
soil was collected from idle farmland in Chuzhou, Anhui Province, China. All test soils were collected
from the surface layer (0–10 cm) that had not been farmed for more than 20 years, and were air-dried,
grinded and sieved to a 2-mm size. The basic properties of the test soils are shown in Table 12.
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Table 12. Basic properties of the test soils.

Test Soil pH
Organic Matter

(g/kg)
Electrical Conductance

(μS/cm)
Total P
(g/kg)

NH4
+-N

(mg/kg)
Total K
(g/kg)

Podzol soil 6.876 26.00 180.3 0.958 12.50 2.53
Laterite soil 6.710 3.62 58.5 0.070 7.13 11.40

Black soil 5.257 263.69 605.5 1.980 19.74 6.97

Scenedesmus obliquus (green algae) were provided by the Chinese Academy of Sciences Institute of
Hydrobiology (Wuhan, Hubei Province, China), and were grown in BG-11 cultures with continuous
passage for three times and were tested in the logarithmic growth phase. Arabidopsis thaliana, wild type,
were provided by School of Life Science and Biotechnology, Shanghai Jiaotong University (Shanghai,
China). All seeds were treated at 4 ◦C for more than a week before sowing. Daphnia magna was
provided by Guangdong Laboratory Animals Monitoring Institute (Guangzhou, Guangdong Province,
China). The daphnia was domesticated in laboratory conditions for 7 d. Healthy infant daphnia were
selected for experiments. Danio rerio was purchased from a pet house in Minhang District, Shanghai,
China. The fish were domesticated in laboratory conditions for 7 d and 2 cm-long healthy fish were
selected. Eisenia fetida were purchased from Wangjun Earthworm Farm in Jiangsu Province, China,
and domesticated for 14 d. Healthy adult earthworms weighing 300–600 mg with an obvious girdle
band were selected. Coturnix coturnix (French giant quails) were purchased from Shanghai Fengxian
Quail Farm in Fengxian District, Shanghai, China. They were aged approx. 30 d and weighed approx.
100 g. The quails were domesticated for 7 d under laboratory conditions, and those with no disease
were selected. All experimental methods performed were in accordance with National Standards of
China [30,39,46] and OECD [47].

3.2. Adsorption-Desorption and Soil Mobility

3.2.1. Adsorption-Desorption Test

The sorption of drugs by soils was investigated using the oscillation balance method following
GB/T 21851-2008 [46]. The optimal soil/solution ratios and adsorption-desorption equilibrium time
used in the formal test were obtained by a pre-experiment (Table 13).

Table 13. Optimal soil/solution ratios and equilibrium time in sorption tests.

Soil
Lincomycin Monensin Roxarsone

Ratio Time (h) Ratio Time (h) Ratio Time (h)

Podzol soil 50:1 24 100:1 48 50:1 24
Laterite soil 50:1 24 20:1 24 50:1 48

Black soil 50:1 24 50:1 24 50:1 48

Soil samples (0.5–5 g) were weighed and placed in 50 mL centrifuge tubes covered with tin foil.
Appropriate amounts of aqueous solution of different drug concentrations (0, 1, 2, 3, 4, and 5 mg/L)
were added to the tubes to reach the optimum soil/solution ratios. The tubes were shaken at 25 ± 2 ◦C
at 180 r/min. Three replicates were used for each concentration group.

After the adsorption reached equilibrium, drugs in solution and soils of all groups were extracted
and detected using methods described in 3.2.3 and 3.2.4. Adsorption rates were calculated and the
Freundlich model (lg Cs = lg Kd + 1/n lg Ce) was applied to fit sorption isotherms.

3.2.2. Soil Mobility Test

Mobility was investigated by soil thin-layer chromatography following GB/T 31270-2014 [30].
10 μg of each drug was spotted 2.0 cm from the lower end of the coated soil sheet plates (containing
10 g of soil, 0.5 mm soil thickness, air-dried). Blank controls and three replicates were used. After the
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solvent had evaporated, the glass plate was placed at an angle of 30◦ in a chromatographic bath, and
was then unfolded by distilled water at room temperature until the water surface reached the leading
edge of the glass plate. The soil layer was divided into 6 × 3 cm segments. Each soil segment was
scraped into a 10 mL centrifuge tube to detect drug content (3.2.3 and 3.2.4). The Rf values of drugs
were calculated.

3.2.3. Soil Drug Extraction

Drugs were extracted from soils according to [48]. Briefly, 10 mL of methanol was added to the
soil in centrifuge tubes. The tubes were then vortexed for 1 min, sonicated at 25 ◦C for 10 min, and
centrifuged at 8000 r/min for 5 min. The supernatant was passed through a 0.45 μm filter to obtain the
pre-treated sample solution. Extraction accuracy was checked by a recovery test (Table 14). Addition
concentrations were 1, 2, 4 mg/L, and five replicates for each concentration were tested in each soil.

Table 14. Extracted drug recovery in test soils (%).

Drug
Podzol Soil Laterite Soil Black Soil

Recovery RSD Recovery RSD Recovery RSD

Lincomycin 73.2–97.4 0.801–3.10 71.7–108 1.21–4.83 78.1–98.6 0.344–2.12
Monensin 84.6–91.8 1.98–4.62 81.0–111 0.620–4.62 90.3–106 1.72–5.10
Roxarsone 89.9–92.6 1.15–3.18 91.2–99.3 1.34–1.69 79.4–96.7 1.36–3.87

Drug extraction from water: an appropriate volume of testing water was passed through a 0.22 μm
filter to obtain the pre-treated sample solution.

3.2.4. Drug Detection

Pre-treated samples from 3.2.3 were analysed using an ultraviolet spectrophotometer (Agilent,
Beijing, China) and the method’s accuracy was tested.

Lincomycin

Lincomycin and PdCl2 can form a coloured complex with a maximum absorption peak at 380
nm [49] under acidic conditions. 1.6 mL of 0.02 mol/L PdCl2 solution was added to a pre-treated
sample solution in a 50 mL volumetric flask, diluted with 1 mol/L hydrochloric acid solution, and
mixed in the dark for 30 min. The absorbance was measured at 380 nm. The linear regression equation
was: y (absorbance) = 0.0024 × (drug concentration) − 0.0003, R2 = 0.9986.

Monensin

A 3% vanillin solution was used as a derivatization reagent to react with monensin, and the
product has a maximum absorption peak at 525 nm [50]. 2 mL of 3% vanillin solution and methanol
were added to the pre-treated sample solution in a 50 mL volumetric flask, shaken, diluted, and then
heated in a 45 ◦C water bath for 20 min. After the solution cooled to room temperature, its absorbance
was measured at 525 nm. The linear regression equation was: y = 0.0329x + 0.0008, R2 = 0.9973.

Roxarsone

Roxarsone has ultraviolet-absorbing groups such as a benzene ring, and its solution has a
maximum absorption peak at 264 nm [51]. The pre-treated sample solution was made up to 50 mL
with distilled water and the absorbance was measured at 525 nm. The linear regression equation was:
y = 0.0227x, R2 = 0. 9981, average RSD% = 9.77.
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3.3. Ecotoxicology Tests

3.3.1. Algae Growth Inhibition Test

S. obliquus was cultured in 100 mL Erlenmeyer flasks filled with 100 mL culture. The BG-11 culture
was prepared according to Deng. et al. [52], with the initial pH adjusted to 7.1–7.5 with 1 M NaOH and
HCl solutions. Flasks were placed in an artificial climate chamber with 12 h light and 12 h darkness at
29 ◦C. Light intensity was 5000 lux.

The original algae concentration was measured by a blood cell counting plate, and sequentially
diluted 1:2, 1:10, 1:50, and 1:100. The absorbance of the five gradient concentrations of the algal liquid
was measured at OD 660 nm by spectrophotometry, and the equation obtained was y (absorbance) =
687.19 × 104 × (algae concentration), R2 = 0.9982.

Before inoculation, the absorbance was measured and the initial concentration of algae in the
conical flask was diluted to 105/mL according to the absorbance. The absorbance was measured
again after inoculation. According to the results of the pre-experiment, the concentration of algae
growth inhibition rate exceeding 50% was selected as the highest concentration of the formal test. Five
concentrations and blank controls were used for each drug with three replicates (the solvent control for
monensin was 0.1 mL/L dimethyl sulfoxide). The following drug concentrations were used: roxarsone:
5.0, 8.1, 13.2, 21.5, 35.0 mg/L; monensin: 0.40, 0.67, 1.31, 1.90, 3.20; lincomycin: 0.10, 0.20, 0.40, 0.80, 1.60.
Monensin was solubilized with dimethyl sulfoxide at 0.1 mL/L. The absorbance of the algae solution
was measured after shaking for 0 h, 24 h, 48 h, 72 h and 96 h. The pH was measured after shaking for
96 h in accordance with GB/T 21805-2008 [46].

3.3.2. Plant Sensitivity Test

The plant sensitivity test was conducted by soil culture using circular pots with a diameter of
15 cm. A 600 g sample of test soil was used at a thickness of approx. 10 cm, in accordance with GB/T
31270-2014 [30]. Lincomycin and roxarsone were dissolved in water. Monensin was solubilized with
methanol at 2 mL/kg dry soil.

According to the results of the pre-experiment, five concentrations with three replicates and blank
controls were used for each drug in the formal tests (the solvent control for monensin was methanol,
2 mL/kg dry soil). The following drug concentrations were used: lincomycin: 6, 12, 18, 24, 30 mg/kg
dry soil; roxarsone: 5, 25, 45, 65, 80 mg/kg dry soil; and monensin: 25, 50, 75, 100, 125 mg/kg dry soil.

After the soil and the test solution were thoroughly mixed (methanol volatilized completely),
10 seeds of A. thaliana were evenly planted on the surface of podzol soil with conditions of 16 h light
and 8 h darkness, 25 ± 2 ◦C (day) and 22 ± 2 ◦C (night), 75% humidity and 15,000 lux light intensity.
The soil moisture was approx. 60% during the test. Drug effects were evaluated 14 d after emergence
of the seedlings reached 50% in the control group. As the test endpoint, the seedling emergence rate of
each group was calculated on 14 d after sowing. The biomass and plant height were measured on 14 d.

3.3.3. Growth Inhibition Test of Daphnia Activity

Eight D. magna organisms were cultured in a 100 mL Erlenmeyer flask per treatment, with 50
mL of experimental water (tap water, naturally placed for 2 d). Young daphnids (aged less than 24 h,
not first brood progeny) were selected, according to GB/T 21830-2008 [46]. Specimens were incubated
at 20 ◦C in complete darkness. Daphnids were not fed during the experiment and were moved with
droppers. Monensin was solubilized with methanol to 0.1 mL/L.

According to the results of the pre-experiment, five concentrations with three replicates and
blank controls were used for each drug (the solvent control for monensin was 0.1 mL/L methanol).
The following drug concentrations were used: roxarsone: 250.0, 268.9, 289.3, 311.1, 334.7 mg/L;
monensin: 9.5, 14.7, 20.0, 22.7, 35.0 mg/L; and lincomycin: 80, 120, 180, 270, 400 mg/L. After 24 h and 48
h, the number of immobilised daphnids (used as endpoint) were counted, and their behaviour and
appearance in each conical flask were examined.
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3.3.4. Acute Toxicity Test of Zebrafish

Acute toxicity test of zebrafish was performed according to GB/T 27861-2011 [39]. Each aquarium
(0.2 m × 0.2 m × 0.2 m) was filled with 3 L of experimental water (tap water, naturally placed for 2 d)
and 8 fish.

Potassium dichromate was used for the reference poison test, and concentrations used were 0,
250, 300, 350, 400, and 450 mg/L. Mortality rate was calculated after 24 h.

According to the pre-experiment, the lowest total lethal concentration and the highest total
survival concentration of the drugs were obtained. In the formal experiment, five drug concentrations
were used in that range according to the equal ratio series: roxarsone: 316, 354, 397, 445 and 500 mg/L;
monensin: 4.00, 4.34, 4.70, 5.10, 5.53 mg/L. Monensin was solubilized with methanol at 0.1 mL/L.
Blank solvent controls (0.1 mL/L methanol for monensin) were used. No replicates were used for each
concentration group or controls.

The experimental conditions were 25 ± 2 ◦C, no aeration, with feeding during the experiment.
Dead fish were removed to prevent water pollution. The experiment lasted 96 h, and the number of
deaths and symptoms of poisoning were observed every 24 h. Temperature, oxygen concentration
and pH were monitored daily. All procedures were approved by the Animal Ethical and Welfare
Committee of Shanghai Jiaotong University Animal Department (Approval ID 20180301005).

3.3.5. Acute Toxicity Test of Earthworms

A 500 g sample of podzol soil, 125 mL of distilled water and drug solution were added to
each experimental container. Monensin was ventilated for 24 h after mixing to volatilize solvent
methanol. Ten earthworms dried by filter paper were added, with their intestines cleaned for 24 h
before the experiment.

The lowest total lethal concentration and the highest total survival concentration of the drugs
were obtained in pre-experiments. In the formal experiments, five concentrations were used in that
range according to the equal ratio series: roxarsone: 1.25, 2.50, 4.00, 10.00 and 20.00 g/kg dry soil; and
monensin: 30, 60, 200, 350, and 550 mg/kg dry soil. Three replicates for each concentration, blank
controls and solvent control (0.1 mL/L methanol for monensin) were used.

The experimental conditions were 20 ± 2 ◦C, 75% humidity, and approx. 60% soil moisture.
The number of deaths and poisoning symptoms were recorded on 7 d and 14 d, and mortality rate
was calculated.

3.3.6. Acute Toxicity Test of Quails

The experiment was performed by a one-off oral toxicity test with oral needles and catheters,
in accordance with GB/T 31270-2014 [30]. The dose was 1 mL/quail, where lincomycin and roxarsone
of low concentration were dissolved in water, and roxarsone of high concentration and monensin were
dissolved in 0.05% sodium carboxymethylcellulose solution.

According to the pre-experiment, the lowest total lethal concentration and the highest total
survival concentration of the drugs were obtained. In the formal experiment, five concentrations were
used in that range according to the equal ratio series: roxarsone: 30.0, 52.7, 100.0, 162.3 and 284.8 mg/kg;
monensin: 80, 400, 800, 1100, and 1500 mg/kg. Blank controls and solvent controls (0.05% sodium
carboxymethyl cellulose solution) were used. There were no replicates for each concentration group
or controls.

Ten quails (5 male and 5 female) were placed in each cage, and the experimental period was
7 d. The death and symptoms of quails were observed every 24 h. All procedures were approved
by the Animal Ethical and Welfare Committee of Shanghai Jiaotong University Animal Department
(Approval ID 20180102008).
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3.4. Statistical Analysis

The data were calculated using Excel 2016 (Microsoft Inc., Redmond, WA, USA). Univariate
analysis of variance was performed using IBM SPSS Statistics 19.0 (International Business Machines
Corporation, Armonk, NY, USA), and Probit regression model was established to calculate EC50, LC50,
LD50 and 95% confidence intervals. The Duncan method was used to analyse significant differences at
p < 0.05 of each group.

4. Conclusions

This study evaluated the adsorption and migration capacity of lincomycin, monensin and
roxarsone in different soil environments and their toxic effects on diverse environmental organisms.
Moderate soil mobility and high water solubility exhibited by lincomycin could assist drug transfer and
accumulation in various environments, and may cause certain problems after enrichment. Roxarsone
was moderately mobile and its ecotoxicity implied that it is a potential ecological risk. Monensin
was the most toxic among the three drugs tested, and its higher affinity to soil made it easier to be
accumulated. The potential environmental impacts identified by the drugs tested as a result of their
mobility, persistence and ecotoxicity will help to inform veterinary drug management and drug residue
pollution concerns.
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Abstract: Potential risks associated with releases of human pharmaceuticals into the environment have
become an increasingly important issue in environmental health. This concern has been driven by the
widespread detection of pharmaceuticals in all aquatic compartments. Therefore, 22 pharmaceuticals,
6 metabolites and transformation products, belonging to 7 therapeutic groups, were selected to
perform a systematic review on their source, fate and occurrence in different aquatic compartments,
important issues to tackle the Water Framework Directive (WFD). The results obtained evidence that
concentrations of pharmaceuticals are present, in decreasing order, in wastewater influents (WWIs),
wastewater effluents (WWEs) and surface waters, with values up to 14 mg L−1 for ibuprofen in
WWIs. The therapeutic groups which presented higher detection frequencies and concentrations were
anti-inflammatories, antiepileptics, antibiotics and lipid regulators. These results present a broad and
specialized background, enabling a complete overview on the occurrence of pharmaceuticals in the
aquatic compartments.

Keywords: environmental contaminants; pharmaceuticals occurrence; pharmaceuticals; aquatic
compartments

1. Introduction

Human pharmaceuticals, presenting different characteristics and, consequently, producing
different environmental exposure profiles, represent a group of widely used chemicals that contaminate
the aquatic environment. Albeit in trace amounts, they are of concern, since they are designed to
perform a biological effect. Moreover, given their continuous introduction into the environment, their
impact, both as stressors and as agents of change, is of great importance [1].

The main source of pharmaceuticals residues in the aquatic environment is human excretion, and
consequently, the widespread presence of pharmaceuticals in environmental samples is most likely
to occur from wastewater treatment plants (WWTPs), which incompletely remove these compounds.
Pharmaceuticals are then released into the environment as parent compounds, metabolites, as well as
transformation products [2], leading to the contamination of surface waters, seawaters, groundwater
and even some drinking waters already identified by new analytical methodologies which allowed the
detection at low ng L−1 [3–10].

Although no legal limits have been established in water, seven pharmaceuticals and one metabolite
became part of the WFD watch list established by the Directive 2013/39/EU amended by the Commission
Implementing Decision from the EU 2015/495 and the EU 2018/840. This list is dynamic, changing
with the awareness on the persistence in the water cycle, and its validity in time is limited. Therefore,
identifying and prioritizing new pharmaceuticals are important goals to be accomplished for future
updates in order to minimize the aquatic environmental contamination by pharmaceuticals [11].
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Additionally, as a part of the strategy implemented by the Directive 2013/39/EU, all member states shall
monitor the substances in the watch list at the selected surface waters’ representative monitoring stations.

Globally, heavy contamination pressures from extensive urban activities characterize the main
rivers that might lead to high aquatic contamination levels and consequent environmental and human
exposure. Although the concentrations of pharmaceuticals in influents (WWIs) and effluents (WWEs)
of WWTPs and surface waters are routinely monitored in many countries, only in recent years there
has been an increase in the number of studies concerning the occurrence of pharmaceuticals in the
aquatic environment [12–16]. Additionally, other aquatic compartments such as seawater, groundwater,
mineral water and drinking water have a lower amount of data available regarding this contamination.
However, most of these studies are primarily focused on a small number of targeted compounds in
localized areas. Therefore, there is a knowledge gap which demands a comprehensive and systematic
evaluation of pharmaceuticals, its metabolites and transformation products in the aquatic environment.

Thus, a systematic review, in order to provide a clear insight on pharmaceuticals’ contamination
of the water compartment, should embrace, not only several parent compounds, but also metabolites
and transformations products belonging to different therapeutic groups (Table 1).

The pharmaceuticals in study, key representatives of major classes of pharmaceuticals, were
selected based on the EU watch list, their high consumption, pharmacokinetics, physicochemical
properties, persistence, previous studies on the occurrence on the aquatic environment and their
potential toxicological impact, both on humans and on the aquatic environment [11,17–20]. In this
way, the complete scenario of the contamination of pharmaceuticals in the aquatic environment
could be acquired, contributing to future improvements in minimization measures, calculation of the
environmental risk assessment and legislation.

In a larger vision of future water resource management sustainability, with the escalating population
growth and intensified agricultural and industrial activity, water scarcity will be a reality [21–23].
Therefore, there will be the need for water/wastewater recycling, and the contamination of water
resources by pharmaceuticals gains yet another perspective. Therefore, it is important to obtain a better
understanding of the context, concerning the source, fate and occurrence posed by pharmaceuticals in
the aquatic environment.

2. Sources and Fate of Pharmaceuticals in the Environment

2.1. Sources

Pharmaceuticals are widely consumed throughout the world and can reach the aquatic environment,
primarily through human excretion or by direct disposal of unused or expired drugs in toilets, being
WWTPs are considered the primary sources of these contaminants into the water bodies [18,24].
Although they are administered within healthcare facilities, namely, hospitals, nursing, assisted living
and independent living healthcare facilities, its contribution to the input of pharmaceuticals into the
municipal WWTPs is quite low, since these facilities typically make a small contribution to the overall
load [3,25,26]. The hospital contribution to the total load of pharmaceuticals in municipal WWTPs is
for most compounds under 10% and, usually, even below 3% [9]. However, wastewaters from drug
production can be a potential source of pharmaceuticals in certain locations, namely, in major production
areas for the global bulk drug market [6]. Finally, veterinary medicines can also enter the environment;
however, their environmental exposure routes and fate differ from human pharmaceuticals [19,27].

Thus, these drugs, their metabolites and/or transformation products may enter the environment via
WWTPs effluents or by land application of biosolids, originating from WWTPs sludges, which, through
runoff or leaching, can enter the aquatic environment, surface or groundwaters [28]. It is important to
highlight that the EU banned disposal of sewage sludge at sea in 1998, and since then, its application
rate to land has risen significantly [29].
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2.2. Consumption Patterns

The presence of pharmaceuticals in the environment generally correlates well with the amount
used in human medicine. Therefore, these data can be used to identify pharmaceuticals that may pose
a risk to the environment [30]. An accurate estimate of the extent of drug exposure in a population is
difficult in most countries, as precise consumption data are often lacking. In addition, the statistics
frequently cover prescription drugs only and do not include over-the-counter medicines or hospital
use of pharmaceuticals [31].

Nevertheless, for several reasons, consumption of pharmaceuticals is expected to increase and,
thus, increase the burden of their presence in the environment. First, as the number of older people is
rising, with frequent therapeutic regimes of five or more medicines, the extensive use of pharmaceuticals
will also increase. In addition, with a rise in living standards and with a decrease in pharmaceuticals
price, their usage will escalate throughout the world [9].

Bearing in mind the available data on antidepressants and lipid regulators provided by the
Organization for Economic Cooperation and Development (OECD), in defined daily dose (DDD), which
is calculated per 1000 inhabitants per day, the increased consumption from 2000 to 2015 is clear, with
an increase of 30.7 to 60.6 DDD and of 28.1 to 100.7 DDD in antidepressants and lipid regulators,
respectively [32].

However, the correlation between consumption data and environmental contamination is related
to the amount consumed per year (kg y−1), which may not correspond to a higher DDD, that varies
widely between pharmaceuticals. For example, in 2000, approximately 100 million women worldwide
were current users of combined hormonal contraceptives; however, since the DDD is very low for
hormones, this will not correlate with the amount sold in kg [33].

When observing the pharmaceuticals consumption data on European countries (Table 2), namely,
the amount consumed per year, we can realize that the amount used in Switzerland and Sweden is lower
than the rest of the countries. This is explained by the fact that they have a significantly lower population
when compared to the other countries referred to in Table 2 (Germany, France, Italy and Spain).

Table 2. International consumption of the selected pharmaceuticals.

Therapeutic
Group

Pharmaceutical
DDD 1000
inh−1 d−1

mg
inh−1 y−1 kg y−1 Year Country Reference

Anx ALP 17.64 a 6.4 a 302 a 2010 Spain [27]
NA 2.9 178 2004 France

LOR 19.67 a 17.9 844 2010 Spain [27]
NA 9.6 585 2004 France
13.3 NA 709 2010 Italy [5]

Antib AZI 0.9 a 98.6 4634 a 2010 Spain [27]
NA 67.1 4073 2004 France
NA NA 13870 2010 Italy [34]
1.3 NA 13870 2010 Italy [5]

CIP 1.1 a 401.5 18870 a 2010 Spain [27]
NA 200.7 12186 2004 France
NA NA 21672 2010 Italy [34]
1.0 NA 21672 2010 Italy [5]

CLA 0.6 a 231.0 10864 a 2010 Spain

[27]NA 150 12360 2010 Germany
NA 232.9 1700 2010 Switzerland
NA 276.1 16889 2010 France
NA NA 64470 2010 Italy [34]
3.0 NA 64470 2010 Italy [5]

ERY 0.1 a NA 1716a 2010 Spain [27]
NA NA 0.12 2010 Italy [34]
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Table 2. Cont.

Therapeutic
Group

Pharmaceutical
DDD 1000
inh−1 d−1

mg
inh−1 y−1 kg y−1 Year Country Reference

Lip reg BEZ 0.6 a 133.0 a 6178 a 2010 Spain

[27]
NA 475.2 39158 2010 Germany
NA 215.6 1574 2010 Switzerland
NA 343.4 20852 2004 France
NA 66.7 NA 2005 Sweden
NA NA 7600 2001 Italy [5]

SIM NA 282.7 a 13340 a 2010 Spain [27]
NA 114.3 6943 2004 France

Antiepi CAR 1.2 a 438.0 20595 2010 Spain

[27]
NA 1010.9 83299 2010 Germany
NA 857.5 6260 2010 Switzerland
NA 554.3 33364 2010 France
NA 463.0 820 2005 Sweden
NA NA 31190 2010 Italy [34]
NA 0.61–0.98 NA 2010 Europe [35]
NA NA 31190 2010 Italy [5]
NA NA 88000 2001 Germany [1]

SSRIs ESC 0.01 a 38.8 1824 a 2010 Spain [27]
NA 0.08 4.6 2004 France

FLU 0.02 a 62.0 2914 a 2010 Spain [27]
NA 61.6 3740 2004 France

PAR 0.02 a 69.4 3264 a 2010 Spain [27]
NA 90.8 5515 2004 France

SER 0.05 a 102.1 4800 a 2010 Spain [27]
NA 102.5 6224 2004 France

Anti-inf
DIC 7.9 a 369.9 17395 a 2010 Spain

[27]
NA 953.6 78579 2010 Germany
NA 934.1 6819 2010 Switzerland
NA 370.1 22640 2010 France
NA 375.9 NA 2005 Sweden
NA 60–880 NA 2009 Europe [35]
4.5 NA 9602 2010 Italy [5]
NA NA 345000 2001 Germany [1]

IBU NA 4647.5 218527 2010 Spain

[27]
NA 3043.6 250792 2010 Germany
NA 3078.2 22471 2010 Switzerland
NA 953.8 58353 2010 France
NA NA 7864 2005 Sweden
NA NA 622000 2001 Germany [1]

NAP 5.15 a 1205.9 56700 a 2010 Spain [27]
NA 614.7 37332 2004 France

PARA NA 22667.7 1065835 2010 Spain [27]
NA 54389.5 3303077 2004 France
NA NA 836000 2001 Germany [1]

Horm E2 0.894 a 12.6 a 2010 Spain [27]
EE2 1.1969 a 0.03 1.2 a 2010 Spain

[27]NA 0.58 48.2 2001 Germany
NA 0.54 4.0 2000 Switzerland
NA 0.11 NA 2005 Sweden

Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators, Antiepi—antiepileptics, Anti-inf—anti-inflammatories,
Horm—hormones, NA—not available, DDD—defined daily dose and SSRIs—selective serotonin reuptake inhibitors. a

Estimated consumption. Data on ZOL, GEM and CIT was not possible to obtain.

Besides the differences in population, different patterns are also observed between countries, even
within each therapeutic group; however, some trends are clear regarding the global consumption of
therapeutic groups. Anti-inflammatories are clearly the group with higher consumption (in kg), being
PARA the pharmaceutical with the highest consumption. This group is followed by the antiepileptic CAR,
with particularly high values in Germany. Antibiotics and lipid regulators have similar consumption
patterns; nonetheless, these groups have great variations within them, showing distinct trends in
different countries. Anxiolytics, SSRIs and hormones, in decreasing order, were the therapeutic groups
with the lowest consumptions.
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One should note that there are often discrepancies between pharmaceuticals sold and those
actually consumed, due to delays between sales and actual use of medication. Moreover, patterns of
local consumption might differ from those observed on a national scale [34,35].

2.3. Mechanism of Action, Metabolization and Excretion

Pharmaceuticals have different mechanisms of action resulting in several therapeutical indications,
which differ between therapeutic groups. However, within each group, some variations can also occur,
since there is more than one class of pharmaceuticals in each group.

The therapeutic group of anxiolytics include pharmaceuticals from the class of benzodiazepines
like ALP and LOR, which are used for numerous indications, including anxiety, insomnia, muscle
relaxation, relief from spasticity caused by central nervous system pathology and epilepsy. They act by
binding to gamma-aminobutyric acid, increasing its activity, reducing the excitability of neurons and
promoting a calming effect on the brain [36]. Although the hypnotic ZOL is not a benzodiazepine, it
also acts on gamma-aminobutyric acid, promoting a shorter effect than benzodiazepines [37].

The selected antibiotics belong to two different classes, fluoroquinolones (CIP) and macrolides
(AZI, CLA and ERY), which inhibit bacterial growth. Fluoroquinolones act by inhibiting bacterial DNA
synthesis, and macrolides link to the bacterial ribosomes, inhibiting protein biosynthesis [38,39].

Lipid regulators drugs are used to treat dyslipidaemias; primarily, raised cholesterol. Statins
like SIM have the capacity to reduce the endogenous cholesterol synthesis by inhibiting the principal
enzyme involved. The fibrates (BEZ and GEM) increase the expression of some proteins in the liver,
which results in a substantial decrease in plasma triglycerides and is usually associated with a moderate
decrease in cholesterol concentrations [40,41].

The antiepileptic CAR has been extensively used in the treatment of epilepsy, as well as in the
treatment of neuropathic pain and affective disorders, mainly due to the inhibition of sodium channel
activity [42].

The SSRIs (CIT, ESC, FLU, PAR and SER) are antidepressants that, via inhibition of the serotonin
reuptake mechanism, induce an increase in serotonin concentration within the central nervous
system [43]. It should be noticed that CIT is a racemic mixture of R-citalopram and S-citalopram
enantiomers with different potencies, but since S-citalopram is more potent, it is also marketed as the
single S-enantiomer formulation ESC [44].

The anti-inflammatories DIC, IBU and NAP are non-steroids, and their mechanism of action is
through inhibition of cyclooxygenase (1 and 2) in the periphery and central nervous system, reducing
pain and inflammation but also other physiologic processes [45]. As for PARA, it acts on cyclooxygenase
(2 and 3) in the central nervous system and only reduces pain and fever [46].

Finally, the hormones E1 and E2 are estrogen sex hormones, mainly female, and although they
regulate the reproductive system, they also act in very different endocrine systems. As pharmaceuticals,
E2 is mostly used in hormone replacement therapy, and EE2, a synthetic hormone more potent than E2,
is primarily used in oral contraception [47,48].

According to other authors, pharmacokinetic data could provide a better knowledge of the
environmental fate of pharmaceuticals, especially in the water compartment [30,49].

After consumption, pharmaceuticals are metabolized and primarily excreted in urine and feces as
a mixture of the parent compound and its metabolites. The elimination in urine and/or feces is driven
by two mechanisms, Phase I and Phase II metabolites. The first one uses the hepatic metabolism and,
through biochemical oxidations, reductions and hydrolysis, increases the polarity and water solubility
of the metabolites. Phase II metabolites are produced by a biochemical reaction through a conjugation
step (i.e., glucuronidation and sulphation), where polar groups are transferred to parent compounds or
metabolites, allowing these conjugated metabolites to become enough hydrophilic and water soluble
to be eliminated through urine and/or feces [1,50,51]. These processes usually promote the loss of
pharmaceutical activity of the compound. However, there are pharmaceuticals that are only active after
metabolic activation by enzymatic system(s) of the parent compound (pro-drugs) to metabolite(s) [1].
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To determine this pharmacokinetic feature, the proportion of the unchanged active molecule
excreted in urine and/or in feces and the proportion of the parent molecule excreted as conjugates
(glucuronide and sulphate) was included when available [52,53] (Table 3). The excretion rate, in addition
to the consumption data, contributes to either a greater or lesser environmental impact and is related to
the reported occurrence of the parent compound and its metabolites in the aquatic compartment [30,54].
Therefore, the excretion features were revised and are presented in Table 3.

Table 3. Excretion rates of the selected pharmaceuticals.

Therapeutic Group Pharmaceutical Excretion Results References

Anx ALP 20 [55]
LOR 72.5 [56]
ZOL 0.75 [57]

Antib AZI 12 [56]
CIP 60/83.7 [1]

70 [5]
70 [56]

CLA 25 [58]
25 [25]

ERY 25 [49]
10 [58]
5 [59]

Lip reg BEZ 72 [60]
69 [5]

47.5 [1]
50 [61]
45 [62]

GEM 50 [63]
SIM 12.5 [1]

12.5 [62]

Antiepi CAR 33 [25]
5 [64]
3 [29]
3 [59]

SSRIs CIT 23 [56]
12/20 [65]

ESC 9 [66]
FLU 5/10/11 [65]

10 [28]
SER 0.2 [56]

0.2 [28]
0.2 [65]

PAR 3 [56]
3 [28]
3 [65]

Anti-inf DIC 39 [5]
15 [1]
15 [63]
15 [60]

12.5 [62]
IBU 15 [67]

10 [68]
10 [61]
5 [1]

NAP 10 [25]
<1 [59]

PARA 80 [69]
75 [56]

Horm E2 5.6 [70]
EE2 22/26/27/35/42/53/66/68 [71]

Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators, Antiepi—antiepileptics, SSRIs—selective serotonin
reuptake inhibitors, Anti-inf—anti-inflammatories and Horm—hormones.
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While several publications are available on the metabolism of pharmaceuticals, the results of these
studies can vary. The observed differences are probably explained by genomically distinct metabolizing
capacities, as well as differences in race, sex, age and health status of the studied subjects, which are all
known to affect the route and rate of metabolism [54,72]. SSRIs are clearly the therapeutic group with
lower excretion rates, ranging from 0.2% to 23%, whereas the other groups present higher variability.
The compounds with higher excretion rates are CIP (84%), PARA (80%), LOR (73%), BEZ (72%), E2
(68%) and GEM (50%).

3. Physicochemical Properties and Fate

3.1. Physicochemical Properties

The fate and persistence of the excreted pharmaceuticals and/or metabolites in the aquatic
environment depend upon their physicochemical properties and the chemical and biological
characteristics of the receiving water compartment. Several important chemical measurements
of the pharmaceuticals in study, such as pKa (acid dissociation constant), log Kow (octanol-water
partitioning coefficient), log Dow (the pH-dependent n-octanol-water distribution ratio), log Koc (soil
organic carbon-water partitioning coefficient) and solubility, are presented in Table S1 (supporting
information). These features can provide strong evidence of the ionization state of the compounds, their
hydrophobicity and can help determining whether they will partition into water, biosolids, sediment
and/or biological media [28,73].

Some authors defend that the log Kow and log Koc approaches are excessive restrictive models of
pharmaceuticals distribution in the environment. In complex natural water and wastewater samples,
partitioning due to hydrophobicity/lipophilicity is not the only physicochemical force of attraction
operating between molecules. Electrostatic interactions, chemical bounding and nonspecific forces
between ionized molecules and dissolved organic matter are neglected through exclusive log Kow

and Koc approaches. Some studies have illustrated that water pH could play an important role in
the interactions between organic matter and pH-depending pharmaceuticals, since there is a great
variability between these compounds as regard to their pKa (4.0–18.3) [1]. Therefore, the log Dow and
log Koc values presented in Table S1 (supporting information) are specific for pH 7.4, a value close to
the ones usually observed in the water compartments (wastewater and surface water) [29,73,74].

With a log Dow superior to 1, the likelihood of predominance of the chemical in the aqueous
phase decreases logarithmically, whereas below a log Dow of -1, the likelihood of predominance of the
chemical in the aqueous phase increases logarithmically. Therefore, compounds having log Dow values
between -1 to +1 could be anticipated to be distributed in both the water and organic phases [73].

As seen in Table S1 (supporting information), the physicochemical properties of pharmaceuticals
show a high variability. For example, the log Dow ranges from -2.23 to 4.6, the log Koc varies between 0
and 3.88 and even solubility goes from 0.1 to 101,200 (mg L−1). These variations are not only observed
between different therapeutic groups but also within each group, since, as previously referred, this
pharmaceuticals grouping does not correspond to similar chemical structures and there are more than
one class per group. This can be seen especially for antibiotics, lipid regulators and anti-inflammatories,
where greater fluctuations in these parameters are reported.

In summary, although pharmaceuticals present different physicochemical properties, some are
expected to be more lipophilic and others to sorb to soils and sediments, they all have relatively high
water solubility, having the potential to contaminate the aquatic environment [75].

3.2. Fate in Wastewater Treatment Plants

After excretion, pharmaceuticals are transported to WWTPs through the sewer system, and no
significant removal occurs during transport in sewer pipes to WWTPs [76]. As hotspots of aquatic
contamination, WWTPs play an important role in the life cycle of pharmaceuticals, since many
are incompletely removed by conventional treatment processes and behave as persistent organic
micropollutants [77].
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The removal of pharmaceuticals in WWTPs is a complex phenomenon with many plausible
mechanisms; additionally, these facilities are generally not equipped to deal with complex
pharmaceuticals, as they were built and upgraded with the principal aim of removing easily or moderately
biodegradable carbon, nitrogen and phosphorus compounds and microbiological organisms [18,78]. The
main mechanisms involved in the removal of pharmaceuticals by WWTPs are filtration; biodegradation
(e.g., oxidation, hydrolysis, demethylation and cleavage of glucuronide conjugates); sorption to sludge
or particulate matter (by hydrophobic or electrostatic interactions) and chemical oxidation. Loss by
volatilization can be considered as negligible [79–81].

WWTPs employ a primary, a secondary and an optional tertiary treatment process, being the last
one is always associated with a high treatment cost. During primary treatment, physical removal of
solids is achieved through a sieve, regularly followed by coagulation-flocculation processes for the
removal of particulate matter, as well as colloids and some dissolved substances; however, this process
is ineffective for the elimination of pharmaceuticals [82]. In the secondary treatment, usually with
activated sludges, pharmaceuticals are subjected to a range of processes, including dispersion, dilution,
partition, biodegradation and abiotic transformation, being biodegradation and sorption to solids are
the main removal pathways of pharmaceuticals during this biological treatment. Afterwards, some
WWTPs possess tertiary treatments like advanced oxidation processes, ultraviolet radiation (UV) or
ozonation [82,83]. Most of the WWTPs in northern Europe comprise tertiary wastewater treatment;
however, in other countries, they are less frequent [18].

Besides the type of wastewater treatment, WWTPs’ efficiency in removing pharmaceuticals is
influenced by operational and environmental conditions, namely, the hydraulic retention time (HRT)
(high HRT allows reactions like biodegradation and sorption mechanisms to occur); solid retention
time (SRT) (which controls the size and diversity of the microbial community, and higher SRT will
facilitate the build-up of slowly growing bacteria enhancing removal); environmental temperature
(since higher temperatures reflect superior removal efficiencies) and pH conditions (affecting on the
degradation kinetics of the compounds) [50,78,82,84,85].

As previously mentioned, the physicochemical characteristics of the pharmaceuticals also affect
their removal in WWTPs. Since a significant part of the removal process is through sorption or
biodegradation in sludge, the ability to interact with solid particles plays a major role. Thus, compounds
with low sorption coefficients tend to remain in the aqueous phase, favoring their mobility through the
WWTPs and into the receiving waters [86,87]. Independently of their physicochemical characteristics,
some authors state that the portion of some pharmaceuticals in the treated sludge is negligible (<20%)
when compared to the aqueous fraction for NAP, DIC, BEZ, GEM, LOR and CAR, although higher
sorption removals were noted for selected compounds (AZI, CIP, IBU, PAR and PARA) [29,85].

Generally, during secondary treatment, compounds with log Dow higher than 3, which indicates
high sorption potential, tend to be removed through sorption onto sewage sludge, while compounds
with log Dow between 1.5 and 3 are removed mainly by biodegradation. The remaining pharmaceuticals
with log Dow inferior to 1.5 tend to remain dissolved [50,80,82,88]. Therefore, it is expected that the
removal efficiency of substances with higher log Dow are more influenced by SRT, while compounds
with low log Dow are more influenced by HRT [78]. During the secondary treatment, besides sorption
to sludges, another removal mechanism is through microbial degradation, where nitrifiers are the most
important group. This mechanism has been described as the main removal pathway for polar acidic
pharmaceuticals; however, they are also sensitive to inhibitors, and some pharmaceuticals can have
this effect on these microorganism [89,90].

Currently, besides the conventional treatments, new methodologies have been applied as tertiary
treatments with higher removal efficiencies, but some of these new methods have high construction,
maintenance and energy costs associated [77]. Advanced oxidation processes that include UV, ozone
and hydrogen peroxide, among others, can also be used. UV treatment has been shown to partially
remove some pharmaceuticals; however, it does not completely eliminate them [49,64,91,92]. Ozonation
alone promotes the partial oxidation of pharmaceuticals, and to overcome this drawback, this process
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has been combined with heterogeneous catalysts or membrane technologies, such as nanoparticles
of titanium dioxide, a known photocatalyst [11,77,82]. Adsorption by activated carbon is another
methodology that proves to be effective in removing pharmaceuticals, with powdered activated carbon
and granular activated carbon widely used in these adsorption processes. Generally, efficient removals
are obtained when the compounds have nonpolar characteristics, as well as matching pore size/shape
requirements. The main advantage of using activated carbon to remove pharmaceuticals is that it does
not generate toxic or pharmacologically active products [82,93].

More recently, the growing trend of improving sustainability and reducing energy demands in
WWTPs have encouraged alternative methods, such as algae ponds for secondary effluent polishing,
with promising results [29].

As previously referred, metabolization in the human body can lead to elimination of
pharmaceuticals conjugates. However, these phase II metabolites can be converted back into the
parent compound, especially in WWTPs, being infrequently found in surface waters. One of the
mechanisms used is the action of a β-glucuronidase enzyme produced by Escherichia coli capable
of deconjugating the β-glucuronated pharmaceuticals excreted by the human body, resulting in the
release of the active pharmaceutical into the wastewater [29,50,89,94,95]. On the other hand, the
WWTPs processes responsible for pharmaceuticals elimination do not commonly lead to their complete
mineralization; instead, breakdown products can emerge, which can also be toxic to the environment.
In general, there is still a knowledge gap concerning the generation of metabolites and transformation
products of known contaminants, which can potentially be as hazardous, or even more, than the
parent compounds and can be present in different aquatic bodies at a higher concentration than parent
compounds [90,96–98].

Naturally, the type of treatment can affect not only the removal efficiencies but also the metabolites
and transformation products generated.

This supports the need for the evaluation of metabolites and transformation products and the
further development of new treatment techniques to achieve complete mineralization of emerging
contaminants [90,97]. Besides the fact that some of the new treatments, like advanced oxidation
processes, can originate toxic transformation products, they have higher efficiencies when compared to
traditional treatments [77,82,99,100].

Data from 52 publications were collected, and removal efficiencies of the selected pharmaceuticals
are summarized in Figure 1. One should note that, although we are comparing the fate of pharmaceuticals
in WWTPs, there are some countries with inadequate wastewater and collection infrastructures or even
functional WWTPs. For example, in Ghana and India, only 7.9% and 30.7% of the wastewaters are
treated, which anticipates that the presence of pharmaceuticals in the aquatic environment in these
countries should represent an even bigger problem [101].
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Figure 1. Minimum, maximum and average removal efficiencies in WWTPs (%). Anx—anxiolytics,
Antib—antibiotics, Lip reg—lipid regulators, Antiepi—antiepileptics, SSRIs—selective serotonin
reuptake inhibitors, Anti-inf—anti-inflammatories and Horm—hormones [3,5,13,16,18,51,59,63,67,68,
71,78–82,85,87,88,92,99,102–132].
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Although, as mentioned, some studies indicate that physicochemical properties set the efficiency
of removal of pharmaceuticals in WWTPs, the literature review performed showed that the target
compounds present very different removal rates, ranging between negative and high removal rates,
and no obvious pattern in behavior was observed, even within the same therapeutic group, implying
that factors other than compound-specific properties affect removal efficiency [68,85]. Negative values
for some compounds have been reported and may reflect deconjugation of metabolites during the
treatment process or changes in the adsorption to particles during treatment [133]. Generally, what
becomes evident is that the elimination of most pharmaceuticals is incomplete, and it is not exclusively
related neither to the physicochemical properties nor to the type of treatment processes. Additionally,
most pharmaceuticals have always one report that shows no removal [16,18,85,88].

Concerning the removal efficiencies of each therapeutic group, anxiolytics present the lowest average,
having a small variation due to their similar physicochemical properties, with values ranging from 0%
to 25%. Although their log Dow (from 2.49 to 3.06), higher than most of the selected pharmaceuticals,
predicted large sorption to sludge and higher removal rates, this was not observed in real removal data.

As for antibiotics, the range observed in the removal efficiencies was from 0% to 100%, similar to
anti-inflammatories and hormones. The average removal rates for AZI, CLA and ERY (macrolides) are
near 30%, whereas CIP presented higher removal rates (64%). Despite the lower log Dow for CIP (-2.23)
sorption to sludges, it has been suggested as the primary removal mechanism for fluoroquinolones,
whereas, for macrolides, limited sorption to sludge is observed [108,132,134].

Although the therapeutic group of lipid regulators encloses a statin (SIM) and fibrates (BEZ and
GEM) and their removals vary between 0% and 99%, their averages are similar, ranging from 36% to
51%, being also found in sludges [33].

For CAR, although presenting a lower log Dow (2.28) than anxiolytics and a wide range of removal
efficiencies, it is one of the most persistent compounds and is averagely reduced by only 18.1% [135,136].
This pharmaceutical is very resistant to wastewater treatments, since it has low biological degradation
and sorption and has only higher removal rates with the use of advanced treatments such as ozonation
together with the usage of the photocatalyst titanium dioxide [134,135].

Regarding SSRIs, even though they all belong to the same group, the average removal efficiencies
range from 39% to 75%, with ESC, PAR and SER presenting lower values, below 55%, when compared
to CIT and FLU that present higher removal rates, 75%.

The most investigated therapeutic group in WWTPs are anti-inflammatories, and despite their
high variability, average removal rates are above 77% and up to 96% (PARA), with the exception for
DIC (34%) [82,135]. Excluding DIC, anti-inflammatories undergo sorption to sludges and biological
and photolytic degradation [33,82,89,96,137]. As for DIC, sorption to sludge and biodegradability have
been reported but to a lower extent, translating into low elimination rates during wastewater treatment;
moreover, a low removal efficiency of 4-OH-DIC has been reported in WWTPs [89]. Advanced oxidation
processes are described as highly efficient for DIC removal, since it rapidly decomposes by direct
photo-oxidation, indicating that this pathway is one of its main degradation mechanisms. However,
ozonation alone is not completely effective, but the O3/H2O2 system shows high efficacy [11,135].
On the other hand, PARA, which has the higher removal rate during wastewater treatment, can
generate different transformation products, being 4-PARA was identified as the main one, and its
presence in wastewater samples was already reported. However, there are other possible sources,
since it is also widely used in industrial applications and is a known transformation product from
pesticides. Furthermore, 4-PARA was also described as the primary degradation product of PARA
during storage [138].

Hormones are the therapeutic group with higher log Dow and high average removal efficiency,
which ranges from 65% to 82%. This low variation was expected, since the molecules have similar
physicochemical properties [82]. Although most hormone conjugates are degraded in the WWTPs,
some are still observed in WWEs representing less than 33% of the parent compound (E1 and E2),
which can be reconverted back into the parent compound in the environment [50,139]. It is also
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possible that E2 can be converted in E1 in the WWTPs, possibly explaining the higher removal rate for
this pharmaceutical [71]. Once again, advanced oxidation processes are described as highly efficient
processes in hormone removal [11].

As observed, the WWTPs are unable to completely remove the pharmaceuticals, and through
direct discharge of WWEs in surface water or by land application of WWTPs’ sludge or through
leaching, these facilities are the major sources of pharmaceuticals in the environment [29,59,79,140,141].

Optimization of wastewater treatment still remains a task of high priority. Biological treatment is
commonly unable to remove pharmaceuticals; however, its efficacy can be improved under favorable
conditions. Although advanced treatment technologies, such as membrane and advanced oxidation
processes, have been promising for pharmaceuticals removal, high operation costs and formation of
degradation products still remain an issue [82].

3.3. Fate in Surface Waters

Since WWTPs are not able to completely remove pharmaceuticals, they are disseminated through their
WWEs and sludges, mostly, into surface waters. In the aquatic environment, the fate and concentration of
pharmaceuticals can be reliant on the receiving water body flow rate, partitioning to sediments, biological
entities and consequent degradation, uptake by biota, volatilization, photodegradation or transformation
through other abiotic mechanisms, such as hydrolysis [29,74,134,142].

When WWEs reach the surface waters, the dilution effect varies significantly due to different flows
in different rivers; however, this effect can be relatively low, especially in arid or semi-arid regions due
to water scarcity, like some Iberian rivers, where other processes gain relative importance [143,144].
Although multiple biotic and abiotic routes could transform pharmaceuticals once they reach the
surface water, the predominant pathways to remove pharmaceuticals are photodegradation and
sorption [77,143].

The fate of different pharmaceuticals has already been studied in surface waters by several
authors using estimates of mass loading, dilution and in-stream attenuation, here understood as the
reduction of the concentration of pharmaceuticals along the river segment by processes different from
dilution [28,74,98,141,143].

Overall, it is expected that the log Dow of a given compound influences its in-stream attenuation;
in the case of hydrophobic compounds (with higher log Dow), sorption to suspended particles and
sediments is a dominant process leading to in-stream attenuation by reducing the concentration in the
aqueous phase along the river segment [74]. In this way, these compounds become less exposed to other
biotic (biotransformation) and abiotic (photolysis and volatilization) transformation processes and,
therefore, become less affected by the variation of environmental conditions between river segments.
Therefore, it is expected that compounds with low log Dow show not only more differences in attenuation
rates between sites but also more temporal differences (i.e., seasonal and day–night) within each site [143].
This sorption mechanism in the aquatic environment represents an important sink for pharmaceuticals,
as it has been suggested that strong pharmaceutical interactions may act as a long-term storage of
pharmaceuticals that will increase their persistence, while their bioavailability in the environment is
reduced, being recalcitrant to microbial degradation [28,33]. In fact, the sediments could be a source
of contaminants in downstream river segments if resuspension of fine-grained bedded sediments
occurs, for instance, during seasonal increases in flow rate or during flood events [143]. Moreover, the
activity of benthic invertebrate in sediments can result in an increased desorption, leading to improved
bioavailability in the water compartment [29]. Additionally, sorption to colloids can also provide an
important sink for the pharmaceuticals in the aquatic environment, increasing their persistence while
reducing their bioavailability. In general, sorption may result in a biased risk estimation [9].

As already referred, in complex natural waters, electrostatic interactions, chemical bounding and
nonspecific forces between ionized molecules and dissolved organic matter can also occur, meaning
that we cannot generalize the attenuation of a compound based on its physicochemical properties
alone [98,143]. However, the different log Dow of pharmaceuticals influence the variability of rates

171



Molecules 2020, 25, 1026

among rivers, likely due to its effect on sorption to sediments and suspended particles, and therefore,
influence the balance between the different attenuation mechanisms (biotransformation, photolysis
and sorption) [143].

The attenuation of pharmaceuticals was evaluated in surface water in Spain where the total
concentration of pharmaceuticals (CLA, DIC, IBU, BEZ, GEM, CAR and CIT) decreased about 40% in
less than 5 km, although the number of compounds detected only decreased 13% [74]. Studies also
reported that GEM is a quite persistent compound in surface water, with half-lives ranging from 70 to
288 days [137]. As for CIP, photodegradation is reported to be the main mechanism of attenuation [90].
However, for CAR, there are reports evaluated in a Swedish lake where no attenuation was observed and
with an estimated half-life of 780-5700 days [98]. This was also supported by other studies that revealed
that CAR and IBU were stable against sunlight, while PARA suffers moderate photodegradation and
DIC was rapidly photodegraded in surface water [90,145]. Accordingly, another study noticed that no
biodegradation of IBU was observed in a sterile river, but in river water and using microbial biofilms,
biodegradation occurred in a few hours, evidencing that although its transformation is a complex
process, microorganisms play an important role in IBU degradation [137]. Concerning SSRIs, which
have high sorption coefficients, they have proven to be persistent compounds, and FLU demonstrated
that it was far more resistant to photolysis than the other SSRIs, with a half-life of 122 days [28].

Besides the presence of the parent compounds in surface waters, sulphate conjugates of E1 and
E2 have already been observed. Although these conjugates no longer possess a significant biological
activity, they can act as precursor steroid reservoirs that might be converted into free estrogens [128,139].
Even though the synthetic hormone EE2 has lower solubility than E2, it is also considerably more
persistent in the aquatic environment, with an estimated half-life in surface water between 1.5 and 17
days [146].

In addition to the parent compounds, some studies also addressed the contribution of WWTPs for
pharmaceuticals transformation products in surface waters and confirmed that these facilities were a
major source of contamination to the recipients [74,98].

In summary, on one hand, the emissions from WWEs vary widely because of differences in regional
usage of the compounds and efficiency of WWTPs. On the other hand, the processes that drive in-stream
attenuation (i.e., biotransformation, photolysis, sorption and volatilization) depend on the different
pharmaceutical characteristics, as well as on a series of physicochemical and biological parameters of
the river, such as river flow rate, temperature, the vertical hydrological exchange between surface and
subsurface compartments, turbidity, dissolved oxygen concentration, biofilm biomass and pH [143].
The magnitude of the measured attenuation rates urges scientists to consider them as important as
dilution when aiming to predict concentrations in freshwater ecosystems. Since pharmaceuticals are
continuously introduced in surface waters and are not completely removed, they eventually will reach
groundwater, seawater, mineral water and drinking water, contaminating all aquatic compartments [98].

4. Occurrence

Along with advances in analytical instruments and techniques, trace levels of various pharmaceuticals
and their metabolites have been detected in the aquatic compartment since the latter half of the 1970s [145].

A literature review on worldwide monitoring programs in recent years, presented in Figures 2–5
and Tables S2–S5 (supporting information), clearly reveals the ubiquitous distribution of pharmaceuticals
in different aquatic environment compartments, including WWIs, WWEs and surface waters, with
concentrations up to mg L−1 [145,147]. Usually, this occurrence is related to the gross domestic product
per capita of each country and is presented as the shape of an inverted-U; i.e., pollution worsens as the
economy of countries starts to grow (increased consumption of pharmaceuticals), and then it improves
when countries reach a higher stage of economic growth (improved WWTPs) [101].
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Figure 2. Boxplots with median, maximum and minimum average concentrations of pharmaceuticals
in wastewater influents (WWIs). Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators,
Antiepi—antiepileptics, SRRIs—selective serotonin uptake inhibitors, Anti-inf—anti-inflammatories
and Horm—hormones [3,13,15,16,18,29,34,59,63,67,68,71,78,79,82,83,86,87,94,96,100,102,107–109,111–
115,117–120,122,123,126,128,130–133,140,147–170].

Figure 3. Boxplots with median, maximum and minimum average concentrations of pharmaceuticals
in wastewater effluents (WWEs). Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators, Antiepi—
antiepileptics, SSRIs—selective serotonin reuptake inhibitors, Anti-inf—anti-inflammatories, Horm—
hormones and different letters represent significant statistical differences) [3,5,6,8,13,15,16,18,29,34,59,
63,67,68,71,78,79,82,83,86,87,91,94,96,100,102,103,107–109,111–115,117–120,122,126,128–133,136,139–
141,146,147,149,150,152–183].
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Beside the aspects previously referred, several others can influence the concentration of
pharmaceuticals in the different aquatic compartments, promoting a great variability in the detected
concentrations. In WWTPs, other aspects that can influence the detected concentrations are the flow
rate, the time of the year, the temperature, the type of WWTPs, day and the type of sampling, etc. [105].
As for surface waters, the flow rate, temperature, sunlight, time of the year, day and the type of
sampling are also parameters that can influence pharmaceuticals concentrations [23]. Moreover, some
of these parameters can also influence the detected concentrations in other water bodies.

4.1. Wastewater

4.1.1. Wastewater Influents

Figure 2 and Table S2 (supporting information) summarizes the median, averages and maximum
concentrations of the targeted pharmaceuticals in the WWIs across the world, collected from 66 references.
These concentrations are likely to be influenced by both consumption data and excretion rates.

All investigated pharmaceuticals were frequently detected in WWIs, with PARA, CIT, IBU,
CAR, BEZ, CLA and α-E2 (E2 isomer) presenting detection frequencies higher than 88%. As for
the different therapeutic groups, antiepileptics and anti-inflammatories were the ones with higher
detection frequencies, above 86%, followed by lipid regulators (75%) and hormones (74%). Anxiolytics
were the group with lower values (31%), much different from the other groups. The highest median
concentration (1.7 μg L−1) was observed in the anti-inflammatories group, with statistical differences
for all of the other therapeutic groups, being the maximum individual concentration observed for
IBU (700 μg L−1) [78]. Antibiotics, lipid regulators and the antiepileptics had median concentrations
between 160 and 196 ng L−1, followed by the other groups, with medians under 20 ng L−1.

Although anxiolytics were the group with the lower detection frequency and median, ALP had
concentrations up to 4.7 μg L−1. Additionally, the highest detection frequency belonged to LOR, with
38% [150]. These results are in line with data already mentioned, such as the low consumption and
low excretion rates observed for this therapeutic group. The anxiolytic with the highest excretion rates
and consumption is LOR, which is reflected on the occurrence reported.

Antibiotics were the most homogenous group, with median concentrations ranging from 93 to
324 ng L−1 and with all detection frequencies above 65%. Although some discrepancies in excretion
rates, with higher values for CIP, both CIP and CLA have higher consumptions, being this pattern was
observed in the occurrence data.

Lipid regulators occurrence data was comparable to that of antibiotics, mostly because of similar
consumption and excretion rates. Within this group, we can observe that the one with the highest
consumption in most countries, SIM, had the lowest detection frequency and median concentration in
WWIs. This can be due to a significant difference in excretion data, where BEZ have clearly higher rates
than SIM, with excretion values up to 72% and 12.5%, respectively [1,60]. Therefore, it is shown that a
pharmaceutical with low consumption can reach relatively high detection frequencies and median
concentration in WWIs (89% and 271 ng L−1, respectively).

The antiepileptic CAR with excretion rates up to 33%, and whose consumption is only surpassed
by anti-inflammatories, had a detection frequency of 89% and concentrations up to 22 μg L−1 [25,111].

Like anxiolytics, SSRIs also had low consumption and excretion rates, which reflected also in low
concentrations in the WWIs, with a median concentration of 8 ng L−1. However, this group presented
some peculiarities, SER being one of them. This SSRI has the highest consumption in European countries.
Nonetheless, due to its very low excretion rate (0.2%), this compound and its metabolite (Nor-SER)
present lower median concentrations than CIT and Nor-FLU [56]. On the other hand, despite the low
consumption data for CIT, its higher excretion rate explains the fact that this SSRI and its metabolite
(N-CIT) are the ones with the highest concentrations within this therapeutic group, followed by FLU
and its metabolite (Nor-FLU), that also present higher excretion rates (up to 11%) [65].
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As referred, anti-inflammatories were the group with higher concentrations in WWIs, not only due
to their high consumption but also to significant excretion rates (up to 80%), with median concentrations
of 450, 1550, 2680 and 20 601 ng L−1 for DIC, NAP, IBU and PARA, respectively [69].

In the hormones group, although there were lower excretion rates observed for E2, its higher
consumption (2.5 kg y−1) when compared to EE2 (0.7 kg y−1) resulted in higher concentrations even
for its metabolite E1, being even present in the enantiomer of E2 (α-E2) up to 10 μg L−1 [155]. As
previously mentioned, one should also take into account that both E1 and E2 are produced in the
human body and can be excreted naturally [71,128].

These data highlight that pharmaceutical compounds with low excretion rates are not necessarily
present at low levels in WWIs, because this could be offset by the massive use of these compounds [82].
Additionally, it was also observed that, in general, the mean pharmaceutical concentrations could vary
between 1 to 3 orders of magnitude from one sampling day or week to the next. Diurnal trends were
also observed, and peak concentrations were highly unpredictable [150].

4.1.2. Wastewater Effluents

The first report of human pharmaceuticals in WWEs is from 1976, and subsequent studies have
confirmed the presence of pharmaceuticals in this aquatic compartment [170]. After passing through
WWTPs and being submitted to the different treatments already discussed, it would be expected that
WWEs presented lower concentrations than the influent, with a decrease proportional to the removal
efficiency of the WWTPs [18].

Data regarding 87 references were collected and summarized in Figure 3 and Table S3 (supporting
information). In the effluents, the median concentrations of the therapeutic groups varied from
1.4 ng L−1, for hormones, to 226 ng L−1, for antiepileptics, and, in general, significantly lower
concentrations were found when comparing to influent samples, as shown in Figure 2. However,
since concentrations in WWIs, as well as removal efficiencies, have a wide variability, the range of
concentrations in WWEs is still high [78].

In general, regarding the median concentrations, antiepileptics were followed by anti-inflammatories
(146 ng L−1), antibiotics (142 ng L−1) and lipid regulators (126 ng L−1), a similar pattern to that in WWIs
but with no statistical significance between them. The remaining three groups had lower medians, with
10, 5.2 and 1.4 ng L−1 for anxiolytics, SSRIs and hormones, respectively. The highest individual mean
concentration observed was for DIC 233 ng L−1; however, the maximum concentration regarded CIP,
14 mg L−1. This high value, along with others that are completely offset, were observed in the effluents
of pharmaceutical industries and hospitals [25,26,111,183].

Anxiolytics were the only therapeutic group with a clear higher median and individual
concentrations in WWEs than in WWIs and surpassed the mean concentration of hormones and
SSRIs. This is justified by the fact that anxiolytics have the lowest removal efficiencies, and, in
some cases, even negative values are found. This increased concentration in WWEs is related to the
transformation of metabolites and/or transformation products back into the parent compounds during
wastewater treatment [80,82]. Since all the three compounds have similar removal efficiencies, LOR,
with the highest concentration in WWIs, presented again the highest values in WWEs, both median
(61 ng L−1) and individual (438 ng L−1) levels [94].

As indicated in Table S3 (supporting information), CLA was once again the antibiotic more
frequently detected in WWEs (87%), and this group remained the most homogenic, with median
concentrations ranging from 80 to 200 ng L−1. The extremely high value found for CIP was observed
in the effluent of a pharmaceutical industry [111].

As regard to the antiepileptic CAR, the fact that it does not adsorb to soils and has low removal
efficiencies in WWTPs results in a small increased median from WWIs to WWEs, from 193 to 226 ng L−1,
respectively [184].

Lipid regulators having removal efficiencies analogous to those observed for antibiotics present
an occurrence pattern in WWEs comparable to that of WWIs, again with SIM presenting the lowest
median concentration (1 ng L−1).
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The therapeutic group SSRIs had also the same pattern observed in WWIs, with CIT and N-CIT
presenting the higher median concentrations of 73 and 107 ng L−1, respectively, and, once again, the
metabolites (N-CIT, Nor-FLU and Nor-SER) concentrations were in the same range or higher as the
parent compounds [118]. The highest value regarded CIT with 430 μg L−1, which was also detected in
a pharmaceutical industry effluent [111].

Anti-inflammatories had one of the highest removal efficiencies, only comparable to hormones, and
although they remain with a high median concentration, the difference to the other therapeutic groups
(antiepileptics, lipid regulators and antibiotics) was significantly reduced. Within this therapeutic
group, DIC presented the highest median concentration, followed by IBU, NAP and PARA, with 163,
142 and 10 ng L−1, respectively, meaning that PARA shifted from the highest median concentration in
WWIs to the fourth in WWEs, mainly due to the high removal average (96%) presented.

As for hormones, with average removal efficiencies above 60%, concentrations were also
significantly reduced, with the highest median concentration belonging to E1 (14 ng L−1) and the
lowest to α-E2 (0.4 ng L−1); the highest individual value was also for α-E2 (4.7 μg L−1), observed in
only one study [155].

Despite these concentrations, it is possible that some conjugates, which were not evaluated,
enter surface waters, where they can be reconverted back to the parent compound, increasing the
pharmaceuticals contamination burden [29].

As expected, some positive correlation could be observed between the concentrations found in
WWIs and in WWEs with removal efficiencies. Nonetheless, even at relatively low population densities
and low industrial and hospital activity, human pharmaceuticals are present at quantifiable levels in
WWEs [170].

4.2. Surface Water

The release of WWEs into surface water, in comparison to other sources, has been considered the
main cause of the presence of pharmaceuticals in this water body [59,184].

As previously discussed, following the treatment processes in WWTPs, pharmaceuticals are
subjected to different degrees of natural attenuation. These conditions can promote a variation
higher than one order of magnitude in the same sampling location and even higher between different
rivers [19]. Due to these factors, pharmaceutical compounds are expected to occur in surface waters at
lower levels than in WWEs [82,98,185].

Since 1970, the issue regarding the presence of chemicals in surface waters has been addressed
by the EU. Nowadays, the chemical quality of surface waters is controlled under the WFD (Directive
2000/60/EC of the European Parliament and of the council of 23 October 2000, establishing a framework
for community action in the field of water policy), transposed into the Portuguese legal system by
the Law N 58/2005 of 29 December 2005 (the Water law). Within this framework, the key strategy
adopted was the establishment of priority substances or groups of substances due to their persistence,
toxicity, bioaccumulation, widespread use and detection in rivers, lakes, transitional and coastal
waters. Additionally, a list of environmental quality standards have been issued for these substances,
to ensure adequate protection of the aquatic environment and human health [8]. Although no
pharmaceutical belongs to this list, their environmental presence in surface waters is a growing
problem that must be tackled and was addressed by the WFD in order to minimize their aquatic
environmental contamination and support future prioritization measures. Despite this awareness,
legal limits have not yet been set for pharmaceuticals in surface water, although a watch list that
includes seven pharmaceuticals (E2, EE2, AZI, CLA, ERY, amoxicilin and CIP) and one metabolite (E1)
has been recently established [17,34,186,187]. IBU has also been proposed to enter this list; however,
its inclusion was rejected in January 2012 owing to a lack of sufficient evidence of significant risks to
aquatic environments [9].

According to the Directive 2013/39/EU strategy, all member states shall monitor each substance in
the watch list at selected surface waters representative monitoring stations at least once per year. The
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number of monitoring stations varies within each member state, taking into account the population
and area of each country. About 40% of European water bodies still have an unknown chemical status,
as not even the monitoring of the EU priority substances have been performed [21].

After reviewing 88 scientific references, as expected, lower median concentrations (ten times
lower) were found in surface waters than in WWEs (Figure 4 and Table S4 (supporting information).

We can observe similar patterns in WWEs, with the same four therapeutic groups presenting
higher median concentrations, anti-inflammatories (34 ng L−1), antiepileptics (28 ng L−1), antibiotics
(20 ng L−1) and lipid regulators (16 ng L−1). These four therapeutic groups had statistically significant
higher median concentrations than SSRIs and hormones. SSRIs, hormones and anxiolytics, with
notably lower values, had the lowest median concentrations of 0.8, 0.4 and 0 ng L−1, respectively. The
highest values observed were reported for CIP in India, with a maximum concentration of 650 μg L−1

for CIP [6].
Regarding anxiolytics, only LOR and ALP were found in surface waters, with a detection frequency

of 30%. ZOL was evaluated in only one study, which did not detect it [188].
As above mentioned, antibiotics were one of the therapeutic groups with high median

concentrations (20 ng L−1). It also presented two extremely high average concentrations detected for
CIP in surface waters near pharmaceutical industries in Pakistan (1.3 μg L−1) and in India (164 μg L−1);
however, all the other average concentrations were below 108 ng L−1 [6,189]. Comparing the antibiotics
concentrations with WWEs, a very similar pattern was observed, with a tendency for a relative
higher detection frequency and concentration for ERY, probably revealing a higher persistency in
the environment.

Lipid regulators presented similar patterns than in WWE, with SIM being the one with the lower
median concentration. BEZ, apparently, presented higher persistence, since its detection frequency
and median concentration, 67% and 22 ng L−1, respectively, surpassed those of GEM, 51% and
19 ng L−1, respectively.

Figure 4. Boxplots with median, maximum and minimum average concentrations of pharmaceuticals
in surface waters. Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators, Antiepi—antiepileptics,
SSRIs—selective serotonin reuptake inhibitors, Anti-inf—anti-inflammatories, Horm—hormones and
different letters represent significant statistical differences [1,5,6,29,34,58,59,73,74,82,96,98,101,113,119,
122,128,129,132,134,136,138–141,145–147,154,155,157–159,161,163,164,166,167,169–171,174–176,178–
182,184–186,189–224].
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Figure 5. Boxplots with median, maximum and minimum average concentrations of pharmaceuticals
in other water bodies. GW—groundwaters, SeaW—seawaters, DW—drinking waters, MinW—mineral
waters, Anx—anxiolytics, Antib—antibiotics, Lip reg—lipid regulators, Antiepi—antiepileptics, SSRIs
selective serotonin reuptake inhibitors, Anti-inf—anti-inflammatories, Horm—hormones and different
letters represent significant statistical differences [1,6,82,91,113,128,136,141,145,166,167,174,179,189,193,
200,206,209,213,215,217,225–231].

As previously noted, CAR continued among the most frequently detected pharmaceutical
compounds in surface waters (78%) and presented concentrations up to 12 μg L−1, reflecting, as
expected, the recalcitrant nature of this molecule, given its high half-life [190]. In fact, it is also one of
the most frequently detected pharmaceuticals in European surface waters [137].

The SSRIs values decreased from WWEs to surface waters in median concentrations (from 5.2 to
0.8 ng L−1) and in detection frequencies from 55% to 26%. The highest concentration regarded CIT
(76 μg L−1); however, it was found, once again, near a pharmaceutical industry in India [6]. The metabolites
suffer even a higher reduction than the parent compounds.

Anti-inflammatories presented, once again, higher concentrations when comparing with other
therapeutic groups [170]. PARA presented the higher median concentration (41 ng L−1), followed by
DIC and NAP (34 ng L−1) and IBU (26 ng L−1). The results of PARA, higher than the ones in WWE, move
PARA to values in the same range as the other anti-inflammatories. Looking at the detection frequencies,
they all fall in the same range, from 52% to 59%. In this group, another extremely high concentration
was observed for PARA in Kenya 107 μg L−1 [166]. Although, in wastewaters, no study on 4-OH-DIC
was reviewed, in surface waters, two studies were found and 40 ng L−1 was the highest concentration
found for this metabolite [191]. The average concentration observed for DIC (221 ng L−1) was twice the
purposed value of 100 ng L−1 for the environmental quality standard in 2012-2013. The high values in
surface waters possibly raised some issues regarding the establishment of this standard.

Within the hormones group, E1 presented the higher median concentration (2.1 ng L−1), and the
highest average value was detected in China, 180 ng L−1, whereas its detection frequency was slightly
decreased (from 57% to 54%) [192]. Contrary to what was previously mentioned, namely that EE2
was more persistent than E2, EE2 registered a higher decrease in detection frequency (from 25% to
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2%) than E2 (from 43% to 22%). In surface waters, conjugates of both E1 and E2 were also found in a
concentration range from a quarter to half of the parent compound [139,193].

As above mentioned, lower concentrations of pharmaceuticals (ten times lower) were found in
surface waters than in WWEs. Surface waters showed an overall trend of higher concentrations in sites
influenced by the location of WWTPs [104,194].

4.3. Other Water Bodies

As discussed earlier, the concentrations of pharmaceuticals decrease from the WWIs to WWEs and
to surface waters through different mechanisms. However, data collected from 28 references showed
that pharmaceuticals can reach groundwaters, seawaters and even mineral waters and drinking waters
(Figure 5 and Table S5 (supporting information)). Regarding groundwaters, it is important to underline
that this is an important resource of water supply in the world, and it is especially vulnerable to
contamination, although soil provides a big inertia to propagation of the contamination, and for that
same reason, once contaminated, the effects can hardly ever be reverted [225].

The concentrations in remaining waters bodies should be lower than the previous ones, since they
suffer attenuation mechanisms similar to surface water. Additionally, drinking water has dedicated
treatment plants. However, these facilities do not completely remove pharmaceuticals and can also
produce transformation products that can be toxic [145,173,199].

Although susceptible to degradation or transformation, pharmaceuticals’ continuous introduction
into the aquatic environment confers some degree of pseudo-persistence, reaching, at extremely low
concentrations, all aquatic compartments all over the world, even drinking waters [64,91]. However, it
is unlikely that pharmaceuticals pose significant threats to human health at the concentrations that
may occur in drinking waters [145,231].

In Figure 5, we observe that, once again, antibiotics, lipid regulators, antiepileptics and
anti-inflammatories had higher detection frequencies and median concentrations; however, CAR stands
out from the others with a higher detection frequency and average concentration of 45% and 60 ng L−1,
respectively. Groundwater and seawater were the water bodies with higher detection frequencies and
concentrations, and the highest concentration found was of 14 μg L−1 for CIP in groundwater [6]. No
statistical significance was observed between the different therapeutic group averages.

5. Final Remarks

A careful literature review was conducted in order to understand the sources, fate and occurrence
of pharmaceuticals in the aquatic environment. In this context, a broad and specialized background
was obtained, enabling a complete overview of the state-of-the-art in these subjects.

The data provided in this review evidenced that WWTPs are the major source of pharmaceuticals
contamination. It is also noteworthy that pharmaceuticals belonging to the same therapeutic group
can have distinct physicochemical properties, resulting in different behaviours both in WWTPs and in
the aquatic environment.

The concentrations of pharmaceuticals found in the aquatic bodies were, in decreasing order,
WWIs, WWEs, surface water and other water bodies.

Overall, these results present a global picture of the pharmaceuticals’ contamination, an important
input for setting prioritizing measures and sustainable strategies to minimize their impact in the
aquatic environment.

Supplementary Materials: The following are available online: Table S1: Physicochemical properties of the selected
pharmaceuticals (adapted from Chemspider, Drugbank, Pubchem and ECOSARv1.11), Table S2: Occurrence
of pharmaceuticals in wastewaters influents (WWIs), Table S3: Occurrence of pharmaceuticals in wastewater
efluents (WWEs), Table S4: Occurrence of pharmaceuticals in surface waters (SWs) and Table S5: Occurrence of
pharmaceuticals in seawaters (SeaW), groundwaters (GWs), drinking waters (DWs) and mineral waters (DWs).
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Abstract: Potential risks associated with releases of human pharmaceuticals into the environment
have become an increasingly important issue in environmental health. This concern has been
driven by the widespread detection of pharmaceuticals in all aquatic compartments. Therefore,
22 pharmaceuticals, 6 metabolites and transformation products, belonging to 7 therapeutic groups,
were selected to perform a review on their toxicity and environmental risk assessment (ERA) in
different aquatic compartments, important issues to tackle the water framework directive (WFD).
The toxicity data collected reported, with the exception of anxiolytics, at least one toxicity value
for concentrations below 1 μg L−1. The results obtained for the ERA revealed risk quotients (RQs)
higher than 1 in all the aquatic bodies and for the three trophic levels, algae, invertebrates and fish,
posing ecotoxicological pressure in all of these compartments. The therapeutic groups with higher
RQs were hormones, antiepileptics, anti-inflammatories and antibiotics. Unsurprisingly, RQs values
were highest in wastewaters, however, less contaminated water bodies such as groundwaters still
presented maximum values up to 91,150 regarding 17α-ethinylestradiol in fish. Overall, these results
present an important input for setting prioritizing measures and sustainable strategies, minimizing
their impact in the aquatic environment.

Keywords: environmental contaminants; pharmaceuticals; pharmaceuticals toxicity; environmental
risk assessment; aquatic compartments

1. Introduction

The environmental impact of medicinal products has been recognized worldwide, and as its use
cannot be avoided, a sound risk assessment of their presence in the environment is a key issue that
must be tackled to meet the European Union (EU) Water Framework Directive (WFD) [1]. The potential
of human pharmaceuticals for negative ecotoxicological effects, even at sublethal concentrations, in the
aquatic environment has been of concern since the issue was first brought to attention in 1985 [2].
Nonetheless, the ecotoxicological risks associated to the ubiquitous occurrence of pharmaceuticals in
aquatic ecosystems are far from being fully known [3].

According to the European Medicines Agency (EMA) legislation, and since 2006, before a
pharmaceutical obtains a marketing authorization approval, it must be demonstrated that it poses no
risk to the environment through an environmental risk assessment (ERA). ERA compares the predicted
environmental concentrations (PECs), with the predicted no effect concentrations (PNECs) of three
trophic levels of aquatic organisms [4,5]. When the pharmaceutical is already on the market, instead of
using the PEC, which predict the environmental concentration, we can use the measured environmental
concentrations (MEC) reflecting the real concentration in the aquatic environment [6]. Therefore, for
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marketed pharmaceuticals, high-quality monitoring data, along with data on ecotoxicological and
toxicological effects are crucial to perform the ERA, which associates the presence of pharmaceuticals
with their impact on the aquatic ecosystem and human health, supporting the selection of possible
new priority substances to be monitored [7–9].

Thus, a systematic review, in order to provide a clear insight on pharmaceuticals toxicology
and on ERA, should embrace, not only several parent compounds, but also, metabolites and
transformations products belonging to different therapeutic groups such as: the anxiolytics and
hypnotics, further referred only as anxiolytics, alprazolam (ALP), lorazepam (LOR) and zolpidem
(ZOL); the antibiotics azithromycin (AZI), ciprofloxacin (CIP), clarithromycin (CLA) and erythromycin
(ERY); the lipid regulators bezafibrate (BEZ), gemfibrozil (GEM) and simvastatin (SIM); the antiepileptic
carbamazepine (CAR); the selective serotonin reuptake inhibitors (SSRIs) citalopram (CIT) and its
main metabolite desmethylcitalopram (N-CIT), escitalopram (ESC), fluoxetine (FLU) and its main
metabolite norfluoxetine (Nor-FLU), paroxetine (PAR), sertraline (SER) and its main metabolite
desmethylsertraline (Nor-SER); the anti-inflammatories and/or analgesics and antipyretics, further
referred only as anti-inflammatories, diclofenac (DIC) and its main metabolite 4-hydroxydiclofenac
(4-OH-DIC), ibuprofen (IBU), naproxen (NAP), paracetamol (PARA) and its transformation product
4-aminophenol (4-PARA); and the hormones 17β-estradiol (E2) and its main metabolite estrone (E1)
and 17α-ethinylestradiol (EE2; Table 1).

Table 1. Selected pharmaceuticals.

Therapeutic Group Compound and Chemical Structure

Anxiolytics
(Anx)

Alprazolam (ALP) Lorazepam
(LOR)

Zolpidem
(ZOL)

 
 

Antibiotics (Antib)

Azithromycin (AZI) Ciprofloxacin
(CIP)

Clarithromycin
(CLA) Erythromycin (ERY)

   

Lipid regulators
(Lip Reg)

Bezafibrate (BEZ) Gemfibrozil
(GEM)

Simvastatin
(SIM)

Antiepileptic (Antiepi)

Carbamazepine
(CAR)
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Table 1. Cont.

Therapeutic Group Compound and Chemical Structure

Selective serotonin
reuptake inhibitors

(SSRIs)

Citalopram (CIT) Desmethylcitalopram
(N-Cit) (metabolite) Escitalopram (ESC) Fluoxetine

(FLU)

  
 

Norfluoxetine
(Nor-FLU) (metabolite)

Paroxetine
(PAR) Sertraline (SER) Desmethylsertraline

(Nor-SER) (metabolite)

 

  

Anti-inflammatories
(Anti-inf)

Diclofenac
(DIC)

4-hydroxydiclofenac
(4-OH-DIC)
(metabolite)

Ibuprofen
(IBU)

Naproxen
(NAP)

 

Paracetamol (PARA)

4-aminophenol
(4-PARA)

(transformation
product)

 

Hormones (Horm)
Estrone

(E1) (natural
hormone/metabolite)

17β-estradiol
(E2)

17α-ethinylestradiol
(EE2)

  

The pharmaceuticals in study, key representatives of major classes of pharmaceuticals, were
selected based on the EU watch list, their high consumption, pharmacokinetics, physicochemical
properties, persistence, previous studies on the occurrence on the aquatic environment, and their
potential toxicological impact, both on humans and on the aquatic environment [10–14]. This review
will provide a more realistic water quality assessment contributing for a more integrative approach to
rank and prioritize pharmaceuticals, based on an integrated assessment of ERA and exposure in the
aquatic environment.

“Water is not a commercial product like any other but, rather, a heritage which must be protected,
defended and treated as such”, the claim by the EU WFD contrasts with the poor ecological status
of European freshwater bodies, where only 43% achieve a good ecological status. In addition, and
despite the enormous efforts, the picture that emerges regarding ecological status is still incomplete,
fragmented and with contradictory assessments of the situation. Therefore, it is important to obtain a
better understanding of the regional and global context, concerning the environmental risk posed by
pharmaceuticals in the aquatic environment.

2. Toxicity

Since pharmaceuticals are continuously introduced into the aquatic environment, they can
promote toxic effects on living organisms, even when present at concentrations on the ng L−1 level [15].
This potential for negative effects of pharmaceuticals even at sublethal concentrations, namely for
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aquatic organisms, has been of concern since the issue was first brought to attention in 1985 [2].
Therefore, their presence poses a threat to the quality of water resources [5,16].

Pharmaceuticals have a relatively clear mode of action in target organisms, and given that fish and
invertebrates share more drug targets with humans, it would be expected that they would also respond
to pharmaceuticals in a similar way. However, when non-target-species are exposed, unknown effects
and potential risks need to be assessed. One example is the impact of EE2 in the feminization of
fish [17–19]. Nonetheless, all the ecotoxicological risks associated to the ubiquitous occurrence of
pharmaceuticals in aquatic ecosystems are far from known [3].

Sorption to sediments is one factor that influences toxicity of pharmaceuticals, although higher
sorption to sediments results in an apparent reduction of bioavailability and toxicity, the activity of
benthic invertebrate in sediments results in a higher exposure for these organisms [20].

Moreover, bioaccumulation and biomagnification should also be accounted for since they can
increase toxicity [17]. These parameters are also related to log Dow, since compounds with values
higher than 3 have a tendency for bioaccumulation [17,21], which means that the ionization state can
influence the toxicity of pharmaceuticals, and that the pH variability in surface water should also be
taken into account [17].

A bibliographic search of the scientific literature was conducted on Google Scholar using the
search terms “ecotoxicology” and each of the selected compounds. All the publications that presented
ecotoxicological studies on the selected compounds, referring to the concentrations, were included.
Below, the ecotoxicological data in the aquatic biota was reviewed, presenting the toxicity data obtained
from 120 exposure studies of three trophic levels of non-target organisms, algae (Figure 1), invertebrates
(Figure 2) and fish (Figure 3), Table S1 (Supporting information). The data was divided by the
different endpoints found in the literature: no observed effect concentrations (NOEC), lowest observed
effect concentrations (LOEC), effective concentration (EC50) and lethal concentration (LC50). These
endpoints are expected to have increasing concentrations, since they were organized from the more
susceptible endpoint (NOEC) to the less one (LC50). However, each endpoint encloses various species
of the same trophic level and different toxicological tests like immobilization, growth, luminescence,
reproduction, morphology, behavior, etc. When no experimental data was available, L(E)C50 values
were estimated with ECOSAR 2.0. This program estimates data on acute toxicity through the molecule
structure, sometimes underestimating toxic effects. The data was also divided in acute and chronic
toxicity, depending on the time of exposure and trophic level. For algae, acute toxicity was considered
when the toxicity tests lasted until 4 days (96 h), longer exposures were considered chronic toxicity.
Regarding invertebrates, with the exception of Brachionus calyciflorus (were 2 days was considered
chronic data, since it has a shorter life cycle), acute toxicity was accounted when the exposure took
place until 2 days (48 h) and chronic toxicity when it was equal or longer than 7 days. For fish, tests
until 4 days (96 h) were included in acute toxicity data and exposures equal or above 7 days entered
the chronic toxicity data. These criteria were based on OECD tests for each trophic level [22].
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Although, as expected, some therapeutic groups presented higher toxicity, such as hormones, which
can promote endocrine modifications, all therapeutic groups presented toxicity at low concentrations,
highlighting the ecotoxicity of the selected pharmaceuticals [138]. Overall, considering all trophic
levels, all therapeutic groups with the exception of anxiolytics, had at least one toxicity report for
concentrations below 1 μg L−1, near the concentrations found in the aquatic environment.

Considering the toxicity of the selected pharmaceuticals in all trophic levels, we could observe
that the most sensitive one, with the lowest concentrations promoting toxic effects was fish, followed
by invertebrates and algae. The limitation of this analysis is that, regarding fish, there were also
toxicity data obtained through cell line or tissue testing, which can be difficult to extrapolate to the
entire organism. The therapeutic group with higher toxicity, mainly chronic toxicity in fish and
invertebrates, are hormones. Additionally, the pharmaceutical that presented higher toxicity, with the
lowest concentration promoting toxic effects, was EE2 at 0.1 ng L−1 in fish (NOEC, chronic toxicity) [123].
The highest concentrations promoting toxicity were detected in fish (LC50, acute toxicity), for CLA,
CIP and ERY (1 g L−1), [23,123,126].

Ecotoxicological chronic studies on pharmaceuticals are lacking, meaning that many questions
about the threat to the environment of pharmaceuticals remain unanswered. Additionally, the actual
exposure scenario regards multiple pharmaceuticals, posing uncertainty regarding toxicology in
long-term exposure. If many pharmaceuticals are present and share the same mode of action, then
the toxicity of this mixture could be higher than if only one pharmaceutical is present, being usually
considered the concept of concentration addition, although antagonistic and synergistic effects may
also occur. This could result in risk underestimation, as the typical exposure is toward multicomponent
chemicals [139–142].

One example of mixture effects was observed when using a mixture of anti-inflammatories (DIC,
IBU and NAP). In this case, the acute toxicity was detected at concentrations where little or no effect
was observed for the chemicals individually [20]. Even in mixtures with pharmaceuticals belonging
to different therapeutic groups, additive and synergistic effects were reported. A mixture with E2
and FLU promoted a decrease in the reproductive success of D. magna more significantly than either
chemical compounds alone [143]. Another example was provided by exposing D. magna to a mixture
of CAR and a lipid lowering agent, which exhibited stronger effects during immobilization tests than
the single compounds at the same concentration [20].

Taking into account mixture effects, some research has already been developed focusing on toxic
effects, and not on specific pharmaceuticals. This was already used to evaluate wastewater treatment
plants (WWTPs) removal efficiencies, by evaluating and comparing the toxicity (androgenecity,
cytotoxicity, anti-estrogenicity and L. variegatus decrease in reproduction and biomass) both in
wastewater influents (WWIs) and efluents (WWEs) [144,145].

Additionally to the active compounds of pharmaceuticals, excipients and additives are also
present in medicines, that may contain endocrine disrupting chemical excipients and additives [138].

The measured concentrations of some of the selected pharmaceuticals reported for surface water
all over the world surpassed the concentrations here described for toxicity, which suggests that the
aquatic biota could be vulnerable to the presence of pharmaceuticals in their environment, and that
toxic effects are expected to occur with unexpected outcomes [146].

It is unlikely that pharmaceuticals present in drinking water may pose a risk to the human health
through chronic exposure, however, the toxicological implications are not clear [147]. Furthermore,
studies have shown that infants may have difficulty in metabolizing drugs therefore, being more
vulnerable to the toxic effects of these compounds [17].

As referred, many pharmaceuticals have the potential for bioaccumulation and biomagnification,
and chronic effects on ecosystems cannot be ignored for animals at the higher end of the food web [148].
Thus, the health hazard of human exposure by ingestion of contaminated foods should also be taken
into account [17].
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2.1. Anxiolytics

No ecotoxicological data was found in literature for ALP, LOR and ZOL, and for that reason, all the
results for this therapeutic group were obtained from ECOSAR 2.0 [18]. In decreasing order, the more
toxic was ZOL, followed by ALP and LOR. The trophic level with the lowest reported concentrations
producing toxicity was algae (from 0.211 to 6.07 mg L−1), followed by fish (from 0.248 to 43.1 mg L−1)
and invertebrates (from 1.55 to 39.4 mg L−1).

2.2. Antibiotics

Observing the acute toxicity for antibiotics, since there is little data on chronic endpoints, the
pattern for the three trophic levels was similar for all antibiotics, with algae being more susceptible at
lower concentrations (from 0.0018 to 20.6 mg L−1), followed by invertebrates (from 0.22 to 120 mg L−1)
and fish (from 84 to 1000 mg L−1). If we compare each antibiotic, concerning invertebrates, it can
be observed that CLA and CIP presented similar results, but when compared with ERY, lower
concentrations (220 μg L−1) of this antibiotic can produce the same toxic effects, in this case growth
inhibition [23].

In this therapeutic class, in addition to direct toxicological risks, concern has been raised about the
potential for the antibiotic residues in water, since they are typically found in the aquatic environment
at subtherapeutic concentrations, promoting the emergence of resistant bacteria and subsequent
development of more resistant and virulent pathogens [149]. These bacterial resistances, through
horizontal gene transfer, may end up in human pathogens, raising questions on human health and the
stability of the ecosystem [150–154].

This emergence of bacterial resistance presents one of the major emerging threats to human health
and is by far the highest risk for humans of having medicinal products residues in the environment [155].
Furthermore, historical evidence appears to indicate that in the aquatic environment resistance might
be acquired faster than in the terrestrial environment [156].

Corroborating the effects on bacteria, changes in biomass and growth rate were reported at
concentrations above 5.7 μg L−1 [47]. This therapeutic class can also induce immunotoxicity in the
freshwater mussel at low concentrations, between 2 ng L−1 and 1100 ng L−1 [157].

2.3. Lipid Regulators

In this group, the pattern observed with both previous therapeutic groups was not so clear,
with median concentrations similar in all trophic levels for acute toxicity. Observing these data, SIM
was clearly the pharmaceutical, which promoted toxicity at lower concentrations for invertebrates
(160 ng L−1) and fish (765 μg L−1) [26,56]. However, data on chronic toxicity, only available for GEM in
two trophic levels, showed that the highest toxicity regarded fish (1.5 μg L−1), followed by invertebrates
(78.0 μg L−1) [51,85].

2.4. Antiepileptics

For CAR, once again, the pattern of acute data, was similar to that registered for anxiolytics
and antibiotics, with the lowest concentrations promoting toxicity at 10.0 μg L−1, 20 000 μg L−1 and
0.01 μg L−1 for algae, fish and invertebrates, respectively [27,44,57]. Considering the chronic data,
similar concentrations were found to produce toxicity in invertebrates and fish trophic levels, ranging
from 25 to 25,000 μg L−1 [27,29].

2.5. SSRIs

This therapeutic group has the peculiarity that the phylogenetically ancient and highly conserved
neurotransmitter and neurohormone serotonin has been found in invertebrates and vertebrates,
although its specific physiological role and mode of action is unknown for many species [158]. Many
biological functions within invertebrates, such as reproduction, metabolism, molting and behavior,
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are under the control of serotonin [159]. Therefore, the pharmaceuticals in this therapeutic group
could have tremendous effects on these and other organisms [160]. These facts are in agreement
with those found in acute toxicity data found, since for all trophic levels this group had globally the
lowest concentrations, which promoted toxic effects, being some of these on reproduction, survival
and behavior [161].

When observing these data, the most sensitive trophic level was the invertebrates (0.1 μg L−1),
followed by algae (12.1 μg L−1) and fish (72.0 μg L−1) [33,57,92]. In invertebrates, the pharmaceuticals
with higher toxicity were FLU (100 ng L−1) and its metabolite Nor-FLU (300 μg L−1) and SER
(100 μg L−1). On the other side, PAR was the one with lower toxicity [33,36,57,69]. In algae, the
pharmaceutical with highest toxicity was SER, however, in invertebrates, FLU surpassed SER toxicity.

The only metabolite referred in the literature concerning toxicity studies was Nor-FLU, with data
for algae and invertebrates. When comparing with FLU (algae and invertebrates), it is clear that the
median concentrations inducing toxicity were always lower [162].

Studies performed on SER and FLU demonstrated the influence of pH on toxicity, since the
uncharged drug can pass easier through the membrane and act inside the cells, showing a tenfold
increased toxicity when shifting the pH closest to their pKa, increasing the nonionized form, from 6.5 to
8.5 and from 7.8 to 9, respectively [17,89,92].

2.6. Anti-Inflammatories

Most anti-inflammatories induce the nonspecific inhibition of prostaglandins. This, in turn,
means that there is the potential for effects on any of the normal physiological functions mediated by
prostaglandins. In fish, for instance, prostaglandins influence mechanisms of behavior and reproduction
and, therefore, they can act as endocrine disruptors or modulators, because they can exert their effects
by mimicking or antagonizing the effects of hormones, alter their pattern of synthesis and metabolism
and modify hormone receptor levels, leading to possible adverse effects [7,163–165]. However, different
and unexpected toxicity effects were also observed. One of the first was reported in Pakistan, where
a catastrophic decline in the Oriental White-backed Vulture population (95%) originated from the
exposure to DIC contaminated live-stock carcasses, which promoted fatal renal disease [98,138].

Overall, excepting anxiolytics, anti-inflammatories were less toxic than the other therapeutic
groups. Regarding the lowest concentrations that produced acute toxicity in the three trophic levels,
invertebrates had the lowest value (10 ng L−1), followed by algae (10 μg L−1) and fish (90 μg L−1),
however, when using median values, the differences become less clear [37,44,57,96]. As for chronic
data, higher toxicity was observed in fish (500 ng L−1) and invertebrates (200 μg L−1), when compared
with algae (4.01 mg L−1), which is in line with the already referred anti-inflammatories mode of
action [70,95].

Data for each anti-inflammatory showed no clear pattern, nonetheless, except for invertebrates,
NAP and PARA seemed to have lower toxicity than DIC and IBU. When performing a comparison
between DIC and its metabolite (4-OH-DIC) in invertebrates and fish, one could observe that they
have similar toxicities. Conversely, PARA transformation product (4-PARA) presented higher toxicity
than the parent molecule in all three trophic levels.

2.7. Hormones

Although hormones like E1, E2 and EE2 are mainly used for contraception purposes,
the physiological effects are not restricted to effects on reproductive and sexual development, and can
target mitochondrial function, energy metabolism and cell cycle control [165].

For acute toxicity, there is only data on algae and invertebrates, and algae presented higher
toxicity since the lowest concentration promoting toxic effects was at 162 μg L−1, lower than the
1500 μg L−1 observed in invertebrates [43,78]. Nonetheless, the toxicity promoted by this therapeutic
group is mainly expected to be detected through chronic toxicity, however, these data could only be
obtained for invertebrates and fish. Considering chronic data, in these two trophic levels, hormones
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presented higher toxicity than the other therapeutic groups, since the lowest concentrations reported
were of 100 ng L−1 and 0.1 ng L−1, for invertebrates and fish, respectively [81,82,123]. It should also
be noted that, the highest concentration found that promoted toxicity for fish was also very low
(1188 ng L−1) [102].

Individually, there were no differences observed between E1 and E2 toxicity, while EE2 seems
the most toxic compound regarding chronic toxicity in invertebrates and especially in fish, where the
36 results available presented concentrations below 44 ng L−1 [135]. Namely, when two different fish
species were exposed to EE2 at 3 ng L−1 and 4 ng L−1 they suffered sex gender reversal, from male to
female, which can strongly unbalance the aquatic ecosystem [130,136,138].

3. Environmental Risk Assessment

The data regarding occurrence and toxicity already presented is crucial in order to perform the
ERA, and can be used to select the pharmaceuticals that are more prone to induce toxic effects in
aquatic biota [166]. The risk assessment, mentioned in the EMA guideline on the ERA of medicinal
products for human use [4], is performed through the risk quotient (RQ) calculation, dividing the PEC
by the PNEC for each pharmaceutical, observing three different trophic levels (algae, invertebrates and
fish). If RQ is equal or above 1, there is a potential environmental risk situation, whereas when values
are lower than 1, no risk is expected. However, a certain risk could be expected for the substances with
a RQ between 0.1 and 1 [167,168]. However, this guideline is only applied for marketing authorizations
and for pharmaceuticals marketed after 2006. Additionally, it does not constitute a valid criterion upon
which to base the refusal of a market authorization of medicinal products for human use in the EU [6].
Our evaluation of the potential ecotoxicological risk posed for the aquatic compartment was based on
a dual approach: one using the worst case scenario, as stated by the EMA guideline on the ERA [4],
where the maximum individual concentrations of pharmaceuticals found in the respective aquatic
compartment were used as MEC [15,169,170], and another using the median concentrations for each
pharmaceutical as MEC [171]. This evaluation can also be an important tool to suggest the inclusion or
removal of pharmaceuticals in the watch list of the Directive 2013/39/EU.

As discussed, some concentrations compiled in surface water are higher than the levels that
induce toxicity, not applying any uncertainty factor (UF) for the PNEC calculation. Additionally,
some studies have indicated that concentrations of several pharmaceuticals belonging to different
therapeutic groups can promote toxic effects on negatively impacted aquatic biota, presenting RQ
higher than 1 [11,18,139,157,172,173].

As referred, aquatic biota inhabiting the receiving environment are unintentionally exposed
throughout their lifetime to a complex mixture of residual pharmaceuticals and these mixtures can
exhibit a greater effect than individual compounds [20,174,175]. Therefore, it is a challenge to address
the concerns related to the chronic effect, low-level exposure to these compounds, including exposure
of sensitive subpopulations to pharmaceutical mixtures [17,174].

3.1. Predicted No-Effect Concentration (PNECs)

Based on the toxicity data (Figures 4–7), Table 2 presents the PNECs for the selected pharmaceuticals.
These values were calculated by applying an UF of 100 and 10 to the long-term EC50 and NOEC values,
and an UF of 50 and 1000 to the short-term LOEC and L(E)C50 values, respectively, available in the
literature. The UF is an expression of the degree of uncertainty in the extrapolation from the test data
on a limited number of species to the actual environment [4]. As referred, when no experimental data
are available, L(E)C50 values were estimated through ECOSAR 2.0.
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Table 2. Predicted no-effect concentrations of the selected pharmaceuticals for algae, invertebrates and
fish for the studied pharmaceuticals.

Therapeutic Group Pharmaceutical
PNEC (ng L−1)
Algae

PNEC (ng L−1)
Invertebrates

PNEC (ng L−1)
Fish

Anx ALP 892 a,b 3590 b,c 2540 b,c

LOR 6070 a,b 39,400 b,c 43,100 b,c

ZOL 211 a,b 1550 b,c 248 b,c

Antib AZI 1.8 b [176] 440 e,g [83] 84,000 b

CLA 2 b [23] 8160 b [23] 1,000,000 b [23]
CIP 5 b [35] 10,000 b [44] 1,000,000 b [44]
ERY 20 b [23] 220 b [23] 1,000,000 b [23]

Lip reg BEZ 4870 a,b 1300 e,f [51] 17,600 b,c

GEM 15,190 b [51] 1180 b [53] 150 e,g [85]
SIM 22,800 b [26] 3.2 d [56] 765 b,c

Antiepi CAR 31.6 b [27] 0.2 d [57] 20,000 b [44]

SSRIs CIT 1600 b [30] 3900 b [58] 4470 b,c

FLU 44.99 b [33] 2 d [57] 2.8 e,g [177]
Nor-FLU (M) 189 b [34] 300 b [61] n.a
PAR 140 b [30] 580 b [58] 3290 b,c

SER 12.10 b [33] 120 b [58] 72 b [92]

Anti-inf DIC 200 d [37] 20,000 e,g [70] 50 e,g [95]
4-OH-DIC (M) 660,300 e,f [38] 48,200 b,c 65,200 b,c

IBU 40,100 e,f [39] 0.2 d [57] 180 e,g

NAP 31,820 b [40] 2620 b [53] 115,200 b [99]
PARA 134,000 b [59] 2040 b [73] 378,000 b [42]
4-PARA (TP) 11,300 a,b 240 b [77] 1430 b [100]

Horm E1 (NH/M) 355 a,b 3160 b,c 3.4 e,g [103]
E2 162 a,b 1500 b [78] 0.29 e,g [113]
EE2 730 b [43] 10 e,g [81,82] 0.01 e,g [123]

M—metabolite; TP—transformation product; NH—natural hormone. a: EC50 was estimated with ECOSAR.
b: UF = 1000. c: LC50 was estimated with ECOSAR. d: UF = 50 (uncertainty factor used for lowest observed
effect concentrations (LOEC) and no observed effect concentrations (NOEC) in acute toxicity). e: long-term data.
f: UF = 100. g: UF = 10 (uncertainty factor used for LOEC and NOEC in chronic toxicity).

It should be taken into account that the choice of toxicity data can obviously affect the outcome [15].
However, the results obtained for the PNECs were directly related to the toxicity data, and a similar
pattern to the toxicity data was observed, with the therapeutic groups and pharmaceuticals with higher
toxicity presenting the lowest PNEC values.

3.2. Risk Assessment

Using the occurrence data obtained from Part I of this review (Table S2, Supporting information)
and the PNECs previously calculated (Table 2), RQs were deemed for all the selected pharmaceuticals
in the different aquatic compartments and are presented in Figures 4–7 [146].

In general, the results revealed that RQs higher than 1 could be observed for all the aquatic bodies,
posing ecotoxicological pressure in all of these compartments.

3.2.1. Wastewater Influents

The RQs observed in WWIs were the highest from all the aquatic compartments, as well as the
concentrations of the selected pharmaceuticals (Figure 4). The highest value (274,816) and median
(13,400) were observed for IBU in invertebrates. Anti-inflammatories were the therapeutic group
with the highest RQs median, both for the maximum and median values, followed by antiepileptic
and hormones.
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With the exception of anxiolytics, all the other therapeutic groups presented RQs > 1 for at least
two trophic levels, being SSRIs and anxiolytics the only groups that did not present risk RQs > 1 for
all pharmaceuticals.

For the anxiolytics and antibiotics, the algae were clearly the most susceptible trophic level,
presenting higher RQs. Another clear pattern was observed for the hormones, where for fish all the
RQs (median and maximum) were higher than 1 and with the maximum values between 129 and
17 271

These results demonstrated that the concentrations reaching the WWTPs could clearly endanger
all the trophic levels that might be exposed to this aquatic matrix.

3.2.2. Wastewater Effluents

This aquatic compartment presents lower RQs than the WWIs (Figure 5). Antibiotics along with
antiepileptic, anti-inflammatories and hormones were the therapeutic groups with highest RQs values.
When considering median values alone, antibiotics have lower RQs than the other three therapeutic
groups. The values observed for antibiotics can promote an even bigger problem than the direct
toxicity to aquatic organism: the emergence of bacterial resistance. Nonetheless, the ERA approach
does not address this issue [155].
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Anxiolytics continued to present RQs values lower than 1. Antibiotics, on the other hand, had the
highest value observed for CIP in algae (100,258). As in WWI, antiepileptic continued to present the
highest median RQs.

In WWI, some metabolites of the SSRIs presented similar or slightly higher RQs than the parent
compounds (N-CIT and Nor-SER), in WWE a similar pattern was observed. These results highlight the
fact that parent compounds and metabolites reached WWEs, and that the concentrations found in this
matrix were able to promote toxic effects in the aquatic biota. This fact suggests that metabolites and
transformation products should also be monitored in the environment.

Regarding the anti-inflammatories therapeutic group, DIC and IBU stand out from the other
pharmaceuticals presenting clearly higher median and maximum RQs. As for hormones and observing
the fish trophic level, as in the WWI, all RQs were higher than one.

3.2.3. Surface Waters

This aquatic body was clearly more problematic to the environment when compared to WWIs
and WWEs since here is where most of aquatic life inhabits. However, like in the previous water
compartments, RQs higher than 1 were observed for all trophic levels and therapeutic groups, with the
exception of the anxiolytics. Antiepileptic, anti-inflammatories, antibiotics and hormones remained
the therapeutic groups with the highest RQs (Figure 6).
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The highest maximum and median values regarded IBU (16,327) and CAR (138) in invertebrates.
There were still eighteen pharmaceuticals (AZI, CLA, CIP, ERY, BEZ, GEM, SIM, CAR, CIT, FLU, SER,
DIC, IBU, PARA, E1, E2, αE2 and EE2) with RQs above 1.

Antibiotics still presented all of their maximum RQs higher than 1 for algae, whereas lipid
regulators presented the same pattern for invertebrates. As for the antiepileptic, their maximum
values were above one for algae and invertebrates. In SSRIs therapeutic group, CIT, FLU and SER
were the ones that presented RQs higher than 1, contributing to the possible risk posed by this group.
The hormones, regarding fish, still presented all median RQs higher than 1, with the exception of E1,
with the EE2 obtaining the highest RQs for this trophic level.

As already mentioned, this water body, encompassing rivers and lakes, should be free from risk.
Nonetheless, from the 28 detected pharmaceuticals, 18 presented maximum RQs above 1 and even 8
had median RQs superior to 1, posing a threat to all the aquatic organisms.

3.2.4. Other Water Bodies

The results obtained for the RQs of other water bodies are presented in Figure 7. The RQs,
in decreasing order, were groundwater, seawater, mineral water and drinking water. Since drinking
water is usually obtained through surface and groundwaters, these results suggest that the sources
used to produce drinking water were the ones with lower pharmaceutical contaminations or that water
treatment plants were removing the selected pharmaceuticals. The results obtained in seawater can be
biased, since fresh water organisms were used to evaluate the risk and there are reports that marine
organism can be more vulnerable, increasing the risk in this water matrix [178,179].
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All of these compartments presented values above 1 for all trophic levels, with the exception of
mineral water in algae, highlighting, once again, the pressure sustained by the aquatic organisms
in all the aquatic compartments. This indicates that there is also a possible risk for humans.
The therapeutic groups with higher maximum and median RQs are hormones, antiepileptic, antibiotics
and anti-inflammatories, being the same groups as in WWIs.

With the exception of anxiolytics, all therapeutic groups still present RQ medians above 1, with 12
pharmaceuticals with maximum values above 1, and 11 with medians also higher than 1. If we use
the threshold of 0.1, where some risk might be expected, we can find 16 of these compounds. Some
RQs are still extremely high, with EE2 presenting values up to 91,150 and a median of 6091 for fish in
groundwater. The higher RQs observed in these compartments were for CAR and IBU in invertebrates,
and for hormones in fish.

Viewing these results, it is possible to observe not only high risk for aquatic organism in
wastewaters but, despite the RQ reduction, several pharmaceuticals still promote risk in other
supposedly cleaner aquatic matrices. Additionally, additive or even synergistic effects can occur,
especially in the pharmaceuticals with the same mechanism of action [139–142].

3.3. Mitigation Measures

The RQs obtained for all the water compartments, particularly the RQs higher than 1 in surface
waters and in the other water bodies, raise not only the issue of toxicity for the aquatic environment
but also for humans using these aquatic bodies as a source of drinking water and also for whom
eating animals living in these contaminated environments. Therefore, mitigation measures should
be implemented to prevent high RQs in these important water resources. These measures should
begin through the awareness of the problem. For example, in Sweden, an environmental classification
system for drugs has been established through collaboration between producers, authorities and the
public health care. This system assesses the environmental risk of pharmaceuticals being publicly
available, therefore, the market can demand for medicines with less environmental impact, stimulating
producers to design more environmentally friendly medicines [17]. This includes the concept of green
pharmacy, where the design of pharmaceutical products focus also on their high metabolization and
environmental degradation, reducing the environmental burden and improving environmental safety
and health impacts [138].

Additionally, the ERA guideline on human pharmaceuticals should be revised in order to: enter
the risk benefit analysis; impose its revision every five years with the new available data; incorporate
the pharmaceuticals marketed before 2006 and include metabolites and transformation products [6].

Another issue already referred is the possible improvement of WWTPs removal efficiencies and
the improvement of toxicity studies. The main challenges regarding the assessment of ecotoxicity
are the scarce information available for some of the selected pharmaceuticals, namely chronic data
and effects on multiple life stages or even multiple generations, which mimics the environmental
exposure. Behavior studies are also lacking, before death and other major toxicity effects there can be
diminished sexual interest, fear or activity, increased curiosity, etc. Although this seems like small
behavior changes, it can be enough to unbalance an ecosystem eliminating one or more species by
being unable to escape from predators or by lack of reproduction. This leads to another point that
ecotoxicity studies should also be performed in ecosystems, because some effects previously referred
are more evident in this type of studies. It should also be considered the increase of species tested
and mixture effects, not only between different pharmaceuticals of the same therapeutic group but
also from different groups and with other substances, like heavy metals. Given the pharmaceutical
environmental presence in mixtures and with other substances, additive or even synergistic effects
occur; therefore, the real hazard may be greater than that calculated [24,33,180,181]. Another issue
that is neglected with the traditional ecotoxicity studies is the emergence of bacterial resistance. We
are testing antibiotics in algae, invertebrates and fish but probably the biggest impact will be on
bacteria, namely on the emergence of resistant bacteria that can reach not only aquatic animals but also
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humans. Additionally, the emergence of bacterial resistance is a major concern involving the presence
of pharmaceuticals in the aquatic compartment, which is more prone in this environment [6,182].

This could generate benefits in water resource management, by providing the means for
cross-compliance measures in environmental regulation and providing an adequate risk assessment
for pharmaceuticals mixtures [183]. In this way, the complete scenario of the contamination of
pharmaceuticals in the aquatic environment and their risk could be performed, contributing to future
improvements in minimization measures and legislation.

4. Final Remarks

A literature review was conducted in order to understand the toxicity and ERA of pharmaceuticals
in the aquatic environment. In this context, a broad and specialized background was obtained, enabling
an overview of the state of the art in these subjects.

Regarding the toxicity data, although the differences observed between different therapeutic groups
and within each therapeutic group, all therapeutic groups with the exception of anxiolytics, had at least
one toxicity report for concentrations below 1 μg L−1. The trophic level with the lowest concentrations
promoting toxic effects was fish, followed by invertebrates and algae, emphasizing that fish, the trophic
level closer to humans, are more prone to toxicity effects from the selected pharmaceuticals.

The results also show that pharmaceuticals with higher RQs are not the ones with higher occurrence
and that proper toxicity data is important to a correct evaluation of the ERA.

The ERA performed for the pharmaceuticals in the different aquatic compartments revealed, with
the exception of anxiolytics, RQs higher than 1, not only for WWIs but also for all aquatic compartments,
for all trophic levels and therapeutic groups.

The therapeutic groups with the highest RQs in all aquatic compartments are hormones,
antiepileptics, anti-inflammatories and antibiotics and the pharmaceuticals with the highest values are
the EE2, CAR, IBU, CIP and AZI in all aquatic compartments. Highlighting threat to all the aquatic
organisms exposed, namely on the feminization of fish by EE2 and its impact on aquatic ecosystems.
Additionally, two antibiotics are among the pharmaceuticals with higher RQs and the ERA does not
evaluate the emergence of bacterial resistance. If this issue was also evaluated it would probably
confirm why they are considered the therapeutic group with the highest risk for humans, regarding
the residues of medicinal products in the environment.

Unfortunately, the pressure of pharmaceuticals on aquatic bodies will continue to rise, and,
therefore, mitigation measures and changes in legislation must be implemented.
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Abstract: Recent years have seen the increased utilization of ionic liquids (ILs) in the development and
optimization of analytical methods. Their unique and eco-friendly properties and the ability to modify
their structure allows them to be useful both at the sample preparation stage and at the separation
stage of the analytes. The use of ILs for the analysis of pharmaceuticals seems particularly interesting
because of their systematic delivery to the environment. Nowadays, they are commonly detected
in many countries at very low concentration levels. However, due to their specific physiological
activity, pharmaceuticals are responsible for bioaccumulation and toxic effects in aquatic and terrestrial
ecosystems as well as possibly upsetting the body’s equilibrium, leading to the dangerous phenomenon
of drug resistance. This review will provide a comprehensive summary of the use of ILs in various
sample preparation procedures and separation methods for the determination of pharmaceuticals in
environmental and biological matrices based on liquid-based chromatography (LC, SFC, TLC), gas
chromatography (GC) and electromigration techniques (e.g., capillary electrophoresis (CE)). Moreover,
the advantages and disadvantages of ILs, which can appear during extraction and separation, will
be presented and attention will be given to the criteria to be followed during the selection of ILs for
specific applications.

Keywords: ionic liquids; green chemistry; environmental and biological samples; sample preparation;
determination of pharmaceuticals; chromatographic methods; electromigration techniques

1. Introduction

Analytical chemistry focused on the development of methods for the qualitative and quantitative
determination of compounds with different chemical structures is a huge, dynamically developing
field of science. The number of available methods and techniques is impressive. However, in addition
to successes, there are many limitations regarding the use of such approaches. Problems may appear
already at the sample preparation stage. Inadequate selectivity, and the use of large volumes of
harmful organic solvents with a high vapor pressure in liquid-liquid extraction (LLE) or solid-phase
extraction (SPE) are some of the many reasons for the search for alternatives [1]. The introduction of
microextraction combined with the reduction of organic solvents used, and the inclusion of additional
physical and chemical factors (sonication, temperature) have brought enormous progress, but also
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have several difficulties. Microextraction into both solid and liquid phases is a time-consuming
process, and the final results require the indication of many other conditions [2]. For example,
in solid-phase microextraction (SPME), commercially available fibers are not always suitable for the
target compounds, while for single-drop microextraction (SDME), the stability of the drop in the
sample may be a problem [3,4]. These limitations, as well as the need for even greater process control
by affecting the retention time, and improving the extraction efficiency and resolution of analytes,
are responsible for the attempt to include new structures in the extraction process, which can help to
achieve these goals [5]. Modifications, such as the introduction of additional processes in liquid-based
sample preparation procedures or changes on the surface of sorbents in SPE-based extraction and
microextraction procedures are a good direction in analytics, but often insufficient to achieve the
expected effects.

Equally as crucial as sample preparation is the process of the separation and detection of the
compounds of interest. Among the many available techniques, chromatography or electrophoresis
are most often used for the determination of pharmaceuticals in different matrices. Chromatographic
techniques exist in a variety of types: the oldest thin-layer chromatography (TLC), the commonly
used high performance liquid chromatography (HPLC) and gas chromatography (GC) as well as the
less popular supercritical fluid chromatography (SFC) techniques. These methods can be coupled to
various types of detectors, including ultraviolet (UV), fluorescence (FL) or mass spectrometry (MS).
There are many important parameters during the development and optimization of methods but the
most important include the choice of the stationary phase (the place of separation of the analytes)
and the mobile phase composition. If the analytes show excessive column adsorption, tailing of the
chromatographic peaks occurs and their width is incorrect [6]. In turn, when choosing a mobile phase,
problems can occur with obtaining separate peaks for specific compounds, a too long analysis time and
low efficiency [7]. However, other chromatographic conditions, such as the column temperature and
the flow rate of the mobile phase as well as the parameters of detection should be carefully selected.
This is a particular challenge for pharmaceutical determinations because their diverse structures and
rich (despite extraction) matrices, and the necessity to detect many analytes at the same time, are
just some of the reasons for difficulties in their separation. In addition, it should be highlighted
that the mobile phases in LC often contain large volumes of organic solvents which are highly toxic.
An interesting alternative seems to be electromigration techniques such as capillary electrophoresis (CE),
micellar electrokinetic chromatography (MEKC) or non-aqueous capillary electrophoresis (NACE).
These analytical approaches have been considered to be powerful separation methods due to low
sample and reagent consumption, high efficiency, and simplicity. On the other hand, CE-based methods
have relatively low sensitivity which makes their application difficult in real clinical and environmental
studies. Thus, the above examples show that each stage in the development of an analytical method
(both sample preparation and further analysis) can cause problems in performing experiments or in
achieving reliable results.

Ionic liquids (ILs) are a relatively new class of compounds that became an object of special
attention in the 21st century. Their simple cationic-anionic structure provides unusual and unparalleled
properties. Therefore, it should not be surprising that their potential is exploited in many unrelated
areas of science, for example, as a catalyst in chemical reactions [8], in drug delivery systems [9],
in electroplating processes [10], in treating harmful compounds in wastewater [11], as matrices for
analysis by matrix-assisted laser desorption/ionization mass spectrometry (MALDI-MS) [12] and many
others. Scientists have also become interested in “designer solvents” in response to the constant
demand for developing new and better methods, and improving the results obtained. The literature
data show that their application is focused on sample preparation by extraction or microextraction
as well as chromatography (adding ILs to the mobile phase or to prepare the stationary phase) and
electrophoretic techniques (Figure 1).
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Figure 1. Number of publications on the use of ILs in sample preparation (extraction and microextraction)
and chromatographic and electrophoretic techniques in 2008–2019 (the authors own elaboration
according to ScienceDirect data).

In pharmaceutical sciences ILs can be used for a variety of purposes: as active pharmaceutical
substances (API-IL) [13], to determine the solvent residues and impurities in drug quality testing [14]
or as a source of information about the presence of pharmaceuticals in biological and environmental
samples [15,16]. An important argument supporting their use was also the introduction by Anastas
in 1999 of the 12 principles of green chemistry [17]. Attention was drawn to the excessive use of
organic solvents and the need to eliminate or reduce environmentally harmful factors. The search for
alternatives resulted in the inclusion of ILs in experiments. Negligible vapor pressure, non-flammability,
thermal stability, and the possibility of reuse are just some of the properties that have allowed ILs to be
described as more environmentally-friendly [18]. It should be highlighted that as newer compounds
their literature data are incomplete. However, this does not preclude their use at various stages of
analytical testing, from sample preparation to detection and the improvement of results, even for
difficult to determine analytes, including the quantification of pharmaceuticals in biological and
environmental samples. These substances, with different pharmacokinetic activity, can be delivered
directly and indirectly (animal-derived foods) to the human body in very low concentrations. Moreover,
pharmaceutical concentrations in urine or bile are different from those in blood or saliva [19]. For this
reason, it is necessary to develop a method that will be adequate for the specific biological sample. In the
treatment of patients, combination therapy is often used, which results in the presence in the matrix
sample of many drugs with different physical and chemical properties making it difficult to choose the
best extraction and separation conditions. It should also be remembered that these are not always stable
compounds, and to obtain information on their concentrations, it may also be necessary to determine the
degradation products and/or metabolites in the presence of many endogenous matrix compounds [20].
Similar considerations can be made in the field of drug determination in environmental samples.
According to the data reported in the literature, the sources of pharmaceuticals in wastewater, river
waters, lake waters and others are improper drug disposal, hospital wastewater or animal feces. If they
occur in an unchanged form, they may cause the risk of typical side effects after they enter the body.
One group of drugs often identified in environmental samples are antibiotics, which may be responsible
for the development of antibiotic-resistant bacteria [21]. As in biological samples, pharmaceuticals are
present in the environment in very low concentrations. Sample purification, the isolation of analytes
or the possibility of enriching the sample are crucial and influence the final efficiency of a method.
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As already mentioned, pharmaceuticals are compounds with high biological activity, so it is also
important to develop simple, reproducible, quick methods, without the need to introduce additional
steps to improve the safety of analysts [22]. The inclusion of ILs in their analyses not only improves
safety due to the reduction of the use of organic solvent, but also, as confirmed by research, helps to
overcome the mentioned difficulties in the analysis of drugs and to improve the validation parameters
and efficiency. Therefore, the monitoring of these substances in both the environment and animal
and human samples using IL-based environmentally-friendly analytical methods, which also offer
reliability, and the qualitative and quantitative sensitivity and selectivity of the compounds of interest
is one of the main tasks of modern analytics and chemistry.

The growing number of research papers on ILs has also increased interest in this topic in review
articles. Their wide spectrum of possibilities is also clearly visible in the huge variety of subjects
of such works. Some of them focused on IL in the context of “green chemistry”, pointing to their
great potential, but also disadvantages (the need to remove them from the environment, multi-stage
synthesis) [23,24]. The reviews very often summarized their applications in sample preparation,
especially solid phase microextraction. Most commonly, polymeric ionic liquids (PILs) were evaluated
in such applications [25–28]. Some articles considered all the possibilities for using ILs, both at the
extraction and detection stages [29–32]. However, the publication selection criteria in the review
papers most often concerned analytical methods and techniques or the type of ILs and did not
focus on the specific type of analytes or matrices. In addition, it should be noted that the dynamic
development of analytical methods using IL requires continuous monitoring of current scientific
reports and providing the latest information in current reviews papers. Thus, the purpose of this
review was to summarize achievements in the use of ILs for the determination of drugs in biological
and environmental samples. In order to properly understand the popularity of ILs in the modern
laboratory, the section “Ionic Liquids” presents their history, with the inclusion of their most important
features and properties. The basic criteria for choosing articles for the review was the use of ILs during
the sample preparation procedure or in the chromatographic/electrophoretic separation of synthetic
drugs quantified in biological and environmental samples. The review did not include endogenous
compounds, substances responsible for addiction (e.g., nicotine and others) and herbal medicines,
except for IL-applications in GC, TLC and SFC. This extension was made in order to fully present the
capabilities of ILs and show current trends in the determination of different active biological substances.

2. Ionic Liquids

Regarding the history of ILs, and events that are responsible for their presence in many fields
of science, it is first of all necessary to define the criteria used in the presentation of this subject.
Considering the period of their greatest popularity, that is, the last two decades, we can accept the
work of scientists who in their publications focused primarily on modifications of compounds in order
to obtain the desired properties and identify their applications. However, to acquire information about
the discovery of compounds that were ILs, although no one was aware of this and such a definition
was not used, we should return to the mid 19th century. At that time, a by-product known as “red oil”
was obtained in the Friedel-Crafts reaction. As shown later, this was the first recorded IL [33]. In the
following years, Gabriel and Warner also made an important contribution to the development of ILs.
In 1888, for the first time, they synthesized ethanol-ammonium nitrate [34]. Although all previous
events were very important, the synthesis of ethylammonium nitrate by Walden in 1914 has most
often appeared in publications in the context of the discovery of ILs [35]. Of course, it should be
mentioned that in the case of ILs, as in all great discoveries, there are opinions that although Walden
synthesized the compounds, he could not use them in practice and his success is over-emphasized [36].
Nevertheless, it was undoubtedly an important stage in the development of ILs. During the following
years, there were further syntheses of the compounds and attempts to use them, among others by
Yoke and his colleagues [37] and Koch and co-workers [38]. However, in more modern times, with the
current compounds that are used in research, it is necessary to focus on analytical methods and
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extraction techniques. Considering the application of ILs, Pool’s research should be mentioned, in
which, using current knowledge, ILs were used in GC as stationary phases [39]. The results of this
study prompted the beginning of their further development in this field and became the inspiration
for subsequent publications. The 1980s were also important due to the synthesis of ILs based on the
imidazolium cation, which are currently widely used in laboratories [40]. This event was important
because the existing compounds of ILs had significant limitations in their application, while the
imidazolium group provided new opportunities for researchers. Following the trend, subsequent
years of research into the use of ILs increased knowledge about them, and consequently led to the
introduction of some standards in this area. At the turn of the 20th century, ILs began to function under
the name Task-specific Ionic Liquids (TSILs) [41] and companies marketing the first commercially
available ILs appeared [42]. Increased access and the positive opinion of the scientific community
prompted attempts to apply them to novel projects. In 1998, for the first time, ILs were used as
extractants for LLE [43], and in 2005, they were used to coat SPME fibers [44]. Recent years have seen a
period of their participation in advanced research, but this will be discussed in detail in subsequent
sections. However, it should be highlighted that the most important factor responsible for the rich
and long history of ILs is their specific structures, illustrated in Figure 2, which provide the enormous
possibilities of these compounds. The cation-anion combinations, described in most definitions, create
many possibilities for structure modification, and can thus change the properties of the designed
compounds. The cations may have one or more nitrogen, sulfur, phosphorus or oxygen atom in the
structure, described as ammonium, sulfonium, phosphonium or oxonium cations, respectively, but in
most cases, they are large organic aromatic moieties: pyridinium, piperidinium and the most widely
used imidazolium cations. In turn, anions are much smaller and can be both organic and inorganic.
In research, tetrafluoroborate ([BF4]), hexafluorophosphate ([PF6]) and halogen anions, and many other
compositions appear.

Figure 2. Examples of popular anions and cations of ILs used in analytical methods.
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Besides the selection of the cation and anion, an important aspect that affects further results is the
substituents on the cation, and especially the alkyl chain, the length, branching and position of which
have a huge influence on applications of ILs [45]. To fully understand the unique properties of an IL,
it is also necessary to pay attention to Coulombic interactions occurring in the molecules, dipole-dipole
interactions, Van der Waals forces and hydrogen bonds [46]. It is estimated that the number of available
combinations may allow up to 1018 different ILs to be obtained [47]. The differences in the size of the
cation and anion, the asymmetry in the structure as well as the mentioned interactions mean that they
have no regular, crystalline structure and the delocalization of the cation and anion composition is
very possible. Thanks to this, their melting temperature does not exceed 100 ◦C, and in many cases it
is close to room temperature (RTIL) [48]. This feature distinguishes ILs from typical inorganic salts,
which, due to the much stronger Coulombic and hydrogen interactions, have a melting point of even
above 400 ◦C. Equally as interesting as their melting point is the viscosity of ILs, which is at a higher
level than that of organic solvent. Knowledge of these parameters is necessary when an IL is used
in separation and detection techniques. The electrostatic interactions in alkyl chain cations have an
enormous impact on viscosity. Coulomb forces, H-bonding and π-π dipole lead to increases in the flow
resistance, and additionally, the presence of van der Waals interactions between the cation and anion,
depending on the size of the molecule, also causes interactions in the same direction. This property
can be modified by changing the temperature or adding an organic solvent [49–52]. Viscosity also
influences another property, namely electrochemical conductivity. Thanks to their ionic structure,
ILs can carry a charge, but this possibility is not the same for all compounds. When the flow resistance
increases, conductivity becomes more difficult. However, increasing the temperature and mixing
with organic solvents improves the results. Furthermore, the size of molecules can hinder access
to the charge, so it is necessary to select the appropriate cations, which are large ions [53]. ILs are
widely used in sample preparation techniques because they can be created as both hydrophilic and
hydrophobic compounds that mix with water, and/or organic solvents [54]. It has been proven that
the change in the position of the methyl group in the cation determines the change in the acid-base
character, and therefore the C2 position is strongly acidic, which affects the interaction with other
compounds [55]. The thermal stability of ILs is also important. As studies have shown, the majority of
popular ILs are stable even above 300 ◦C, which is of great importance during GC analysis, where a
high temperature is required. As with previous properties, the size and type of ions, pKa, chain length
and electrostatic interactions determine the stability of individual ILs. Halogen anions, probably due
to their nucleophilic character, have less stability than other inorganic anions, while the most stable is
bis(trifluoromethanesulfonyl)imide ([Nf2T]). In turn, among the cations, the stability of pyrrolidinium
and piperidinium is lower than that of imidazolium, regardless of the anion used [56–58]. An interesting
property is also the insignificant vapor pressure which occurs at elevated temperatures. Zaitaus et al.
confirmed the influence of the structure of ILs on vapor pressure. In their study, the absolute vapor
pressures for a series of [CnMIM][BF4] ionic liquids with (n = 2, 4, 6, 8, and 10) were measured.
The results of experiments confirmed that an increase in the number of carbon atoms in the alkyl chain
in the imidazolium cation caused a decrease in absolute vapor pressures. However, this effect was
different for the homologies of [CnMIM][BF4] and [CnMIM][Nf2T]. Moreover, it was observed that
the volatility for [CnMIM][BF4] was significantly lower in comparison to [CnMIM][Nf2T]. In addition,
ILs added to organic solvents also reduced their evaporation [59–61].

It should be noted that there are a huge variety of IL combinations, so it is difficult to establish a
clear classification. The most popular approach concerns the structure of these compounds (Table 1).
A more detailed description concerns three generations of ILs in view of the anion or cation used.
The first includes molecules with specific physical properties, which are described in the previous
paragraph. The second generation includes ILs for which it is possible to tune their chemical and
physical properties and then to use them for a specific purpose, while the last group are compounds
with biological activity [62]. From the point of view of analytical applications, it seems reasonable to
focus attention on a large and diverse IL group referred to as Task-specific Ionic Liquids. The results of
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subsequent tests confirmed that apart from typical ILs, it is necessary to design more specific molecules
to achieve a specific goal. This led to the use of ILs in polymerization processes. ILs as monomers can
form combinations with other molecules, thus improving the results.

Table 1. List of ILs used in modern laboratory for drug analysis.

Cation Structure
Full Name

Abbreviations
Cations Anions

1-ethyl-3-methylimidazolium

hexafluorophosphate, tetrafluoroborate,
chloride,
bromide,
bis(trifluoromethylsulfonyl)imide, methyl
sulfate

[C2MIM][PF6],
[C2MIM][BF4],
[C2MIM][Cl],
[C2MIM][Br],

[C2MIM][Nf2T],
[C2MIM][CH3(SO4)]

1-butyl-3-methylimidazolium

hexafluorophosphate,
tetrafluoroborate,
chloride,
bromide,
bis(trifluoromethylsulfonyl)imide, nitrate,
methyl sulfate,
octyl sulfate, trifluoromethanesulfonate,
dimethyl phosphate,
hydroxide

[C4MIM][PF6],
[C4MIM][BF4],
[C4MIM][Cl],
[C4MIM][Br],

[C4MIM][Nf2T],
[C4MIM][NO3],

[C4MIM][CH3(SO4)],
[C4MIM][C8H17(SO4)],

[C4MIM][CF3SO4],
[C4MIM][DMP],
[C4MIM][OH]

1-hexyl-3-methylimidazolium

hexafluorophosphate, tetrafluoroborate,
chloride,
bromide,
bis(trifluoromethylsulfonyl)imide,
tris(pentafluoroethyl)trifluoro-phosphate

[C6MIM][PF6],
[C6MIM][BF4],
[C6MIM][Cl],
[C6MIM][Br],

[C6MIM][Nf2T],
[C6MIM][TFP]

1-octyl-3-methylimidazolium

hexafluorophosphate, tetrafluoroborate,
chloride,
bromide,
bis(trifluoromethylsulfonyl)imide

[C8MIM][PF6],
[C8MIM][BF4],
[C8MIM][Cl],
[C8MIM][Br],

[C8MIM][Nf2T]

methyltrioctylammonium tetrachloroferrate,
tetrachloromanganate(II)

[C8MAmm][FeCl4],
[C8MAmm][MnCl42−]

ethyl-dimethyl-propylammonium bis(trifluoromethylsulfonyl)imide [NEMMP][Nf2T]

1-butyl-3-methylammonium bis(trifluoromethylsulfonyl)imide [C4M3Amm][Nf2T]

1-butyl-1-methylpyrrolidinium
bis(trifluoromethylsulfonyl)imide,
tetracyanoborate,
tris(pentafluoroethyl)trifluoro-phosphate

[C4MPyrr][Nf2T],
[C4MPyrr][B(CN)4]

[C4MPyrr][TFP]

tetraethylammonium tetrafluoroborate [(C2H5)4N][BF4]

1-dodecyl-3-methylimidazolium chloride [C12MIM][Cl]

1-dodecyl-3-methylammonium chloride [C12MAmm][Cl]

1-vinyl-3-butylimidazolium chloride [ViC4MIM][Cl]
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Table 1. Cont.

Cation Structure
Full Name

Abbreviations
Cations Anions

1-allyl-3-ethylimidazolium bromide [AC2MIM][Br]

1,3-dimethylimidazolium methyl sulfate [MMIM]][CH3(SO4)]

1-(6-amino-hexyl)-1-
methylpyrrolidinium tris(pentafluoroethyl)trifluoro-phosphate [C6NH2MPyrr][TFP]

1-ethoxycarbonyl-methyl-1-
methyl-pyrrolidinium tris(pentafluoroethyl)trifluoro-phosphate [ECMMPyrr][TFP]

methoxyethyl-
dimethylethyl-ammonium tris(pentafluoroethyl)trifluoro-phosphate [MOEDEAmm][TFP]

1-methoxyethyl-3-
methylimidazolium tris(pentafluoroethyl)trifluoro-phosphate [MOEMIM]][TFP]

1-methoxyethyl-1-
methylmorpholinium tris(pentafluoroethyl)trifluorophosphate [MOEMMO][TFP]

1-methoxypropyl-1-
methylpiperidinum tris(pentafluoroethyl)trifluorophosphate [MOPMPP][TFP]

trihexyltetradecylphosphonium tetrachloromanganate(II), dicyanamide,
bis(trifluoromethanesulfonyl) imide

[P6,6,6,14
+]2[MnCl42−],

[P6,6,6,14
+][N(CN)2],

[P6,6,6,14
+][Nf2T]

tributyl(tetradecyl)phosphonium p-dodecylbenzenesulfonate [P4,4,4,14
+][DDBS])

tributyl(ethyl)phosphonium diethylphosphate [P2,4,4,4
+][(2O)2PO2]

The currently applied analytical methods use the structure and properties of ILs to create
polymeric connections with cyclodextrins (CDs) [63] or magnetic imprinted nanoparticles (MILs) [64].
In addition, polymeric ionic liquids (PILs) can also be synthesized by a co-polymerization process [65].
Their participation in the molecular imprinting technique used to develop sorbents of monolithic
columns has also been noted. Another, large subclass of ILs are chiral ionic liquids (CILs). Recent
scientific reports show that amino acids can be used for the synthesis of CILs. Their carboxyl or amine
functional groups determine the chiral nature and function in the structure (cation or anion). The use
of amino acids results from the trend of reducing toxicity and the use of natural compounds [66].
In addition, these “designer molecules” are also used as chiral selectors in aqueous two-phase systems
(ATPS) [67].

3. Sample Preparation

As it was earlier mentioned, the sample preparation procedure is still one of the most important
stages in the development of analytical methods. The variety of biological and environmental samples
makes them very complicated with regard to gathering all information about the sample preparation
stage. Both types of samples are complex analytical matrices, and the stage of their preparation for
analysis is multifactorial. It usually requires the performance of various operations and activities
both in situ and in the laboratory. Due to the very low concentrations in real samples, the extraction
method should have the highest possible recovery. In addition, the sample handling method largely
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depends on the chosen final determination technique. Knowing the chemical properties of the drug
(or drugs) sought in the analyzed matrix, makes it possible to properly select the organic solvents
in order to carry out a successful extraction from the sample, followed by purification, sometimes
by back extraction. Considering all these aspects, it is necessary to search for new directions in
sample pretreatment procedures. One of these is the use of ILs at the preparation stage of biological
and environmental samples to isolate the drugs potentially present in them, both with the use of
liquid-liquid based extraction and solid-phase based extraction procedures [68]. ILs are used as liquid
phases, extractors, intermediate solvents, mediators and desorption solvents [68–111]. Exemplary
applications of individual types of drug extraction from biological and environmental samples with
IL-modifications are presented in Table 2. These summarized data clearly indicate that despite the
determination of low pharmaceutical concentrations in both types of samples, IL-based extraction
procedures go in a different direction. If the matrix is biological fluid, the most common problem is the
distribution of peaks, selectivity, shape and of course performance. In turn, environmental samples
most often focus on the need to improve extraction efficiency [69,70]. Matrix influence, peak shape and
distribution are not the main reasons for using ILs in extraction. A difference also occurs in the volume
of the analyzed sample, being much larger for environmental samples [69]. This factor is especially
important during the formation of two phases with the participation of ILs, in which the proper volume
ratios (aqueous phase, organic phase, IL and others) are needed for the proper phase separation and
the subsequent separation [67,112–114]. In the publications presented below, it can also be seen that for
environmental samples, there was a much greater variety in the choice of extraction method, especially
in the area of dispersive liquid–liquid microextraction (DLLME). In the case of biological samples,
they were also extracted by DLLME, but the modifications were much smaller in number.

3.1. Liquid-Phase Based Extraction and Microextraction Procedures

3.1.1. Liquid-Liquid Extraction

LLE is the oldest method of extracting analytes. Unfortunately, despite the simplicity of
performance, the method has many disadvantages. It is a very time- and work-intensive process, and
the results depend on many additional factors, e.g., the physicochemical character of analytes,
the type of extraction solvents, the extraction time and the temperature, which in turn cause
reproducibility and repeatability problems. Furthermore, according to the current trend of designing
more environmentally-friendly analytical methods, the use of toxic organic solvents should be reduced.
As is well known, LLE does not meet this condition. In all probability, this was the reason why in
regard to drug quantification in biological and environmental samples, traditional LLE extraction
supported by IL modification was rarely considered. To the best of our knowledge, no reports have been
published for biological applications, while only one paper can be found in the field of environmental
investigations (Table 2).
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Environmental Samples

Kiszkiel et al. [68] were the only researchers who tested the ionic liquids [C4MIM][PF6] and
[C4MIM][Nf2T]) for LLE, showing their ability to selectively isolate nizatidine and ranitidine from
wastewater and river waters (Table 2). Based on preliminary studies, an IL with a different anion
was selected for each analyte. In the case of nizatidine extraction, [C4MIM][PF6] was used, while for
ranitidine—[C4MIM][Nf2T]. Their application allowed methanol consumption to be reduced (1.0 mL
for nizatidine and 1.5 mL for ranitidine). During optimization, the appropriate volume of IL was
selected and the impact of additional factors such as the effect and mixing time or pH was assessed.
The ultimately optimized and validated method allowed over 100% recovery, a wide range of linearity
and low LOD values to be obtained for both analytes. Thus, in this paper, the parameter values
confirmed that LLE using ILs allows satisfactory results to be achieved.

3.1.2. Dispersive Liquid-Liquid Microextraction and Modifications

ILs have more often been applied in new solutions based on liquid-phase microextraction (LPME),
and particularly in the increasingly used dispersive liquid-liquid microextraction method (DLLME),
introduced for the first time by Rezaee [69]. The most important elements of the most popular
microextraction methods are two solvents: extractant and disperser. After their quick injection into
the sample, the disperser solvent causes the dispersion of the extraction solvent in the form of fine
droplets. The large surface contact with the analyte helps in its adsorption. Then the two formed
immiscible layers can be easily separated from each other. The method has many advantages, above
all, lower consumption of organic solvents, a faster process and greater sample enrichment. Thus,
subsequently, positive properties introduced further modifications leading to even better results. As it
was mentioned above, one of them was the use of ILs.

Biological Samples

Cruz Vera and his colleagues [70] were among the first to use ILs in the DLLME of drugs
from biological samples. In one-step in-syringe extraction of non-steroidal anti-inflammatory drugs
(NSAIDs) from human urine, they used ILs as the extraction solvent and methanol as the disperser
solvent. During optimization, they took into account not only the extraction efficiency, but also the
enrichment factor and repeatability. Subsequent publications using IL-DLLME are modifications of
the matrices and pharmaceuticals (Table 2). However, several repetitive elements of the study can be
observed. First, the same group of molecules with the [PF6] anion and the imidazolium cation were most
often used to select the ionic liquid with the best results. Differences were related to the length of the
cation alkyl chain (1-butyl-3-methylimidazolium ([C4MIM]), 1-hexyl-3-methylimidazolium ([C6MIM])
and 1-octyl-3-methylimidazolium ([C8MIM])) [15,70–72,75–79,84,87–89]. Most often, ILs with a butyl
or octyl substituent were qualified for further testing. Probably, the reason for choosing the C4 alkyl
chain was the reduced viscosity and the resulting greater transfer of analytes to the IL (compared to C6
and C8) [15,70,71,76,78,80–82,87–90]. On the other hand, as the alkyl chain length increases, solubility
in aqueous solutions decreases, and the analyte availability increases. This seems to be the reason for
good results for [C8MIM][PF6] IL [72–75,79,83,84] (Figure 3).

However, it should be highlighted that despite the knowledge of the structure-properties, using
only one criterion when choosing an IL is impossible. Thus, there is also the opinion that the structures
of analytes should influence their choice. Moreover, the volume of ILs is an important factor. In many
studies, it has been confirmed that as the volume increases, the efficiency and enrichment factors
increase. However, the trend changes at some point and when the volume is too large, the results
decrease. Probably, a large volume of ILs reduces the concentration of the analytes. On the other hand,
if the volume is too small, the extraction and collection of the IL-analyte phase from the system is also
problematic [71]. Therefore, this parameter should also be estimated in each study.
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Figure 3. Effect of the kind of extraction solvents on ER of UPA and adsorption capacity. Extraction
conditions: sample volume, 10.0 mL; sample amount, 10.0 μg; pH, 8.0; ultrasonic temperature, 313 K;
ultrasonic time, 10 min; cooling temperature, 278 K; cooling time, 15 min; centrifugation time, 5 min.
The error bars were standard deviation. Figure adopted from the reference [75] with copyright permission.

Besides those mentioned above, scientists also tried to include in the study ILs consisting of
chloride ([Cl]), bromide ([Br]), [Nf2T] and methyl sulfate ([CH3(SO4)]) anions [78,80–82]. Only in one
publication was there an attempt to replace the imidazolium cation with 1-butyl-1-methyl-pyrrolidinium
([C4MPyrr]) and 1-butyl-3-methylammonium ([C4M3Amm]) [78]. An important factor presented in
the literature is the combination of ILs with organic solvents. Most often they are the dispenser solvent,
but they can also be the solvent in back extraction [15,70,74–79,83–86,89]. It is known that ILs are
highly viscous compounds. This property can hinder the chromatographic separation and detection of
compounds, so the use of acetonitrile, methanol or ethanol is necessary. In some extractions, organic
solvents are completely eliminated using instead sonication, controlled temperature, or intensive mixing.
Their application helps to disperse ILs and gives as good results as organic solvents [15,74,76–79,83–86].
Gong et al. [75], during the determination of ulipristal acetate, completely eliminated the organic
solvent as a dispersing agent. They used ultrasound energy without an organic solvent to disperse,
and obtained an extraction recovery over of 95%. The addition of inorganic salts is also used in many
works. The salting out process may affect the final results due to ionic strength and associated reactions
with H2O molecules [71,89,91]. The choice of pH is also important, the goal being to have analytes in
neutral form, because in ionic form there is less availability for ILs, and the final extraction efficiency
decreases [85]. As mentioned before, in addition to several constant elements, there are also several
variables, such as analytes and matrices. Studies usually extract drugs commonly used to treat humans
and animals, including antibiotics [81,82,86–88], antidepressants [78,79,83], benzodiazepines [15,76,77]
and NSAIDs [70,85]. The matrices are most often human urine, plasma and serum (Table 2). An extraction
method for a unique kind of matrix was developed by De Boeck and co-workers [15,76–78]. As the authors
of several articles related to the use of ILs in DLLME, they started from choosing the best extraction
and detection conditions for the determination of benzodiazepines, benzodiazepine-like hypnotics and
antidepressants in whole human blood by LC-MS/MS. Then they transferred the optimized conditions for
the analysis of postmortem blood samples. Both the matrix type and LC-MS/MS were first used in an
IL-based analytical method for determining pharmaceuticals. Drugs used in veterinary medicine were
determined in milk, eggs and the meat of pigs, cows, chickens and fish [87,88].

Environmental Samples

Similar to biological samples, two methods of the DLLME procedure can be observed: traditional,
using only an IL (extractant) and organic solvent (dispersant) [92,93] or modified, using additional
steps, such as ultrasound and others [94–103]. The traditional method was used by Yao et al. [92],
who, by performing analyses with different ILs, drew attention to the impact of the character of the
analyte on the final results. An IL with the [Nf2T] anion and basic properties allows higher efficiency
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extraction for acidic compounds, whereas for compounds containing tertiary amines, the [TFP] anion
was better. To further explain this phenomenon, the effect of surfactants on the results was also
investigated. The use of the popular sodium dodecyl sulfate (SDS) without a primary amine did
not improve the extraction efficiency, but after using a surfactant having such a moiety the result
improved significantly. DLLME without modification also allowed the determination of triclosan
and triclocarban by Zhoe et al. [93]. During optimization, [C6MIM][PF6] was chosen for the analysis
because of the higher solubility in water and worse efficiency of the [C4MIM] cation. The researchers
also noted that the addition of an inorganic salt (most often NaCl), which changes the ionic strength, is
responsible for two opposite effects. On the one hand, the addition of NaCl causes an increase in the
solubility of an IL in water, thus increasing the volume sedimentation phase and consequently, the
efficiency decreases, but on the other, there is an increase in analyte enrichment. Thus, the choice of
this additive is not obvious.

DLLME modifications in the extraction of environmental samples are much more common. One of
them is the use of ultrasound. Parrilla Vázquez and co-workers [97,98] focused on the optimization
of this stage. They highlighted that the sonification time (too long may cause degradation) and
sample cooling after the process have an impact on improving the results. Mao et al. [95] used
high energy ultra-sound instead of normal ultrasound. In all US-IL-DLLME methods, the ILs for
further analysis were selected from among the group with imidazolium cations and anions [PF6]
in their structure. The best results were always obtained for ILs with the highest hydrophobicity,
therefore the longest alkyl chain. Another modification was the inclusion of SDS in addition to the IL.
The surfactant aimed to improve performance by reducing the adhesion of the IL to the walls of the
tube. In addition, the novelty was heating the sample to 30 ◦C after the addition of the IL to completely
dissolve the IL and then cooling to form two phases [96]. Yu et al. [94] used MIL to extract various
compounds, including pharmaceuticals. They chose the best IL according to several criteria, such as
magnetic susceptibility, HPLC compatibility, hydrophobicity needed for phase separation, minimal
IL absorbance and minimal anion hydrolysis in the aqueous phase. These conditions were met by
[P6,6,6,14

+]2[MnCl4]. In order to achieve high efficiency, microwave energy was also used. However, its
use could both improve and worsen the results, depending on the volume. Too high a temperature
increases the contact of the IL with the aqueous phase and reduces the volume of the sedimentation
phase, in consequence reducing the efficiency. The paper also discussed the influence of the dispersant
on the final results. The choice of its volume is crucial as too large a volume causes an increase in
the solubility of the IL in water, while too small hinders the formation of two phases [100]. Aimed at
achieving environmentally-friendly procedures with the best results, methods using two ILs have also
been proposed. Toledo-Neira et al. [103] used both [C4MIM][BF4] and [C4MIM][PF6] to change the
polarity of the sample, and as an extractant, respectively. However, this work also uses an organic
solvent as a dispersant. In another article with two ILs, one hydrophilic IL was used to disperse the
other hydrophobic IL. Finally, only 50 μL of MeOH was used in the method to dissolve the sample
prior to HPLC injection, thus the organic solvents were almost completely eliminated [102]. The last
method of modification in the context of environmental samples was to combine DLLME with SPE.
However the IL, as previously, was only applied as the extractant in DLLME. Among the tested ILs,
the best result was obtained with [C6MIM][TFP] regarding the highest hydrophobicity, which was a
constant trend in similar papers [101].

3.1.3. Other Liquid-Phase Extraction

Biological Samples

Good research results have encouraged researchers to further modify their extractions with
ILs (Table 2). In 2015, doxepin and perphenazine were extracted according to a new procedure:
ionic liquid-based surfactant emulsified microextraction accelerated by ultrasound radiation
(IL-SE-UE-ME) [104]. Together with ultrasound applied to the surfactant, this led to the creation

240



Molecules 2020, 25, 286

of an emulsion with the participation of ILs. The following year, Liu and co-workers [105] determined
sulfonamides and used two ILs for extraction. They were the first to add [C4MIM][PF6] together with an
inorganic salt, and after forming the precipitate, they added [C6MIM][PF6]. As a result, the analytes could
be combined with the ionic liquid. Another equally effective extraction method is ionic liquid-based
dynamic liquid-phase microextraction (dLPME). The method, for the extraction of phenothiazine and
NSAID derivatives using the high density and viscosity of ILs, was developed by Cruz Vera [91,106].
The sample passes through the ionic liquid placed in a Pasteur pipette and the analytes are separated
from the matrix. High viscosity is both an advantage and a limitation here as to perform the extraction it
is necessary to reduce its value, therefore the addition of an organic solvent is also used.

Environmental Samples

In some publications, liquid-phase extraction procedures are very similar to DLLME procedures.
One such procedure was proposed by Chatzimitakos et al. [64]. They used the potential of MIL
[C8MAmm][FeCl] to determine many analytes (including ibuprofen and diclofenac). The authors
defined their novel method as stirring-assisted drop breakup microextraction (SADBME). Thus, the
IL dispersion element was defined as drop breakup. Although the authors focused on the method
itself, they showed that the application of MIL allows for the simplicity of extraction. Due to magnetic
property, the separation of the IL-phase was possible by applying an external magnetic field. A similarity
to DLLME can also be seen in synergistic centrifugal assisted ionic liquid assisted microextraction
(ILSVA-SME). Faster formation of microemulsion (dispersion) with the IL and the surfactant used is
achieved by vortex-assisted extraction. The method, as in other cases, allows for better efficiency of
results [107]. Song et al. [108] also proposed a similar method of extraction to the above-described
DLLME. They used a solid IL to extract sulfonamides and then they dissolved them by microwave
energy namely microwave-assisted liquid-liquid microextraction (MA-LLME-SIL), and then cooled
them again and dissolved them in acetonitrile. However, as the authors highlighted, this is a
different method to DLLME, because a solid IL was used and an organic solvent was not necessary.
The dispersion step is present here by shaking the molten IL sample. Thus, they do not define it as
DLLME. In search of the best results, only one type of liquid was used, and its appropriate volume,
duration of use and microwave power were chosen. Inorganic salt was also added but, as opposed to
other works, it was not NaCl, but Na2SO4.

Another approach to minimize the amount of organic solvents was the modification and adaptation
of LPME methods to determine analytes. The first work described the use of ILs in three-phase hollow
fiber supported liquid-phase microextraction (HF-LPME). The procedure was based on the transfer of
analytes from the donor phase to the acceptor phase through a membrane with an IL placed in the
pores. Due to the good solubility of sulfonamides in water, their transfer based on passive diffusion
can be difficult. For this purpose, the combination of an IL with tri-n-octylphosphine oxide (TOPO)
was used to create a semi-liquid membrane and facilitate the transfer of the analyte to the acceptor
phase. During optimization, the IL was compared with n-undecane and dihexyl ether (DHE). The IL,
as the most polar compound, allowed the highest efficiency [109]. The second work describing the
modification of LPME was related to the addition of an IL to the acceptor phase (IL/n-octanol) in
membrane bag-assisted-liquid-phase microextraction ((MBA)-LPME). The extraction set was prepared
by the author (a detailed description can be found in the original publication) [110]. The effect of
using an IL was an increase in efficiency. Among the tested ILs, the results improved only after using
[C6MIM][TFP], which was explained by high hydrophobicity. Therefore, it should be noted that ILs,
which are most relevant in DLLME, were not suitable for LPME-modification.

Extraction based on membranes was also proposed by Hanapi et al. [111] using an agarose
membrane impregnated with an ionic liquid for electroconvulsive membrane extraction (IL-AF-μ-EME).
An IL was used in both the membrane and the acceptor phase. During optimization, [C6MIM][PF6]
and [C8MIM][PF6] were used. The cation with a hexyl substituent allowed for better performance.
According to the authors, this is due to lower hydrophobicity, and therefore better solubility and
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conductivity. In addition to the type and the volume of the IL in the acceptor phase, other conditions
(pH, ionic strength, mixing speed) were also optimized in experiments. The method was a fast process
allowing for satisfactory validation parameters.

In one publication, ionic liquid-based immersed droplet microextraction (IL-IDME) was also used.
Analytes, after transfer to IL droplets and in combination with a MeOH/ACN mixture, were analyzed
by HPLC. Only one type of IL was used in the study, determining its optimal volume for analysis.
During the optimization of other parameters, as in other papers, attention was paid to the effect of pH.
Due to the determination of basic compounds, the samples were adjusted to an alkaline pH because
analytes show greater affinity for ILs when in a non-ionized form [16].

3.1.4. Aqueous Two-Phase System

Biological Samples

In addition to DLLME extraction, ILs are also used in aqueous two-phase systems (ATPs) [67,112].
These consist of two immiscible water phases enriched with two different substances which affect
their physical and chemical properties. These could be polymers, inorganic salts or surfactants.
Unfortunately, there are also disadvantages in this process, such as interaction with analytes. Therefore,
in searching for new solutions, it was decided to use the potential of ILs here. As in DLLME, ILs
retain analytes in one of the phases and help in their separation. The group of tested ILs also remains
constant (an imidazolium cation with a different alkyl chain length and a hexafluorophosphate anion);
however, the selection criteria change. What is most important is the ability to separate the two
phases. Shao et al. [112] chose [C4MIM][PF6] for further experiments. They also tested an IL with
a 1-ethyl-3-methylimidazolium ([C2MIM]) cation but then two phases were not formed. In longer
alkyl chains, viscosity increased and analyte transfer decreased. In another publication with ATPs
extraction, [C6MIM][PF6] was selected, the butyl substituent was too low in polarity and did not form
separate phases with the SDS used, while an IL with C8 did not form a stable system. In addition,
Yu et al. [67] checked how pH, IL volume, extraction time and the addition of inorganic salt affect
ATPs. The results showed that all of the above factors are responsible for the total extraction effect.
An increase in the volume of the IL caused an increase in the number of oil drops in the phase, the
K2HPO4 used improved stability, while a change in pH and extraction time determined the final result
of the efficiency. As we can also see, in this type of extraction the choice of IL is ambiguous and requires
experimental testing. In addition, it is also important to choose a second substance that can determine
the availability of analytes for the IL and the presence of two separate phases.

Environmental Samples

ATPs, which was described in the extraction of biological fluids, can also be used for environmental
samples. Another form of ATPs, referred to as ionic liquid/salt aqueous two-phase flotation (IL-ATPF),
was used to isolate chloramphenicol by Han et al. [113] (the solvent sublation apparatus was shown in
the original work). The mechanism is based on the transfer of analytes into the IL droplets present
in the upper surface phase of the system. As in other ATPs methods, the addition of inorganic
salt was necessary and the best results were obtained through K2HPO4. The most appropriate
IL was selected from three types: ([C4MIM][Cl], [C8MIM][Cl], [C4MIM][BF4]). [C4MIM][Cl] was
used in further analyses, because of the lowest viscosity and surface tension, which is crucial when
analytes must be absorbed by the IL droplets. The particular novelty was also the use of MIL in this
type of extraction (1,1,3,3-tetramethylguanidine and 2,2,6,6-tetramethylpiperidine 1-oxyl free radical
[TMG][TEMPO-OSO3]). The common effect of MIL is to obtain a rapid extraction by easily collecting
the IL-analyte complex with the help of an external magnesium field. The formation of MILATP
requires the addition of inorganic salt (as already mentioned in paragraph 3.1.1). In this experiment,
after the optimization and interpretation of results, the best addition was K3PO4. The choice of
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temperature was also important, as too high could cause an increase in the solubility of the IL in water,
so finally room temperature was chosen [114].

3.2. Sorbent-Based Extraction Procedures

3.2.1. Solid-Phase Extraction

Solid-phase extraction (SPE) is a well-known sample pretreatment technique which ensures the
simultaneous enrichment and purification of analytes [115]. In this technique, the compounds of
interest and matrix interferences can be differentially desorbed from the SPE sorbent when water, an
organic solvent or a mixture of organic solvent with water or salt solution are used as washing/eluting
agents. It allows the analytes to be effectively extracted from the sample and the matrix interferences
removed. In this extraction procedure, smaller amounts of organic solvent are required, and the risk of
the formation of emulsions is decreased compared to LLE-based procedures. In effect, SPE is considered
as a more environmentally-friendly method which is able to offer high analyte recoveries. Additionally,
the SPE process is rapid and can be easily automated as an off-line SPE or on-line SPE system where
direct coupling to chromatographic or electrophoretic separation systems is applied. In on-line SPE,
a higher throughput and a more effective reduction of sample contamination or degradation can be
obtained, while human exposure to potentially hazardous samples is decreased. On the other hand, the
preconcentration and purification of the analytes in SPE may sometimes be ineffective because of the
limited selectivity of conventional solid sorbents (e.g., modified silica-based sorbents). For this reason,
new SPE materials are systematically developed and introduced to improve selectivity, including
molecularly imprinted polymers (MIPs) as well as IL-based sorbents. In most investigations, ILs are
immobilized by the covalent attachment of the imidazole group to the silica surface or polymeric
support. These IL-based sorbents are considered to be interesting alternatives in SPE for different
groups of pharmaceuticals from biological and environmental samples.

Biological Samples

Pang et al. [116] fabricated a polymer monolith column with 1-vinyl-3-hexylimidazolium
bromide ([ViC6MIM][Br]) IL which was used for the on-line SPE isolation of betamethasone,
norgestrel, halcinonide, beclomethasone dipropionate and testosterone propionate from human
plasma. The developed SPE-HPLC-UV method offered the effective extraction of the analytes
(93–105%), which allowed the target compounds to be quantified with LODs of 1–2 ng/mL. In a
study by Liu et al. [117] a poly(ionic liquid-glycidylmethacrylate-coethyleneglycol dimethacrylate)
(IL-GMA-co-EDMA) monolithic column with 1-vinyl-3-butylimidazolium chloride ([ViC4MIM][Cl])
was synthesized and applied as an SPE sorbent in the on-line SPE-HPLC-UV method for the
determination of nifedipine, nitrendipine and felodipine in human plasma samples. The best extraction
of the analytes and purification of the matrix sample was obtained when a methanol/water mixture was
used as the eluting agent. It allowed the three antihypertensive drugs in human plasma samples to be
determined with LODs of 2–3 ng/mL. Ferreira et al. [118] used 1-vinyl imidazole and 1,4-butane-sultane
to create a silica-anchored IL-based material which was applied as a sorbent in an SPE system coupled
online with HPLC-MS/MS for the quantification of the antibiotic ceftiofur in bovine milk samples.
The extraction efficiency ranged from 70 to 130%, and the LOD was 0.1 μg/L. A sol–gel synthesis of three
hybrid materials containing [C4MIM][PF6], [C6MIM][PF6] and [C8MIM][PF6], attached by covalent
bonds, was published by da Silva and Mauro Lanças [119]. These IL-based hybrid materials were
applied as the sorbents in off-line SPE for the isolation of five sulfonamides and trimethoprim from
bovine milk samples. The results indicated that the extraction efficiency of the analytes systematically
decreased when the alkyl chain of the IL increased from C4 to C8. This was probably caused by the
reduction of the electron density and the steric hindrance from the methyl group on the three-substituent
site of imidazole rings, which weakened the π–π interaction between the electron-rich benzene ring of
the target compounds and the imidazole rings of the used ILs. The best efficiency was offered by an IL
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(C4)-based sorbent which was applied for the isolation and preconcentration of sulfonamide in bovine
milk by the on-line SPE-HPLC-MS method. The LODs for the method developed were in the range of
1.5–2.25 μg/mL, with extraction recoveries from 74 to 93%. Yan et al. [120] developed modified dummy
molecularly imprinted microspheres (DMIMs) based on [AC2MIM][Br] as the co-functional monomer
and phenylephrine as the dummy template. These DMIMs were used as the SPE sorbent for the
isolation of clenbuterol and clorprenaline from urine samples. The obtained results confirmed that they
were able to more effectively extract the analytes and remove the matrix interferences than with other
tested commercial sorbents such as HLB, PCX, C18 and SCX. For the DMIMs, the extraction efficiency
ranged from 93.3 to 106%. The developed DMIMs-SPE-HPLC method allowed the analytes to be
quantified with LODs of 0.19 and 0.070 μg/L for clorprenaline and clenbuterol, respectively. Ma and
Row [1] synthesized a molecularly imprinted monolithic column using levofloxacin and ciprofloxacin
as templates, 1-vinyl-3-ethylimidazolium bromide ([ViC2MIM][Br] as the functional monomer, and
graphene oxide (GO) as the core material. When the efficiency of the IL-based imprinted monolithic
column was tested as the SPE sorbent for the extraction of levofloxacin and ciprofloxacin from human
urine, the best results were achieved using water as the washing agent, and a mixture of ethanol/acetic
acid (7:3 v/v) for the elution of the analytes. The main advantages of the developed SPE protocol were
the effective purification of the matrix sample, and the good extraction recovery of the analytes (89.5%
and 92.5% for levofloxacin and ciprofloxacin, respectively). However, relatively low sensitivity of the
developed SPE-HPLC-UV method was also observed (LODs from 0.06 to 0.27 μg/mL). Wu et al. [121]
used an SPE procedure based on hemimicelles and admicelles (mixed hemimicelles) supported by an
IL for the simultaneous extraction of five cephalosporins from biological samples. In this technique, the
sorbent possesses adsorbed ionic surfactants on the surface of mineral oxides (e.g., SDS or IL) which
enables two mechanisms to occur for the retention of the analytes—hydrophobic and electrostatic
interactions. In effect, the extraction efficiency can be improved. The authors tested seven different
surfactants, such as SDS, cetyltrimethylammonium bromide (CTAB), [ViC6MIM][Br], [C4MIM][Br],
[C12MIM][PF6], [C16MIM][Br] and [C12MIM][Br]. The best recoveries were obtained for the long-chain
IL [C16MIM][Br], which confirms data presented in (Figure 4).

The imidazolium-based IL with a longer alkyl side chain was probably able to strengthen the
directionality of hydrogen bonds and van der Waals forces. In consequence, the interactions between
the mixed hemimicelles and the hydrophobic regions of target compounds were more intensive and the
efficiency increased. Taghvimi et al. [122] prepared mixed hemimicelle magnetic dispersive solid-phase
extraction (MHMDSPE) based on carbon-coated magnetic nanoparticles and supported by the IL
(IL-C/MNPs) for the extraction of tramadol from urine samples. In this study, MHMDSPE conditions
were optimized, including both the selection of the adsorbent type and the solvent used as a desorbing
agent. The results indicated that the IL-C/MNPs with [C6MIM][PF6] was more effective than that based
on Fe3O4 NPs.

 
Figure 4. Comparison of the types of surfactants on the extraction efficiency of cefoperazone and
cefotaxime. Figure adopted from the reference [121] with copyright permission.

This was probably related to the presence of carboxyl and hydroxyl groups on the surface of
IL-C/MNPs, which improved the dispersion of the magnetic nano-adsorbent in the urine medium.
In effect, stronger interactions between the analyte and the magnetic nano-adsorbent occurred, which
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improved the extraction efficiency. The best desorbing solvent was acetone, which allowed a recovery
of 94% to be obtained. Yan et al. [123] prepared IL-modified magnetic polymer microspheres (ILMPM)
based on Fe3O4 NPs and [C4MIM][PF6] used as a magnetic adsorbent of MDSPE for the determination
of sulfamonomethoxine sodium and sulfachloropyrazine sodium in urine samples. The developed
ILMPM-SPE sorbent provided a higher purification ability and extraction recovery of the tested analytes
compared with magnetic polymers based on using 4-vinyl pyridine, methacrylic acid and acrylamide
as monomers. A report was also published describing matrix solid-phase dispersion coupled with
homogeneous ionic liquid microextraction (MSPE-HILME) applied for the extraction of sulfamerazine,
sulfathiazole, sulfamethazine, sulfadoxine, sulfachloropyridazine, sulfaphenazole and sulfisoxazole
from animal tissues [124]. In the study, three kinds of hydrophilic ILs, including [C4MIM][BF4],
[C6MIM][BF4], and [C8MIM][BF4] were tested in MSPD and HILME simultaneously. The results
confirmed that higher extraction recoveries of the analytes were obtained with the C4 IL than those
observed with C6 and C8 ILs. This was related to the significant loss of C6 and C8 ILs in MSPD, which
resulted in a small volume of the IL phase and low extraction yields of the target analytes. Compared
to C6 and C8 ILs, the C4 IL possesses higher water miscibility and lower viscosity, which facilitates the
transfer of target analytes from the sample matrix to the extraction solvent. In this study, this effect was
predominant in respect to the extraction capacity of the IL, which often increases with the increase in
the alkyl chain length of the IL [125]. Finally, water was selected as the elution solvent in MSPD because
of the more effective extraction of sulfonamides, which are water-soluble polar compounds. In this
procedure, the C4 IL was mixed with the dispersant and the sample before introduction to the MSPD
column, and the IL phase was collected after HILM. When the MSPD-HILME method was coupled to
HPLC-UV, the recoveries of the sulfonamides ranged from 85.4 to 118.0%. The LODs for the analytes
were 4.3–13.4 g/kg. The application of magnetic core-shell nanoparticles (mag-NPs) of SiO2@Fe3O4

type, covalently modified with the IL (dimethyl octadecyl [3-(trimethoxysilyl propyl)]ammonium
chloride) as the MSPE material for the extraction of tolmetin, indometacin and naproxen from blood
samples was also described in the literature [126]. The synthesized mag-NPs were applied as the
adsorbent in MSPE according to the protocol presented in Figure 5.

 

Figure 5. Schematic illustration of extraction procedure for tolmetin (TOL), indomethacin (IND) and
naproxen (NAP) from blood samples. Figure adopted from the reference [126] with copyright permission.

The results of the study showed that the IL addition provided a more effective extraction of the
NSAIDs probably due to an increase in both hydrophobic and π-π dipole or electrostatic interactions
between the adsorbent surface and the analytes. On the other hand, the adsorption of the cationic
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molecules onto the sorbent was limited because of the repulsion interaction with the adsorbent
surface. In consequence, a better purification of the sample was also achieved. The optimized MSPE
was coupled to HPLC-UV and used alone or after supercritical fluid extraction (SFE) before HPLC
separation. These protocols resulted in LODs between 0.1 and 0.3 μg/L for MSPE-HPLC and 0.2 to
0.3 mg/kg for SFE-MSPE-HPLC, respectively.

Environmental Samples

Fontanals et al. [127] synthesized and applied crosslinked polymer-supported imidazolium
trifluoroacetate salt [MI+][CF3COO−] as the SPE sorbent for the extraction of salicylic acid,
carbamazepine, nalidixic acid, flumequine, gemfibrozil and four NSAIDs from aqueous samples. In the
study, the developed IL-sorbent was tested under weak anion exchange (WAX), strong anion exchange
(SAX) and strong cation exchange (SCX) as well as reversed-phase (RP) SPE conditions. The best
purification and extraction results of acidic pharmaceuticals from different water samples (ultrapure,
tap, river water and effluent wastewater) were obtained when the IL-based SAX material was applied.
In the next study, two new imidazolium supported IL phases possessing different anions such as
[CF3(SO3)] and [BF4], were synthesized and applied as SPE-SAX sorbents for the isolation of acidic
pharmaceuticals from water samples [128]. The obtained data indicated that [MI+][CF3(SO3)] and the
previously developed [MI+][CF3COO−]-SAX sorbent gave comparable results, whereas [MI+][BF4] was
not able to effectively extract and purify the acidic pharmaceuticals from environmental samples. On the
other hand, the application of [MI+][CF3(SO3)] allowed only comparable efficiency to be obtained and
calculated after using the commercially available Oasis MAX column, whereas [MI+][CF3COO−] was
slightly more effective. Hydrophilic ciprofloxacin molecularly imprinted polymer material containing
1-allyl-3-vinylimidazole chloride ([AViMIM][Cl]) IL and 2-hydroxyethyl methacrylate as a bifunctional
monomer was synthesized by Zhu and co-workers [129]. This MIP material was able to create strong
hydrogen bonds, and electrostatic and π-π dipole interactions with ciprofloxacin in an aqueous solution.
It offered excellent molecular recognition for common quinolone antibiotics (ciprofloxacin, levofloxacin
and pefloxacin mesylate) in aqueous matrices as well as the selective isolation and separation of trace
amounts of ciprofloxacin in real water, soil and pork samples, with recoveries of 87.3–102.5%.

3.2.2. Solid-Phase Microextraction

Solid-phase microextraction (SPME), developed by Pawliszyn and his co-workers in the 1990s [130],
is a fast, solvent less-extraction technique for the sampling, cleaning-up and pre-concentration of
analytes, which also offers the introduction of the sample to chromatography in a single solvent-free
step. The SPME sorbents can be applied in both the headspace mode and the immersion mode.
The simplicity of the SPME technique and other advantages, such as high selectivity and effective
purification, the relatively low cost of equipment and the possibility of automation, mean that SPME is
a powerful tool for the extraction of a wide range of compounds from different matrices. Moreover, new
sorbents for SPME based on ILs are also synthesized. Several publications have described the results
of their application for improving the extraction efficiency of different groups of pharmaceuticals from
biological and environmental samples.

Biological Samples

A paper can be found in the literature describing the use of SiO2@Fe3O4 functionalized with
[C4MIM][PF6] IL for the microextraction of four β-blockers (propranolol, metoprolol, atenolol and
alprenolol) from human plasma [131]. In the study, two types of hydrophobic ILs, ([C4MIM][PF6]
and [C8MIM][PF6]), were tested. The results show that [C4MIM][PF6] offered an extraction efficiency
of 75 to 91%, while for [C8MIM][PF6] these values were significantly lower (about 40%). This can
be explained by the higher hydrophobicity of the long-chain IL, which leads to poor dispersion in
the aqueous sample. Moreover, [C8MIM][PF6] cannot be completely recovered by MNP, which can
additionally decrease the extraction efficiency [132]. In the developed sample preparation procedure,
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an effervescent powder composed of sodium dihydrogen phosphate and sodium bicarbonate was
also applied for the enhancement of the interaction between the magnetic sorbent and the analytes.
When this protocol was coupled with LC-MS/MS, the developed method for the analysis of β-blockers
in human plasma was able to monitor the compounds of interest with LODs from 0.03 to 0.62 ng/mL.

Environmental Samples

Serrano et al. [133] published the synthesis of GO functionalized with covalently attached
1-butyl-3-aminopropyl imidazolium chloride IL to GO sheets, and its application as an adsorbent for
the dispersive micro SPE of six β-blockers and four anabolic steroids from aqueous samples prior to
HPLC separation. It was observed that hydrophobic attraction between the compounds and the GO-IL
was the predominant adsorption mechanism of steroids, while for β-blockers, their interactions with
the adsorbent were more complicated. For them, both hydrophobic and electrostatic interactions can
occur as well as the existence of interactions of electron-donor-acceptor type, which are dependent on
the pH used in the extraction process. These mechanisms were more intense on the GO-IL sorbent,
which was confirmed by the recovery results for the analytes (87–98%), which were found to be
significantly higher than those observed with GO alone and graphene. Yu et al. [65] prepared six
neat crosslinked polymeric ionic liquid (PIL) sorbent coatings for the SPME of selected phenolics,
insecticides and pharmaceuticals, including phenacetin, ketoprofen, fenoprofen calcium, diclofenac
sodium and ibuprofen, from environmental water samples (tap water and lake water). These PIL
sorbents were prepared using various IL monomers such as 1-vinylbenzyl-3-hexadecyl-imidazolium
chloride ([ViBC16IM][Cl]), 1-vinylbenzyl-3-hexadecylimidazolium bis[(trifluoro-methyl)sulfonyl]imide
([ViBC16IM][Nf2T]), 1-vinyl-3-(2-hydroxyethyl)imidazolium bromide ([ViC2OHIM][Br]), 1-vinyl-3-(10-
hydroxydecyl)imidazolium chloride ([ViC10OHIM][Cl]), 1-vinyl-3-(10-hydroxydecyl)imidazolium
bis[(trifluoromethyl)sulfonyl]imide ([ViC10OHIM][Nf2T]), 1-vinyl-3-(9-carboxynonyl) imidazolium
bromide ([ViC9COOHIM][Br]), and crosslinkers like 1,12-di(3-vinyl-benzylimidazolium) dodecane
dichloride [(ViBIM)2C12]2[Cl]), and 1,12-di(3-vinylbenzyl imidazolium)dodecane dibis[(trifluoromethyl)
sulfonyl]imide ([(ViBIM)2C12]2[Nf2T]). Next, they were tested in different experimental SPME
conditions. The results indicated that all the developed PIL sorbent coatings were stable when the
extraction was carried out under an acidic pH using various organic desorption solvents (e.g., methanol,
acetonitrile, acetone). However, the best extraction results were obtained using the PIL-based sorbent
coating polymerized from the IL monomer [VC10OHIM][Cl] and the IL crosslinker [(VBIM)2C12]2[Cl].
The extraction efficiencies of pharmaceutical drugs and phenolics were higher when the film thickness
of the PIL-based sorbent coating increased from 23 μm to 89 μm, whereas these values were largely
unaffected for insecticides. This analysis allowed LODs to be obtained ranging from 0.2 to 2 g/L
for the target compounds. A report presenting the synthesis of four different crosslinked PIL-based
sorbent coatings by UV polymerization onto nitinol wires was also published in the literature [134].
These PIL coatings possessed either vinylbenzyl or vinyl alkyl imidazolium-based (ViBCnIM- or
ViCnIM-) IL monomers with different types of anions, and various dicationic IL crosslinkers. They were
used in a direct-immersion solid-phase microextraction (DI-SPME) method for the extraction of a
group of polar analytes and non-polar analytes (10 different compounds), including gemfibrozil and
carbamazepine. Two studied fibers, such as the polymers PIL–1a from the IL monomer [ViBC16IM–Nf2T]
and IL crosslinker [(ViBIM)2C12–2Nf2T], and PIL–2 based on the IL monomer [ViC16IM–Nf2T] and IL
crosslinker [(ViIM)2C12–2Nf2T] were used for the extraction of the analytes from real tap and river
water samples. The results confirmed that these PIL-based fibers offered reproducible and effective
extraction of most of the tested analytes from real samples. The extraction can be carried out many
times (up to 100 extraction-desorption steps), and at low pH values.

3.3. Stir Bar Sorptive Extraction

In recent years, a sample preparation procedure based on stir bar sorptive extraction (SBSE)
has been developed for the extraction of compounds occurring in matrices at trace levels. It should
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be noted that the extraction mechanism and the benefits of SBSE are identical to SPME. However,
the enrichment factor obtained in SBSE can be significantly higher compared to SPME (∼100 times).
In SBSE, a glass tube with a magnetic core, coated with a layer of special polydimethylsiloxane (PDMS)
tubing is applied to stir aqueous samples. After a certain time, the molecules captured on the bars
can be desorbed either thermally for GC or into a solvent for LC. One drawback of SBSE is the low
availability of different types of coatings. It should be noted that PDMS, mainly in SBSE, possesses a
high affinity to extract non-polar compounds, while polar ones are poorly isolated. To overcome this
limitation, new polymeric coatings are introduced, including poly (methyl methacrylate/ ethyleneglycol
dimethacrylate) (PA-EG), and IL-based sorbents in order to improve the extraction efficiency of more
polar compounds. Another problem of SBSE is the presence of the memory effect (carryover) during
the desorption step using an organic solvent. According to the literature data, Talebpour et al. [135],
in a comparative study, reported the application of a PA-EG polymeric phase and PDMS-coated stir
bar supported by an IL for the extraction of carvedilol in human serum samples. In this investigation,
[C8MIM][BF4] IL was tested as a modifier in the desorption solvent (methanol) for checking whether
better extraction efficiency and the elimination of carryover can be obtained. The results confirmed
that carvedilol has a better affinity for the PA-EG phase than for PDMS. Moreover, the addition of
[C8MIM][BF4] at a concentration of 0.1 M to methanol significantly increased the recovery of carvedilol.
Additionally, no carryover effect was observed, whereas it was detected when methanol was used
without the IL (about 11% of the initial desorption step). Unfortunately, to the best of our knowledge,
no report describing the use of IL-based sorbents for the SBSE extraction of pharmaceuticals from
environmental samples has been published.

3.4. PASsive Sampling with Ionic Liquids

Extractions described so far can be classified as extractions with active sampling, because additional
mechanisms, such as pressure and so on, are used for the flow of samples through the sorbent. However,
the isolation of analytes is also possible in another way. Extraction using passive samplers can be
used for the long-term monitoring of pharmaceuticals [136]. A significant difference in this method
compared to procedures traditionally used in laboratories is the ability to estimate the time-weighted
average concentration (TWAC) of analytes in ecosystems. Currently, the most popular Polar Organic
Chemical Integrative Sampler (POCIS) techniques have been enriched with the new PASsive Sampling
with Ionic Liquids (PASSIL) technique, developed by a team of scientists from the University of Gdansk.
To carry this out, a dosimeter consisting of two disks and a membrane covered with the acceptor phase
is necessary. Various ILs or their combinations with other sorbents are used as the acceptor, here.

Caban et al. [137] compared the results of the isolation of analytes (diclofenac, carbamazepine and
two sulfonamide antibiotics) using dosimeters in which the membrane was covered only with an IL or
a combination of IL and colloidal silica obtained from C18 SPE extraction columns. In the experiment,
they tested four ILs using not only the popular imidazolium cation but also the phosphonium cation
([C6MIM][Tf2N], [P6,6,6,14

+][N(CN)2], [P4,4,4,14
+][DDBS], and [P2,4,4,4

+][(2O)2PO2]). The most important
and desirable property of such sorbents was water insolubility. The content of the IL transferred into
the donor phase was determined by testing the pH, conductivity and recovery of the phase. In order
to select the best extraction conditions, the extraction efficiencies were calculated for all experiments.
The results confirmed that when the IL alone was applied (independent of the type of IL), it did not
improve the efficiency, and sometimes lower extraction parameters were calculated than those using
traditional C18 sorbents (carbamazepine). In contrast, by using the combination of the IL and C18,
the efficiency increased, the acceptor phase stability was improved and less IL consumption was
possible. The developed method was used to extract analytes from saline water. The use of the matrix,
which caused changes in the properties of the IL and analytes due to pH modifications, proved that the
final result is a consequence of many components, not only choosing the right sorbent at the stage of
method optimization. The same effects were observed in the study using a similar procedure to assess
the effect of pH and salinity on the extraction efficiency of β-blockers, NSAIDs and sulfonamides using
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the PASSIL technique. It was interesting that the results for samples taken from the donor phase by a
dosimeter with the same IL were different depending on the analyte. The extraction of β-blockers was
impossible when an IL was used as the sorbent, even after changing the pH. In contrast, for NSAIDs
and sulfonamides, the extraction efficiency improved after the appropriate pH modification (Figure 6).

 

Figure 6. Dependency between sampling rate (Rs) values and the salinity of the donor solution for
selected sulfonamides and NSAIDs (the pKa values of target compounds are specified by the black
dots). Figure adopted from the reference [138] with copyright permission.

The authors suggest that this situation results from the presence of β-blockers in a neutral or
cationic form in the solution which cannot be adsorbed on the membrane surface to large [P6,6,6,14

+]IL
cations. In turn, the increase in salinity caused a decrease in the efficiency of analyte extraction due to
their competition with the ions of salts present in saline water [138]. Męczykowska et al. [139] also
assessed the effect of humic acids, temperature and mixing on the final extraction results of various
pharmaceuticals using the PASSIL technique. The results indicated that each of these parameters can
decide on the final results. Moreover, the importance was emphasized of polarity or hydrophobic
properties as factors affecting these parameters.

4. Chromatographic Techniques

4.1. High Performance Liquid Chromatography

4.1.1. IL Additives to the Mobile Phase

Liquid chromatography is the most commonly used technique for determining pharmaceuticals.
Most of them are basic and their separation takes place in a reversed-phase using a silica-based
column [140–142]. Unfortunately, this involves several serious problems during the analysis.
The literature data indicate the main reason to be the presence of free silanol groups, which are
negatively charged and can interact with positively charged basic analytes in an ion exchange reaction.
Based on experimental research, it can be observed that this is often associated with problems with the
resolution and shape of chromatographic peaks or a high retention factor. To prevent or minimize these
deleterious effects, a mobile phase is used with additives for blocking free silanols [140]. The most
popular additives are various types of amines, such as triethylamine (TEA), dimethyl-octylamine
(DMOA) or buffers. The first researchers who noticed that ILs may also have suppressing properties
against silanol groups were Kaliszan et al. [143]. In 2005 they published a paper in which they
used an additive IL to the mobile phase in drug detection by thin layer chromatography (TLC)
and reversed-phase liquid chromatography (RPLC) techniques. Since then, new publications have
appeared systematically on similar topics (Table 3). However, considering the topic of ILs in drug
determination, it should be highlighted that these works mainly focus on explaining the function of
ILs in the suppression process and the drugs are less important as analytes. In addition, only a few
works use biological [140,141,144–146] or environmental [142] samples as the matrices; in one, tablets
were analyzed [147], but most often they were aqueous solutions [6,143,147–154].
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Focusing on the addition of an IL to the mobile phase in LC, it should be noted that the interpretation
of the results requires consideration of the influence of both the IL anion and cation. Although the use
of the term IL suggests that one large molecule is responsible for the effect, it should be remembered
that in the mobile phase the IL dissociates into both the cation and anion, so their combined effect
determines the final results. It should also be highlighted that despite the involvement of other physical
and chemical factors in the separation process, the largest changes in the chromatogram can be seen
when using different kinds of ILs [142]. Their basic mechanism during pharmaceutical analysis is
the reaction of IL cations with free silanol groups, the repulsion of IL cations with cations of basic
analytes, as well as the reaction of IL anions with cations of analytes [149]. Depending on their type,
the mechanism may be a little different than described. The choice of cation, as in the case of extraction
(see the Section 3.2) focuses on the selection of an appropriate imidazolium cation with a different alkyl
chain length. In one work, the analysis of the imidazolium cation with two methyl substituents was
also carried out [143]. The effect of the cation was studied by Herrera et al. [142]. They performed
analyses for ILs with the same anion [BF4] and different cations (Table 3). The results showed that
an IL with a longer alkyl chain causes a decrease in the retention factor and an increase in efficiency.
The effect of changing the retention time is similar in all analyses of basic analytes. The explanation
for this effect may be an increase in hydrophobicity along with an increase in the length of the alkyl
chain [144]. In turn, in a publication concerning the analysis of β-lactam antibiotics, an increase in the
length of the alkyl chain caused an increase in retention. Han et al. [152] highlighted that a different
effect may be the result of weak acidic properties and large analyte structures (the decrease in retention
in other publications concerned basic analytes). The ester moiety of the antibiotic competed more
strongly with the IL used for adsorption, and therefore despite the use of the long alkyl chain of the
cation, retention increased. Ubeda-Torres et al. [149] also suggested that the size of the cation is more
important than its nature. To study the effects of the IL anion, in other experiments, the same cation but
a different anion was used during optimizing the IL selection. The number of anions tested is much
greater than cations. The most commonly used are [PF6], [Cl] and [BF4] anions, but the less popular
[CH3(SO4)], octylsulfate ([C8H17(SO4)]) and [Nf2T] have also been tested (Table 3). The analysis
provided several important facts. First, the [PF6] anion showed very strong adsorption on the column
and had a stronger effect on the parameters than the present cation. This is probably the result of its
strongly chaotropic character [148]. The [BF4] anion is also a chaotropic ion, but with less adsorption
than [PF6]. For this reason [BF4] more often qualified for further parts of the experiment. The next
popular anion [Cl] belongs to strongly hydrated ions, and does not react with the analyte and the
stationary phase; in its presence, the cation is mainly responsible for the mechanism [151]. Although
the literature data provide information on the effects of the use of individual anions and cations, their
choice is not obvious, not only because of the often antagonistic effect of ions. The use of an ionic
liquid, which significantly reduces the retention time, is often associated with a poorer peak shape or
resolution. In addition, too short a retention time for biological samples is not recommended because
of the interference of analytes and background signals. In turn, improving the shape of the peak is
possible at the expense of a higher retention factor. Figure 7 shows the change in retention after the use
of two different ILs. Despite the shortening of the retention time by [C6MIM][BF4], an IL with [Cl]
was chosen for the study due to better resolution. Therefore, the choice of IL is a kind of compromise,
and the choice depends on many factors, including the type and number of analytes, and the type of
matrices [147]. The results also show the influence of other factors on the final results. One of the most
important modifications is the change in IL concentration. It was observed that a higher concentration
leads to an improvement in the shape of the peak and reduces the retention time. However, this effect
is more complex. First of all, the crucial factor here is whether the anion or cation has a stronger
impact. For example, if the [PF6] anion is used, which has strong adsorption on the stationary phase,
the retention time increases, but if the low affinity [Cl] anion and the long alkyl chain cation are used,
the retention time decreases. However, it was noted that both with increasing and decreasing retention
the effect occurs already at a very low IL concentration, and occurs until the column is completely
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filled with the IL. When column saturation occurs, a further increase in the IL concentration in the
mobile phase has less of an effect on the results. The retention time is constant or the effect is the
opposite to the current one. The mechanism of action of the aforementioned [PF6] in such a situation is
explained by the reaction in the stationary phase until the column is saturated, and the reaction of this
ion in the mobile phase after its saturation, and consequently, to a decrease in retention time [148,150].
The effect of pH on ILs was also analyzed, and it was found that at a lower pH the retention time is
high because a larger number of [H+] ions react with the IL anions and the elution power decreases.
This can be both a disadvantage and an advantage, because on the one hand, the separation improves,
but on the other hand, the analysis time is too long [152]. In another study, the purpose of which
was to assess the effect of buffers on separation parameters in the presence and absence of ILs, it was
observed that the IL is mainly responsible for the retention time, while the buffers more strongly affect
the final effect without the addition of the IL. However, it should be mentioned that the IL [C6MIM]
with a strongly adsorbing cation was used in the experiment [7]. Another publication also suggests
that retention is affected by the ratio of unprotonated to protonated silanols [6]. As mentioned above,
ILs are an alternative to other mobile phase additives. For this reason, the results of studies with the
addition of these compounds and with the addition of ILs are compared. ILs are better than other
additives in all tests, but it must be highlighted that TEA the most popular compound, also gives
good separation results [151]. In addition, the competitive advantage of ILs over other additives is
the lack of effect on pH and, as shown in the literature, the involvement of both cations and anions in
suppressing the silanol interaction and improving the results. In addition, the use of ILs is also possible
in hydrophilic interaction liquid chromatography (HILIC). The increase in the stationary phase surface
polarity obtained after the addition of an IL is responsible for improving the retention and efficiency
parameters [146]. The verification of the positive effect of ILs was also presented in studies focusing
more on the kind of columns used.

 

Figure 7. Simulated chromatograms for mixtures of the six TCAs using the C18 (a–c) and
C8 (d–f) columns. Mobile phase composition: (a,d) 30% acetonitrile, (b,e) 30% acetonitrile/10 mM
HMIM·Cl, and (c and f) 30% acetonitrile/10 mM HMIM·BF4. Peak identity: (1) doxepin, (2) imipramine,
(3) nortryptiline, (4) maprotiline, (5) amitryptiline, and (6) clomipramine. Figure adopted from
reference [147] with permission of the copyright holder.
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The analyses were performed on monolithic columns [144], popular C8 and C18 columns
(Figure 7) [147] and six commercially available stationary phases [148]. In each analysis, the addition of
ILs improved the results. It was also noted that the results depend on the production process of columns,
which decide about the number of free silanol groups. Thus, the best results during the application of
ILs in LC are obtained for columns for which the result was worse when using a traditional mobile
phase without the addition of an IL [148]. As already mentioned, the application of ILs in LC focuses
on the reaction mechanism, and drug determination is not essential here. Apart from a small number
of analyses for real samples, the quality of the developed methods is not confirmed by determining the
validation parameters. Therefore, the aspects of linearity, repeatability or reproducibility are ignored.
To our knowledge, only one work has performed validation [147]. Moreover, only a few anions
and cations have been tested in the analyses. There is no information on the effects of less common
ILs. In addition, not all works compare the results obtained for ILs with other popular additives.
The application of ILs also has several limitations. Although they extend the life of the column by
protecting the surface of the stationary phase, conditioning is necessary for several hours to remove
adsorbed IL ions and return the column to the starting position [143]. Due to the involvement of both
anions and cations in the separation mechanism, other unknown interactions with their participation
may occur. In addition, the choice of detector is an important issue during the application of ILs to the
mobile phase. The following detectors can be used: FL, UV or diode array detector (DAD), but it should
be remembered that ILs have a natural ability for ultraviolet absorption, which may affect the final
results or prevent the selection of the optimal wavelength for analytes [148,155]. Moreover, the use of
mass spectrometry is very problematic, here. However, despite the inconveniences described above,
the popularity of ILs is constantly increasing and they are being used in subsequent experiments

4.1.2. Ionic Liquid Stationary Phases

The application of ILs as an addition to mobile phases is not the only way to use them in liquid
chromatography. In 2004, the first stationary phase appeared with ILs immobilized on the silica
surface [156]. However, despite progress in this area, the use of IL stationary phases is much less
popular than IL additives to mobile phases. Several-stage binding reactions are the first step of
column preparation, producing as a final product modified IL-silica adsorbents, which finally coat the
stationary phase (detailed reaction descriptions can be found in the original papers) [157–159]. Based
on previous experience, several similarities can be observed to the previous section. First, the use of an
IL stationary phase is the result of the incorrect peak shape, separation, efficiency and retention time
obtained on traditional columns. As already mentioned, the same reasons concerned the use of ILs
in the mobile phase. Secondly, research shows that both the cation and anion can be involved in the
separation process. The imidazolium cation (single or multiple) is most commonly used to modify the
stationary phase surface [160]. Furthermore, analytes were also separated on a column prepared using
polymeric or chiral ILs [161,162]. There are many ways in the literature for obtaining IL-modified
stationary phases based on various chemical reactions and substrates. However, their application
is still not common. As mentioned, the number of publications is much smaller than the number of
publications describing the suppression of free silanol groups by ILs present in the mobile phase.

This review focuses primarily on the determination of pharmaceuticals in biological and
environmental samples, so it should be strongly highlighted here that the number of publications
related to the determination of such analytes on IL columns by LC is negligible. Two such articles were
published by Rahim et al. [163,164]. They prepared a stationary phase based on β-cyclodextrin and
3-benzylimidazolium tosylate as ILs for the enantioseparation of β-blockers and NSAIDs. The results
confirmed an enhanced enantioseparation and better enantioresolution on the novelty stationary phase.
Another publication in accordance with the criteria adopted in the review was published in 2019 by
Xian et al. [165]. The stationary phase was prepared with photo-initiated thiol-ene click chemistry
using the imidazolium cation and anion [Nf2T]. Then, on the prepared column, the sulfonamides were
separated by mixed-mode HPLC (MHPLC). The results confirmed good performance and separation
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selectivity, and additional research on commercial columns proved that the IL is responsible for a
shorter separation time (Figure 8). Although the determination of drugs using IL column modifiers is
very rare, their application in the determination of vitamins [166], flavonoids [167], amino acids [168]
and many other compounds shows that perhaps in subsequent years these methods will be extended
also for such analytes.

 
Figure 8. Separation of a mixture of nucleosides and nucleic bases, sulfonamides and inorganic anions
on Sil-NIM-CFS and Acclaim™Mixed-Mode WAX-1 columns. (1). uracil; (2). uridine; (3). cytosine;
(4). adenine; (5). cytidine; (6). sulfanilamide; (7). sulfamethoxypyridazine; (8). sulfadiazine;
(9). sulfathiazole; (10) sulfamethoxazole.; (11). sulfacetamide; (12). potassium bromate; (13). potassium
bromide; (14). potassium iodate; (15). sodium iodide; (a) Mobile phase for Sil-NIM-CFS: ACN/10 mM
ammonium formate (92:8, v/v); Mobile phase for Acclaim™Mixed-Mode WAX-1 columns: ACN/10 mM
ammonium formate (80:20, v/v); Ph = 5.6, flow rate: 0.6 mL/min, detection wavelength: 254 nm.
(b) Mobile phase for Sil-NIM-CFS: ACN/H2O (50:50, v/v), flow rate: 0.8 mL/min; Mobile phase for
Acclaim™ Mixed-Mode WAX-1 columns: ACN/H2O (60:40, v/v), flow rate: 1.0 mL/min; detection
wavelength: 254 nm. (c) Mobile phase for Sil-NIM-CFS: ACN/5 mM Na2SO4 (5:95, v/v), pH = 4.28;
Mobile phase for Acclaim™Mixed-Mode WAX-1 columns: ACN/50 mM Na3PO4 (50:50, v/v), Ph = 6.0;
flow rate: 0.6 mL/min; detection wavelength: 210 nm; Injection volume: 40 μL, column temperature:
25 ◦C. Figure adopted with permission from [165].

4.2. Other Chromatographic Techniques

4.2.1. Gas Chromatography

In gas chromatography (GC), ILs have found use as stationary phases. This is due to the fact
that they have unique properties, such as a wide liquid phase range, low volatility (negligible vapour
pressure), high viscosity, good thermal stability and variable polarities, which make them suitable
for that purpose [169]. Research into using molten salts in GC started in the 1950s and now IL-based
columns are used in the analysis of complex samples [29,170]. A characteristic property of ILs is that
they display unusual dual nature retention behavior, separating both non-polar and polar compounds.
On the one hand, ILs exhibit a similar behavior to polar stationary phases such as polyethylene glycol
or cyanopropyl-substituted polysiloxanes due to their ability to display a high dipolar interaction and
hydrogen bonding. On the other hand, they are able to retain non-polar solutes (i.e., alkanes and alkenes),
similarly to the low polarity stationary phases such as phenyl substituted dimethyl polysiloxanes [171].
Another important feature of ILs is that varying the cation or anion might significantly affect their
physical and chemical properties [169]. For example, imidazolium IL columns using the [Nf2T] anion
were the most efficient [29]. ILs formed by less coordinating or nucleophilic anions, such as [Nf2T],
tend to be more stable compared to those containing halide salts; in fact, the latter are characterized
by a nucleophilic nature, and hence it is possible for them to undergo SN1 or SN2 reactions with
the alkyl substituents of the cation. Phosphonium-based ILs, synthesized with a large alkyl chain
substituent, have shown outstanding thermal stability; in particular, a dicationic phosphonium IL,
namely the dicationic 1,12-di(tripropyl-phosphonium)dodecane bis(trifluoromethylsulfonyl)imide, was
synthesized possessing a thermal stability of 425 ◦C [172]. In addition, it should be noted that dicationic
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and tricationic ILs exhibit significantly higher thermal stability compared to monocationic-based
ILs [173].

At present, IL-coated capillary GC columns are commercially available under the trade name
SLB-IL (Supelco–Sigma-Aldrich, Darmstadt, Germany) (Table 4). These columns are characterized
by a different polarity and can work at temperatures passing 200 ◦C and approaching 300 ◦C [174].
Studies on the synthesis and properties of new IL-stationary phases are still continuing. Yu et al. [175]
analyzed the application of a new triptycene-based amphiphilic material (TP-2IL) as the stationary
phase for GC separations. In research, they showed that this column exhibited good performance for
analytes from an apolar to a polar nature. Particularly, it has an outstanding capability for resolving
critical pairs of anilines and phenols with good peak shapes, and shows distinct advantages over
the typical conventional stationary phases. IL columns find many uses in the analysis of flavors and
fragrances [176,177], fatty acids [178–182] and petrochemicals [183,184]. González Peredes et al. [185]
evaluated different IL columns for the separation of chlorobenzenes and developed an analytical
methodology based on the use of the IL stationary phase SLB-IL82 in GC with a microelectron capture
detector for the determination of chlorobenzenes in soil samples.

Table 4. Selected commercial IL capillary GC columns with matrix active groups.

GC Capillary Column Matrix Active Group

SLB-IL59 1,12-Di(tripropylphosphonium)dodecane
bis(trifluoromethylsulfonyl)imide

SLB-IL60 1,12-Di(tripropylphosphonium)dodecane
bis(trifluoromethylsulfonyl)imide

SLB-IL61 1,12-Di(tripropylphosphonium)dodecane
bis(trifluoromethylsulfonyl)imide trifluoromethylsulfonate

SLB-IL76 Tri(tripropylphosphoniumhexanamido)triethylamine
bis(trifluoromethylsulfonyl)imide

SLB-IL82 1,12-Di(2,3-dimethylimidazolium)dodecane
bis(trifluoromethylsulfonyl)imide

SLB-IL110 1,9-Di(3-vinylimidazolium)nonane
bis(trifluoromethylsulfonyl)imide

SLB-IL111 1,5-Di(2,3-dimethylimidazolium)pentane
bis(trifluoromethylsulfonyl)imide

SLB-ILD3606 1,5-Di(2,3-dimethylimidazolium)pentane
bis(trifluoromethylsulfonyl)imide

Do et al. [186] showed that the profiling of all 136 PCDD/Fs is greatly facilitated by using IL
columns or combinations including such columns. Boczkaj et al. [187] tested three capillary columns
(HP-5Ms, DB-624, SLB-IL 111) in the analysis of oxygenated volatile organic compounds (O-VOCs)
in postoxidative effluents from the production of petroleum asphalt. Among the capillary columns
investigated, a very polar column, SLB-IL 111, with an ionic liquid as the stationary phase was found to
be superior for the separation of O-VOCs, as it has a high selectivity towards n-alkanes and oxygenated
volatile organic compounds.

So far, IL stationary phases have not been widely applied in the field of bioanalysis [188].
Destaillats et al. [189] applied an IL-coated SLB-IL 111 column to identify the occurrence of petroselinic
acid in human skin, hair and nails. They confirmed that this column can be used to obtain a baseline
resolution between petroselinic acid and cis-8 18:1 acid methyl esters.

The use of IL-based stationary phases has extended to multidimensional gas chromatography
(GCxGC), ensuring future applications. For example, Zapadlo et al. [190] investigated the use of
GCxGC–TOFMS with highly polar IL-based columns for the analysis of polychlorobiphenyls (PCBs).
They used a non-polar/ionic liquid column series consisting of poly (50%-n-octyl-50%-methyl) siloxane
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(SPB-Octyl) and the ionic liquid SLB-IL59 in the first and second dimension, respectively. As a result, a
total of 196 out of 209 PCBs congeners were resolved and all dioxin-like congeners were separated
with no interferences from any PCB congener.

ILs have found another significant application as a solvent in headspace gas chromatography
(HS-GC), ILs are ideal solvents for HS-GC, a more sensitive method of analysis compared to direct
injection. HS-GC avoids direct liquid or solid probing and greatly decreases matrix interference [29].
ILs are excellent solvents and are now used for the analysis of residual solvents in a variety of
pharmaceutical products. The detection and quantitation of residual solvents/impurities in drug
substances or drug products is an important measure for pharmaceutical quality assurance/quality
control, because the residual solvents/impurities that were not totally removed by practical
manufacturing techniques always have a potential risk to human health from toxicity. Fink et al. [191]
developed a rapid, accurate, IL-based HS-GC method for the determination of water in active
pharmaceutical ingredients. The HS-GC method used an IL-based capillary GC column to increase the
sensitivity and ruggedness of this method. ILs are also utilized as a headspace solvent. Studies have
shown that the sensitivity of the HSGC method is 100 times greater than that of volumetric Karl Fischer
titration (KFT) (which is the commonly used technique to determine water content), allowing very
small sample sizes (e.g., 4 mg) to be accurately and reproducibly analyzed. In comparison, a typical
sample size of 500–1000 mg is used in KFT. Liu and Jiang [192] applied [C4MIM][BF4] as the matrix
medium in the analysis of six solvents utilized in the synthesis of Adefovir Dipivoxil: acetonitrile,
dichloromethane, N-methyl-2-pyrrolidone ([NMPyrr]), toluene, dimethylformamide (DMF), n-butyl
ether. The developed method proved accurate and linear (with R ≥ 0.9993). All the RSDs were lower
than 10%. Moreover, the comparison of [C4MIM][BF4] with DMSO as a matrix medium of headspace
GC was also carried out in this study. In this research, it was indicated that DMSO, with its boiling
point at 189 ◦C, has a higher vapor pressure, and the chromatographic peak of the DMSO matrix, with
a much higher intensity, always occupies a wider baseline or interferes in the detection of analytes,
especially at a higher equilibrium temperature. The impurities and the decomposed products of
DMSO at a high equilibration temperature also became interfering substances for the detection of
residual solvents.

A great analytical challenge for the pharmaceutical industry is the trace-level analysis of genotoxic
impurities (GTIs) in drug substances. Ho et al. [193] used ILs (six compounds: ([C4MPyrr][B(CN)4]),
[C4MIM][BF4], [C4MMIM][BF4], [C4MIM][Nf2T], [C4MMIM][Nf2T] and ([P6,6,6,14

+][Nf2T])) as a new
class of diluents for the analysis of two classes of genotoxic impurities (GTIs), namely, alkyl/aryl
halides and nitro-aromatics, in small molecule drug substances by headspace gas chromatography
coupled with electron capture detection (ECD) without the need for analyte derivatization. The low
volatility and high thermal stability of ILs enables these compounds to be used at high headspace oven
temperatures with the minimum chromatographic background. Studies have shown that increasing
the headspace oven temperatures resulted in varying responses for alkyl/aryl halides and significant
enhancements in the responses for all nitroaromatic GTIs. Furthermore, ILs with a conventional
high-boiling organic diluent—DMSO, were compared. The chromatographic backgrounds from ILs
are significantly lower than the backgrounds from DMSO. The LODs of all analytes obtained using
the IL diluents were superior (5 to 500 ppb) to those obtained from pure DMSO. Research on organic
solvent residues in drugs was also conducted by Ni et al. [194]. The main focus of this study was
to investigate the relationship between analytes (organic solvents) and the matrix medium (ILs) by
HS-GC in order to provide guidance in choosing a suitable matrix medium and next to determine
the organic residual solvents in ketoconanzole to choose a suitable IL during the process of HS-GC.
In research, [C4MIM][PF6] was chosen as the best headspace solvent, because an excellent separation
of ethanol, dichloromethane, ethyl acetate, butyl alcohol, pyridine, DMF and DMSO was achieved.
The evaluation of ILs for the analysis of residual solvents in pharmaceutical matrices was the subject of
research by Laus et al. [195]. The authors chose ([C4MIM][DMP]) as the most suitable ionic liquid as
solvent for the HS-GC analysis of solvents with very low vapor pressure, such as dimethylsulfoxide,

256



Molecules 2020, 25, 286

N-methylpyrrolidone, sulfolane, tetralin, and ethylene glycol which can be found in pharmaceutical
products. The limit of quantification (LOQ) of this method was from 59 (tetralin) to 113 μg/g (ethylene
glycol), the accuracy was in the range of 96.6–103.7, and it showed high linearity in the tested range
of 0.9890–0.9984. The developed method was applied for the detection of traces of sulfolane in a
real sample of tablets containing the drug cefpodoxime proxetil. A trace of sulfolane was detected
(estimated at 2 μg/g with respect to the tablet mass), which is safely below the regulatory limit of
160 μg/g. To the best of our knowledge, there are only a few reports on the use of ILs as stationary
phases for GC separations in the analysis of environmental samples. One of them is the investigation
performed by Reyes-Contreras et al. [171], who examined the suitability of ILs as stationary phases
for GC–MS, and their application for the determination of nitrosamines and caffeine metabolites in
wastewater samples. Studies have shown that the SLB-IL111 column enabled the baseline separation
and quantification of 7 nitrosamines in a shorter analysis time compared with the commonly used
cyanopropylphenyl polysiloxane. Furthermore, the SLB-IL59 column provided the elution of all the
caffeine metabolites analyzed with the highest peak symmetry and an appropriate analysis time.
Contaminants in wastewaters were also the subject of research by Domínguez et al. [169]. In this work,
the application of IL stationary phases for the determination of benzothiazoles and benzotriazoles
was examined. Among the IL columns evaluated, SLB-IL59 provided the total elution of all the target
analytes with the highest peak symmetry and the lowest analysis time. Moreover, the lower stationary
phase bleeding enabled positive identification and quantification.

In view of the properties of ILs, such as high thermal stability, high viscosity, and tunable selectivity
through the modification of their chemical structure, their use, in particular as stationary phases
in GC, will increase. New IL stationary phase chemistries that provide unique selectivity towards
target analytes are needed to improve the separation performance and versatility of multidimensional
GC [170].

4.2.2. Thin-Layer Chromatography

ILs are used in Thin-layer Chromatography (TLC) as stationary phase modifiers, especially
in the separation of basic drug compounds. The separation of drug compounds is carried out
normally with the use of silica-based stationary phases; however, it is often impossible because of the
effect of free silanols on their chromatographic retention [196]. In order to remove this undesirable
phenomenon, methods are used such as protonation, the addition of traditional amino quenchers,
and changes in the mobile phase composition in order to increase ionic strength. The solution to this
problem may be the application of ILs as silanol suppressing agents. The first study on improving
separation in TLC by using ILs as mobile phase modifiers was presented by Kaliszan et al. [197].
The efficacy of using ILs as stationary phase modifiers in TLC has also been confirmed in research
by Marszałł et al. [198]. The aim of this study was the application of imidazolium-based ILs to
reduce the deleterious effects of free silanols on the LC separation of naphazoline nitrate. The authors
used [C2MIM][BF4] and [C6MIM][BF4] as modifiers of the mobile phase. The results showed that
ILs with short alkyl-chain lengths are efficient suppressors of free silanols, which are considered
to be responsible for the troublesome and irreproducible chromatographic determinations of basic
compounds. In the next study, Kaliszan et al. [199] also reported that ILs of the imidazolium
tetrafluoroborate class when added to mobile phases blocked silanols and provided excellent TLC
separations of strongly basic drugs which were otherwise not eluted, even with neat acetonitrile as the
mobile phase. The ILs used by Marszałł et al. [198] as mobile phase modifiers were also tested in the
studies reported by Mieszkowski et al. [196,200]. In the first study, 1-alkyl-3-methylimidazolium-based
ILs (tetrafluoroborate [C2MIM][BF4], L-(+)-lactate [C2MIM][LAC] and ethyl sulfate [C2MIM][ETOSO3])
were used as the mobile phase [196]. The subject of the research was the development of a new HPTLC
method for the determination of perazine in oral tablets, and a comparative study between these three
different ILs with the same cation but different counterions as additives to the mobile phase. In effect,
among the selected ILs, the optimum distribution parameters, such as shape and quality of spots,
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high precision, and accuracy in qualitative and quantitative determination, characterize the system,
with [C2MIM][BF4] as the mobile phase modifier. Summarizing this study, it can be concluded that
[C2MIM][BF4] is a valuable and efficient suppressor of free silanols, which are responsible for unwanted
interactions of chromatographic stationary phases in the determination of the above compounds. In the
second study, the authors compared two TLC methods for the determination of haloperidol in oral
drops—the pharmacopeia method (European Pharmacopeia 7.0) and an alternative with IL modifiers
of the mobile phase. The addition of [C2MIM][BF4] to the mobile phase gave similar separation and
quantitative results with no peak tailing compared to the mobile phase suggested by the European
Pharmacopeia 7.0 [200]. Besides the silanol-suppressing potency of [C2MIM][BF4], a lack of interaction
and interference with UV densitometric detection was observed. Research on the use of ILs in TLC
was also conducted by Lu et al. [201], who used ILs as mobile and stationary phases of TLC to analyze
berberine hydrochloride, tetrahydropalmatine and related Chinese patent medicine. In this study,
the shape and value of target spots together with the developing duration were compared regarding
four mobile phases which were a combination of the ILs ([C4MIM][OH]), [C4MIM][BF4], [C4MIM][Br],
[C4MIM][PF6]) and methanol. Moreover, these IL mobile phases were compared with two traditional
developing reagents, n-hexane-chloroform-methanol and n-butanol-acetic acid-water. As a result,
it was found that [C4MIM][OH]-methanol has a simpler composition and is more suitable for the
simultaneous analysis of two target constituents in a plate. Besides any extra pH additives, the shape
of spots was ideal and no tailing occured. [C4MIM][OH] was also used as the stationary phase, which
was synthesized based on silica gel. The quantitative method for this kind of IL stationary phase
showed a good correlation coefficient (R2 = 0.9971–0.9976), good repeatability (%RSDs of berberine
hydrochloride and tetrahydropalmatine were 0.88% and 0.79%, respectively) and method accuracy in
terms of 95.91–104.85% (berberine hydrochloride) and 96.02–102.18% (tetrahydropalmatine). Research
into the application of ILs as mobile phases in TLC was published by Tuzimski and Petruczynik [202].
The aim of the study was the separation of ten components of a mixture of isoquinoline alkaloids:
allocryptopine, berberine, boldine, chelidonine, papaverine, emetine, columbamine, magnoflorine,
palmatine and coptisine, using a 2D-TLC (two-dimensional TLC) method. The first dimension used
an aqueous mobile phase (RP) (80% methanol–water–0.05 M/L−diethylamine), and in the second
dimension a normal phase (NP) (75% methanol, 24.75% ethyl methyl ketone–0.25% IL [C4MIM][BF4]).
The addition of ILs to conventional mobile phases caused a decrease in zone broadening and improved
the chromatographic resolution. As shown in the results of the experiments, very symmetrical spots
and peaks and high system efficiency were obtained. In conclusion, the authors proposed that mobile
phase systems containing ionic liquids can be applied to the separation of isoquinoline alkaloids in
other natural samples. The use of ILs as stationary phase modifiers can be an effective and more
“green” alternative to classical mobile phases such as amines.

4.2.3. Supercritical Fluid Chromatography

Among the numerous applications of ILs, they can also be used in solvent systems composed of
ILs and supercritical fluids with an emphasis on supercritical carbon dioxide (scCO2). The specificity of
IL–supercritical fluid biphasic systems follows from the availability of several mechanisms for tuning
the solvent properties of such systems—apart from the wide selection of IL cations and IL anions
to tailor the IL properties, the operating temperature and pressure are also available as variables to
adjust the density and the solvent power of the supercritical fluid phase [203]. In an ILs-scCO2 system
the product recovery process is based on the principle that scCO2 is soluble in ILs, but ILs are not
soluble in scCO2. Since most organic compounds are soluble in scCO2, with the high solubility of
scCO2 in ILs, these products are transferred from the IL to the supercritical phase [204]. Ji et al. [99]
applied the IL [C8MIM][PF6] and methanol as the extraction and dispersion solvents in a method
for the determination of four NSAIDs—nabumetone, ibuprofen, naproxen and diclofenac—in tap
water and drinks. The method was based on ultrasound-assisted ionic liquid dispersive liquid–liquid
microextraction (US-ILDLLME) followed by ultra-high performance supercritical fluid chromatography
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(UHPSFC) coupled to a photo-diode array detector (PDA). The developed method showed rapid
separation (2.1 min), good recoveries (81.37–107.47%) and enrichment factors (126–132). The LODs
for the analytes were from 0.62 (naproxen) to 7.69 (ibuprofen) ng/mL. This developed procedure
was applied to real water samples, tap water, soda, lemon juice and green tea drink. In soda drink,
ibuprofen was detected with detection levels of 16.43 ng/mL.

Because SFC can be performed with both polar and nonpolar stationary phases, columns
that are marketed for HPLC can be used in SFC [205]. The application of immobilized
ionic liquids (IILs) as a class of stationary phases for packed column SFC was studied by
Smuts et al. [206]. The authors studied the cation and anion effect. The research was conducted on
different IILs: tripropylphosphonium, tributylphosphonium, methylimidazolium, benzylimidazolium,
triphenyl-phosphonium and 4,4′-bipyridyl while keeping the counteranion constant, and an
immobilized tributylphosphonium with five different anions: acetate, trifluoroacetate (TFA), [Cl],
perchlorate and [Nf2T]. The best stationary phase in terms of low retention and good separation
efficiency was the IIL tributylphosphonium with the TFA counter anion. Furthermore, the
acetate anion exhibited the worst retention time and repeatability, and took the longest to reach
baseline stability. [Nf2T]- displayed poor efficiency in separations for tributylphosphonium-based
stationary phases. Chou et al. [207] used covalently bonded 1-octyl-3-propylimidazolium chloride
on a silica gel column for the simultaneous separation of acidic, basic and neutral compounds
(fenoprofen, ibuprofen, acetaminophen, metoprolol, naphthalene and testosterone) using carbon
dioxide subcritical/supercritical fluid chromatography. The data indicated that the IL-modified column,
in terms of resolution, was clearly superior to commercial C18 columns. Also, the simultaneous
separation of acidic, basic and neutral compounds via SFC was successful with a co-solvent content of
20% MeOH, a pressure of 110 bar, and a column temperature of 35 ◦C (Figure 9).

 

Figure 9. Separation of acidic, basic, and neutral compounds via SFC using the IL-modified column
and a commercial C18 column. Figure adopted with copyright permission from [207].

In conclusion, it should be stated that ILs seem to be good replacements for volatile organic
solvents, and the development of new applications utilizing ILs will increase. However, the high cost
of ILs and lack of complete data on e.g., toxicity should be noted.
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5. Electromigration Techniques

5.1. Capillary Electrophoresis

CE, which belongs to electromigration separation techniques, possesses many advantages, such
as low sample and reagent consumption, high efficiency, simplicity, short analysis time, automation
and inexpensive cost of capillaries in comparison to HPLC columns. CE separations are also extremely
effective and allow substances with similar structures to be separated. These advantages mean that
this technique has become an interesting alternative analytical tool to other chromatographic methods.
Generally, CE analysis is carried out on fused-silica capillaries with silanol groups on the inner
surface which are normally negatively charged. This results in the formation of an electroosmotic
flow (EOF) that moves compounds toward the cathode when a voltage is applied across a tube
filled with an electrolyte solution. Contrary to this effect, electrophoretic mobility exists, which
moves a molecule to its opposite electrode. Each ion possesses a specific electrophoretic mobility
resulting in a charge-to-mass ratio. However, the effect of EOF is generally predominant in respect
to electrophoretic mobility, causing all the molecules to be moved at different speeds toward the
cathode. A higher speed can be observed for cations, and neutral analytes take slightly longer to
migrate, while negatively charged compounds take the longest to move because of their conflicting
electrophoretic mobility. The fact that, simultaneously, both EOF and electrophoretic mobility occur,
working on anions in opposite directions during electrophoretic separation, allows greater resolution
to be obtained. The main parameters which can affect EOF mobility are the dielectric constant, the zeta
potential value and the viscosity of the buffer. The values of these parameters can be regulated by the
modification of the background electrolyte (BGE) and/or using different buffer additives, as well as
when the physicochemical properties of the wall of the capillary are changed. ILs are considered as
good EOF modifiers because of their good electrical conductivity and they are slightly more viscous
than organic solvents. In effect, low IL concentrations can be enough for a significant improvement in
the electrophoretic separation. According to the literature data, ILs have been applied as the BGE, as
additives to the BGE and/or as covalent coating reagents of the capillary. However, taking into account
the costs of these modifications, ILs were mainly used as electrolytes or additives to electrolytes to
modify the capillary wall. It should be highlighted that both cations and anions of ILs may change the
migration behavior of analytes, although the activity of IL cations have a major impact on the resolution
in CE. The IL cations, by the modification of the ionic strength of the BGE, can change the EOF, which
influences the migration times of the analytes and may improve separation efficiency. Other activity is
related to the adsorption of IL cations on the capillary inner surface, which can reduce or even reverse
the EOF as well as possibly correcting the peak tailing of some basic enantiomers. Both mechanisms
mentioned above allow a significantly better resolution of analytes to be obtained [199,208].

For example, Qin et al. [209] used a 1-methylimidazolium-based IL for covalent bonding of the
fused-silica capillary surface wall for reversing the EOF during the development of a CE-MS method
for the determination of sildenafil (SL) and its metabolite UK-103,320 (UK) in human serum samples.
The most effective separation was obtained with a BGE containing 10 mM of acetic acid (pH 4.5)
and with a voltage of 25 kV. The sensitivity and resolution were significantly improved because this
approach allowed the elimination of the adsorption of the compounds on the IL-coated capillary
wall, which occurred on the bare fused-silica capillary wall. In effect, the analytes passed through
the IL-coated capillary with a recovery of 98% and 100% for SL and UK, respectively. Moreover, the
resolution between SL and UK was enhanced because of the modification of the EOF. The analytes were
separated within 14 min with LODs of 14 and 17 ng/mL for SL and UK, respectively. El-Hady et al. [210]
proposed a CE-UV method for the simultaneous determination of four anticancer drugs in human
plasma and urine based on [C4MIM][Br] as a component of the BGE. During the study, the parameters
of CE separation were optimized. The best results were obtained when the analysis was carried out on
a BGE containing a 12.5 mmol/L phosphate buffer at pH 7.4 and 0.1 μmol/L of [C4MIM][Br] (IL), and
20 kV applied voltage. This approach allowed sensitivity to be increased 600 times over that observed
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in CE performed without the IL. The developed CE-UV method for the quantification of methotrexate,
vinblastine, chlorambucil and dacarbazine in human plasma and urine allowed the analytes to be
monitored with the LODs in the range of 0.01 to 0.05 μg/mL.

It should also be noted that excellent separation is particularly required for the analysis of racemic
mixtures, including various groups of pharmaceuticals the enantiomers of which can possess significant
different pharmacokinetic and pharmacodynamic properties and side effect profiles. The qualitative
and quantitative analysis of the compounds in biological and environmental samples is necessary
for better understanding the mechanism of their activity in live organisms and their influence on
the environment. This issue was a predominant topic of many papers published in recent years in
world scientific literature. In those studies, both achiral ILs and chiral ILs (CILs) were applied in
combination with various types of chiral selectors (CS) like cyclodextrins (CDs) or their derivatives,
antibiotics, polysaccharides or surfactants for the chiral separation of different pharmaceuticals. Typical
achiral ILs applied in CE enantioseparation were tetraalkylammonium ILs, alkylimidazolium ILs
and alkylpyridinium ILs with inorganic anions such as [OH], [Cl], [Br], [BF4] and [PF6]. Among
them, tetraalkylammonium-based ILs are considered as more effective because of their relatively more
hydrophilic character, which decreases the likelihood of entering the hydrophobic cavity of the CS.
Moreover, their relatively lower conductivity and UV transparency in the wavelength ranges applied for
enantiomer detection allow them to be used in higher concentration levels. These data are in accordance
with the study reported by Huang et al. [211] who tested alkylpyridinium, tetraalkylammonium and
alkylimidazolium-based ILs along with β-CDs for the chiral separation of five β-agonists. The results
confirmed that tetraalkylammonium-based ILs were more effective because they could be used at
much higher levels than the other tested ILs. Poor resolution was achieved when the long-chain IL,
[C8MPyrr][PF6], was used as the BGE modifier. Moreover, the presence of ILs was required for the full
enantioseparation of salbutamol, cimaterol and formoterol, which were not resolved using the BGE
containing only β-CD as the CS.

Jiang et al. [212] used [C2MIM][BF4] for the coating of a silica capillary during the enantioseparation
of ibuprofen, fenoprofen, naproxen and ketoprofen. It enabled the EOF to be modified, which provided
the effective resolution of the enantiomers. The tested IL not only affected the EOF but also acted as a
discriminator. Moreover, the interaction between hydrogen at the C–2 carbon of the IL and the acid drugs
played an important role in the separation. The same type of IL was selected for the enantiorecognition
of nine tricyclic antidepressants in the study reported by Tsai et al. [213]. The optimal simultaneous
separation of all the tested pairs of enantiomers was achieved with 50 mM of [C2MIM][BF4] as the
sole BGE at pH 3. Zhao et al. [214] used three ILs and hydroxypropyl-β-cyclodextrin (HP-β-CD) as
the components of the BGE for the enantioseparation of itraconazole, ketoconazole, econazole and
miconazole. Compared with [C2MIM][L-lactate] or [C2MPyrr][BF4], [C12MAmm][Cl] was the most
effective. When this reagent was used along with HP-β-CD it allowed the resolutions of 3.8, 3.5, 2.8
and 2.5 for miconazole, econazole, ketoconazole and itraconazole, respectively, to be obtained.

In the paper published by Liu et al. [215], the effective chiral separation of racemic methyl-ephedrine
hydrochloride, thebaine, codeine phosphate and acetylcodeine by capillary electrophoresis with
electrochemical detection (CE-ECL) was observed when 0.6% [C4MIM][BF4] as the component of the
BGE was applied (Figure 10).
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Figure 10. Electropherograms of four standard samples: (A) without IL in electrophoretic buffer;
(B) with the use of 0.6% BIMPF4 in the electrophoretic buffer. Peak: 1, 10 μmol/L methylephedrine
hydrochloride; 2, 40 μmol/L of thebaine; 3, 25 μmol/L codeine phosphate; 4, 15 μmol/L acetylcodeine.
Conditions: electrophoretic buffer, 14 mmol/L phosphate–borax at pH 7.4; electrokinetic injection, 10 s
× 10 kV; separation voltage, 15 kV; detection potential, 1.2 V; ECL solution, 5 mmol/L Ru(bpy)3

2+ with
50 mmol/L PBS at pH 8.2. Figure adopted from [215] with permission.

The developed method offered the quantification of four drug alkaloids in human urine
samples with LODs from 1.4 × 10−7 to 6.3 × 10−8 mol/L. Jin et al. [216] reported the effective
enantioseparation of propranolol, oxprenolol and pindolol by CE when a BGE containing the achiral
IL—glycidyltrimethylammonium chloride ([GTMAmm][Cl]) as the modifier along with a dual CDs
system based on 2,6-di-O-methyl-β-cyclodextrin (DM-β-CD) and 2,3,6-tri-O-methyl-β-cyclodextrin
(TM-β-CD) was applied. The authors also used an on-line sample enrichment technique based on
field-enhanced sample injection (FESI) for the improvement of sensitivity. The application of both
approaches allowed the LODs of the enantiomers to be decreased from 0.10 to 0.65 nM. Finally,
the developed CE method was successfully used for the analysis of spiked urine samples, with
good recoveries.

Unfortunately, in many cases, the application of achiral ILs with a single chiral selector was not
enough for the effective enantioseparation of the compounds of interest. An interesting alternative
approach reported in the literature was using CILs which can possess either a chiral cation or achiral
anion, or both. The application of these CILs in combination with traditional chiral selectors allows
an extra “enantiorecognition” capability to be obtained while the capability of system modification
is retained. In effect, a “synergistic system” occurs during electrophoretic separation, which can
significantly improve the resolution of the analytes. The first paper reporting the use of this approach for
the enantioseparation of pharmaceuticals was published by François et al. [217]. The authors developed
and used two chiral choline-based ILs—ethylcholine bis(trifluoromethylsulfonyl)imide ([EtChol][Nf2T])
and phenylcholine bis(trifluoromethylsulfonyl)imide ([PhChol][Nf2T]) alone or in combination with
DM-β-CD or TM-β-CD for the analysis of the anti-inflammatory drugs, 2-arylpropionic acids, as model
compounds. The developed CILs were applied as BGE additives, chiral ligands and CSs. Moreover,
the enantioseparation efficiency in respect to the type and concentrations of tested CILs and CDs, as well
as the methanol addition to the BGE, were evaluated. The results indicated that the effective separation
of the analytes was achieved only upon adding one of the CILs containing DM-β-CD or TM-β-CD and
methanol to the BGE. Thus, the synergistic effect between the tested chiral choline-based ILs and CDs
in the dual separation system was confirmed. In another study, two chiral synergistic systems based on
tetramethylammonium-L-arginine (TMA-L-Arg)/glycogen and tetramethylammonium-L-aspartic acid
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(TMA-L-Asp)/glycogen were compared with the system containing achiral tetramethylammonium
hydroxide (TMA-OH)/glycogen for the chiral separation of nefopam, citalopram and duloxetine [218].
Each tested IL/glycogen synergistic system gave better resolutions of the tested enantiomers compared
to those observed for the separation using glycogen alone. However, the addition of TMA-L-Arg to the
BGE composition was more effective than TMA-L-Asp, while the TMA-OH/glycogen separation system
gave poorer resolution. Zhang et al. [219] tested tetramethylammonium-L-arginine (TMA-L-Arg),
tetramethyl-ammonium-L-hydroxyproline (TMA-L-Hyp) and tetramethylammonium-L-isoleucine
(TMA-L-Ile) as BGE additives in combination with HP-β-CD for the enantioseparation of amlodipine,
nefopam, duloxetine and propranolol. The highest signals of the tested analytes and the best
resolution was achieved using a 40 mM Tris/H3PO4 buffer solution (pH 2.6) containing 20 mM of
HP-β-CD and 30 mM of TMA-L-Arg (Figure 11). Zuo et al. [220] reported the enantioseparation
of twelve pharmaceuticals using 1-ethyl-3-methylimidazolium-L-lactate ([C2MIM][L-lactate]) and
1-butyl-3-methylimidazolium-L-lactate ([C4MIM][L-lactate]) in combination with β-CD in a BGE.
The resolution was better in a dual system based on one of the tested CILs and β-CD compared to
the β-CD alone, although the addition of [C2MIM][L-lactate] was more effective. Finally, the BGE
composed of 20 mM of [C2MIM][L-lactate] and 10 mM of β-CD at pH 2.5 was selected as optimal for
the separation of most analytes.

Only the analysis of homatropine methylbromide was carried out on 30 mM of Tris-H3PO4 at
pH 2.0 (more effective separation), while the enantiomers of venlafaxine and sibutramine were not
baseline resolved. Kolobova et al. [221] confirmed that 1-butyl-3-methylimidazolium L-prolinate
[C4MIM][L-Pro] as a CS in combination with 2-hydroxypropyl-β-cyclodextrin (2HP-β-CD) allowed a
significant improvement in the chiral separation of carvedilol and propranolol.

 

Figure 11. Chiral separation of all drug enantiomers in the optimized HP-β-CD/TMA-L-Arg synergic
system. Conditions: focused-silica capillary, 50 cm (41.5 cm effective length) × 50 μm i.d; applied
voltage, 20 kV; capillary temperature, 15 ◦C; BGE, 40 mM Tris/H3PO4 buffer solution (Ph 2.6) containing
20 mM HP-β-CD/TMA-L-Arg. Figure adopted from [219] with copyright permission.
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Zhang et al. [222] designed a lactobionic acid LA-based IL, namely tetramethylammonium-
lactobionate (TMA-LA), which was applied for the chiral separation of atenolol, metoprolol, propranolol,
nefopam and duloxetine. In the study, three combinations, namely a single LA system, β-TMA chloride
(TMA-Cl) system and TMA-LA IL system, were tested. The best results were achieved when the IL
TMA-LA as the CS was applied. Finally, the BGE containing 40 mM of borax buffer, pH 7.6, 40%
v/v methanol, 200 mM of TMA-LA and 20 kV applied voltage was selected as the most effective.
Zhang et al. [223] tested L-alanine tert-butyl ester bis (trifluoromethane) sulfonamide (L-AlaC4Nf2T)
and L-valine tert-butyl ester bis (trifluoromethane) sulfonamide (L-ValC4Nf2T) as additives to the BGE
in combination with M-β-CD, HP-β-CD and glucose-β-CDs (Glu-β-CD) for the enantioseparation of
naproxen, pranoprofen and warfarin. Compared to CDs alone, significantly better chiral recognitions
of all analytes were obtained, although the resolutions of these dual systems were different. Moreover,
the addition of organic modifiers to the BGE additionally improved selectivity. This was probably
related to decreasing the EOF, which allowed interactions to be increased between AAILs, M-β-CD and
the racemates. The best separations of the analytes were observed when 15 mM of CILs was introduced
into the 30 mM sodium citrate/citric acid buffer solution at pH 5.0 containing 20 mM of M-β-CD and
20% ethanol as the organic modifier with a 20 kV applied voltage. The potential synergistic effects
of L-AlaC4Nf2T and L-ValC4Nf2T were also checked in combination with vancomycin during the
enantioseparation of naproxen, carprofen, ibuprofen, ketoprofen and pranoprofen [224]. Both dual
synergic separation systems were also able more effectively to separate the enantiomers compared to the
vancomycin-alone case. Xu et al. [225] applied tetramethylammonium-L-hydroxyproline (TMA-L-Hyp)
with clindamycin phosphate (CP) for the separation of a racemic mixture of propranolol, nefopam,
citalopram and chlorphenamine. The authors optimized the electrophoretic conditions in terms of
the BGE composition, pH, voltage, temperature and UV parameters. The best results were obtained
when the CE separation was carried out on an uncoated fused-silica capillary (50 cm total and 41.5 cm
effective length × 50 μm i.d.) with a 40 mM borax buffer (pH 7.6) containing 80 mM of CP and 30 mM
of TMA-L-Hyp and methanol (20% v/v). A voltage of 20 kV and a temperature of 20 ◦C were used.
Nefopam, citalopram, chlorphenamine and propranolol were monitored at 289, 230, 265 and 237 nm,
respectively. AAILs based on a tetramethylammonium cation were also tested with maltodextrin for
the enantio-separation of pharmaceuticals belonging to different classes. For example, Yang et al. [226]
used tetramethylammonium-D-pantothenate (TMA-D-PAN) and tetramethylammonium-D-quinate
(TMA-D-QUI) as additives to the maltodextrin-based synergistic systems in a CE method developed
for the analysis of racemic mixtures of nefopam, ketoconazole, econazole and voriconazole. For both of
the CIL/maltodextrin systems, significantly improved Rs were observed for all the tested enantiomers,
although TMA-D-PAN offered better separation results. This synergistic effect was probably related to
a decrease in the density of the negative charge as an effect of the adsorption of the CIL cations on
the surface of the capillary. This caused increasing complexation between the racemates and the CIL,
which improved the resolution for all analytes.

Chen et al. [227] used tetramethylammonium-L-arginine (TMA-L-Arg) and
tetramethyl-ammonium-L-aspartic acid (TMA-L-Asp) in combination with maltodextrin for
the enantioseparation of nefopam, citalopram, cetirizine, duloxetine and ketoconazole. The most
effective chiral separation was observed when a BGE composed of 60 mM of TMA-L-Arg,
7.0% maltodextrin in 50 mM of Tris-H3PO4 (pH 3.0) and with a voltage of 18.0 kV was
applied. Zhang et al. compared the separation systems based on 1-butyl-3-methylimidazolium
(T-4)-bis[(2S)-2-(hydroxy-κO)-3-methylbutanoato-κO]borate ([C4MIM][BLHvB]) and 1-butyl-3-
methylimidazolium (T-4)-bis[(αS)-α-(hydroxy-κO)-4-methylbenzeneacetato-κO]borate ([C4MIM][BSMB])
along with HP-β-CD [228] as well as dextrin [229] as the CS in CE enantioseparations. In both studies,
the addition of the CIL enabled the synergistic effect to occur between them and the used CS, which
allowed better resolutions to be obtained and higher peak efficiencies compared to those calculated for
the HP-β-CD or the dextrin alone. On the other hand, [C4MIM][BLHvB] was more effective than
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[C4MIM][BSMB]. This was probably related to the structure of the [C4MIM][BSMB] anion whose
aromatic ring substituent could disturb chiral recognition.

An interesting approach was presented by Zhang et al. [230] who employed IL-dispersed NPs
as buffer modifiers for the chiral separation of laudanosine, propranolol, amlodipine, citalopram
and nefopam in CE. In the study, [C4MIM]BF4], ([C4MIM][PF6]), 1-dodecyl-3-methylimidazolium
chloride ([C12MIM][Cl]) and 1-aminoethyl-3-methylimidazolium bromide ([C2NH2MIM][Br]) ILs
were dispersed in multi-walled carbon nanotubes (ILs-MWNTs) and applied as the BGE modifier in
combination with chondroitin sulfate E (CSE), as the CS. The obtained results indicated that significantly
better separation, selectivity and peak shapes were achieved in the ILs-MWNTs modified system
compared to that observed in CSE alone. The parameters affecting the electrophoretic separation were
also investigated and optimized. The best results were obtained when CE was carried out on a 20 mM
Tris/H3PO4 buffer solution containing 2.5% CSE and 2.4 μg/mL of ILs-MWNTs at pH 2.8–3.4 and with
15 kV applied voltage.

It should be highlighted that most of the studies described above indicated that the application of
CILs alone as BGE modifiers was not able to effectively to separate the enantiomers. However, in the
literature there are also a few reports describing the synthesis of novel CIL structures the activity of which
was enough to achieve full resolution of drug enantiomers. For example, Yu et al. [231] synthesized
a β-CDs-based CIL, 6-O-2-hydroxypropyltrimethylammonium-β-cyclodextrin tetra-fluoroborate
([HPTMA-β-CD][BF4]), and used it as a CS for the enantioseparation of eight pairs of drug enantiomers.
The novel CIL offered higher solubility of the analytes in the BGE and gave better stabilization
of reversed EOF in CE compared to the parent β-CDs, which allowed a higher intensity of the
signals and a more effective resolution to be obtained. The results confirmed that the enantiomers of
chlorpheniramine, brompheniramine, promethazine, liarozole, tropicamide, warfarin, pheniramine
and bifonazole were more effectively separated with [HPTMA-β-CD][BF4] as the CS than with β-CDs.
Recently, a report describing the synthesis of mono-6-deoxy-6-(3-methylimidazolium)-β-cyclodextrin
tosylate (β-CDMIMOTs) CIL was also published by Zhou et al. [63]. The authors applied this new CIL
as a coating material to modify the EOF in the CE method for the enantioseparation of oxytetracycline,
tetracycline, chlortetracycline and doxycycline in environmental samples. The researchers achieved
good separation of the analytes due to the multiple functions ofβ-CD-IL, which enabled the tetracyclines
to be entrapped to form an inclusion complex (Figure 12).

 
Figure 12. Mechanism of separation of four TCs using β-CD–IL as dynamic coating material.
Figure adopted with permission from [63].
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Compared to β-CD alone, β-CD-IL offered better solubility in an aqueous buffer. A stable
suppressed EOF in the capillary was also generated as the effect of the occurrence of hydrogen bonding
and the electrostatic interaction with the capillary inner wall. The authors selected the best CE
conditions for tetracycline separation, which were achieved when a BGE composed of 10 mmol/L,
a pH 7.2 phosphate buffer and 20 mmol/L of β-CD-IL and electrochemical detection at 1 V was used.
The developed CE method allowed the compounds of interest to be monitored in environmental water
samples with LODs from 0.33 to 0.67 μmol/L.

5.2. Micellar Electrokinetic Chromatography

Considered as a mode of CE, micellar electrokinetic chromatography (MEKC) allows both
neutral and charged analytes to be separated. In MEKC, the surfactant monomers are added to
the run separation buffer above the critical micelle concentration (CMC), which allows aggregates
called micelles to form as a pseudostationary phase. The separation process is based on differences
between the analytes partitioning in a micellar stationary phase, and is related to the electrophoretic
mobility of the compounds. Therefore, the neutral and hydrophobic analytes incorporated into
the micelles gain an apparent electrophoretic mobility and will move at the same velocity as the
micelle under electrophoretic conditions. This allows the neutral and charged compounds with the
same charge-to-mass ratio to be separated because the migration time in MEKC is dependent on
the electrophoretic velocity of the micelle, the distribution ratio and the EOF velocity. The use of
additional BGE modifiers can increase efficiency and selectivity. ILs as BGE additions have become
interesting alternatives because the long-chain part of the AAILs can act as a surfactant to form a
micelle in the BGE when the level of ILs exceeds the CMC. Moreover, the electrostatic interaction
between the acidic analyte and the cationic micelle (AAILs) offered a more effective enantiorecognition
of the analytes. Higher concentrations of ILs may also be used compared to organic solvent surfactants
because of higher conductivity, hydrophobicity and solvation, which decreases the risk of destroying
the micellar system in MEKC. In the literature, there are a few papers reporting the use of ILs in MECK.
For example, Wang et al. published two consecutive papers [232,233] demonstrating the combination
of TM-β-CD with N-undecenoxycarbonyl-L-leucinol bromide (L-UCLB) CIL as a dual chiral selector
for the enantiodiscrimination of fenoprofen, indoprofen, ketoprofen, suprofen and ibuprofen. In the
study, different levels of CILs and TM-β-CD were tested. The results indicated that TM-β-CD alone
could not resolve the enantioseparation of the racemates, whereas the addition of L-UCLB at a
concentration of 1.5 to 2.0 mM to the BGE with TM-β-CD provided an excellent resolution. This was
related to the competitive inhibition of the interaction between the CIL and the capillary wall in the
presence of TM-β-CD. Cui et al. [234] used L-ethyl-3-methylimidazolium-L-lactate, [C2MIM][L-lactate]
and 1-ethyl-3-methylimidazolium-L-(β)-lactate [C2MIM][DL-lactate] alone or in combination with
HP-β-CD for the chiral resolution of ten analytes belonging to different classes of pharmaceuticals.
The results confirmed that the best enantiorecognition was obtained when a BGE composed of 40 mM
of HP-β-CD, 50 mM of NaH2PO4-H3PO4, pH 2.75, and 30 mM of [C2MIM][L-lactate] was used during
the enantiomeric separation. Moreover, this effect was mainly correlated with the cationic activity of
the IL, which played an important role in the increased resolution, whereas the anionic part of the
CIL possessed a low influence on the chirality and nature of the enantioseparation. Su et al. [235]
tested the addition of [C4MIM][Cl], [C4MIM][PF6], [C4MIM][Nf2T] and SDS as modifiers in the BGE
during the optimization of MEKC conditions for the separation of seven benzodiazepines. The results
confirmed that the BGE containing 170 mM of [C4MIM][Nf2T] and 10 mM of SDS offered the most
effective selectivity and resolution of the compounds of interest. This was related to different degrees
of association of the tested analytes, which gave a more satisfactory separation compared to the results
observed using the IL or SDS alone. The anionic moiety of [C4MIM][Nf2T] probably played a dominant
function during the separation process as a heteroassociation site for the benzodiazepines, while the
SDS improved the resolution. The developed MEKC method allowed the analytes to be detected in
human urine samples with LODs in the range of 2.74 to 4.42 μg/mL.
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5.3. Non-Aqueous Capillary Electrophoresis

In recent years, non-aqueous capillary electrophoresis (NACE) has become an interesting
separation technique because it allows the detection of water-insoluble analytes which cannot be
measured in traditional aqueous CE. Additionally, the analysis time in NACE can be shortened
because of the lower viscosity of the buffer solution and the higher EOF as well as the reduction of the
electrophoretic current. Moreover, the application of organic solvents allows the analytes to be detected
online by MS. As it was earlier mentioned, ILs possess some advantages over conventional organic
solvent modifiers, such as good conductivity. Hence, using ILs in NACE can give a better separation
effect. These possibilities were confirmed by Ma et al. [236] who applied an ephedrine-based CIL as
the CS for the enantiomeric resolution of omeprazole and rabeprazole by NACE. A reversed EOF
(anodic flow), probably caused by the adsorption of the cations onto the capillary wall, was observed
when (+)-N,N-dimethylephedrinium-bis(trifluoromethanesulfon)imidate ([DMP]+[Nf2T]−) was added
to the BGE. The best resolution was achieved with the BGE containing an acetonitrile-methanol mixture
(60:40, v/v) and 60 mM of [DMP]+[Nf2T]−. The authors found that the enantioseparation was related to
ion-pair interactions dependent on equilibrium constants between the negatively charged enantiomers
and DMP cations. Moreover, hydrogen-bonding between the hydroxyl group of DMP+ and the
sulfoxide group of the analytes as well as π–π and dipole–dipole interactions were responsible for the
separation mechanism.

Summarizing, the application of ILs in electromigration techniques offers new opportunities
to solve many analytical problems in the separation field. One of them is the chiral recognition
of racemic mixtures of pharmaceuticals having different chemical structures and biological activity.
The results of numerous studies based on drug standards confirmed the great potential of ILs in
CE applications. On the other hand, there are relatively few reports describing the separations of
drugs in real biological and environmental samples. This seems to be caused by the relatively low
sensitivity of CE-based methods compared to LC and GC techniques, which may be not enough for
many pharmaceutical, clinical and environmental applications. On the other hand, lower LOD values
can be obtained in electromigration techniques supported by ILs, which allows a partial resolution
for this analytical problem. Moreover, intensive progress is continuing systematically in developing
new approaches for improving sensitivity in electromigration techniques based on techniques such
as field-enhanced sample injection (FESI), field-amplified sample injection (FASI), field-amplified
sample stacking (FASS) or a combination of simultaneous electrokinetic and hydrodynamic injection
(SEHI) and field-enhanced sample injection in conjunction with a sweeping technique known as
sequential stacking featuring sweeping (SSFS) [237,238]. Probably, when scientists apply both ILs and
new technical resolutions in CE, it will allow the required sensitivity to be obtained for clinical and
environmental studies. These studies are very important because both CE-based techniques and ILs
are environmentally-friendly, so connecting them in one analytical tool could be an important factor
supporting the protection of nature.

6. Current Trends and Future Perspectives

Pharmaceuticals possess high biological activity and they can take part in various types of
interactions, which means that these substances have a huge influence on the functioning of both
live organisms as well as whole ecosystems. Therefore, as it was mentioned in Section 1, it is very
important to develop sensitive, selective, accurate and precise methods for reliable drug determination
in biological and environmental samples. An interesting approach is the application of ILs during
method development. According to the data presented in this review, there are several interesting
trends in the application of ILs for the determination of pharmaceuticals. First of all, ILs are most
often applied at the stage of sample preparation (Table 2). The vast majority of studies concerned
the extraction (or actually microextraction) of biological and environmental samples. Moreover, the
most common type of analyte extraction from both these matrices was DLLME. Researchers pay a lot
of attention to improving these methods by introducing modifications using physical and chemical
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factors. As a result, they promote the development of environmentally-friendly solutions in the field
of analytical chemistry and the improvement of validation parameters. Unfortunately, it should
be noted that despite the development of various IL-based methods, the majority of procedures
are still supported by organic solvents. In DLLME, their basic function is the dispersion of ionic
liquids. In turn, because of the high viscosity of ILs, sample detection is only possible after dissolving
the sample in MeOH, ACN and others. Thus, the application of ILs leads to improved validation
parameters, but the developed methods are not completely eco-friendly. The results prove that despite
moving in the right direction, this area requires further development. Improving the results is possible
not only by proper sample preparation, but also by the application of ILs in chromatographic and
electrophoretic techniques. The addition of ILs to mobile phases is the main way of using them for
the determination of pharmaceutical drugs by chromatographic techniques. As the results show, the
suppression of the interaction of silanol by use of ILs is a huge advance in the problematic analysis of
basic drugs (Table 3). The use of ILs in the BGE in electrophoretic techniques, which in many respects
are compatible with green chemistry, although their sensitivity still remains a challenging task for
the analyst, seems to be promising. It may be surprising that despite the existence of commercially
available and described methods for the self-preparation of IL-based chromatographic columns and
capillaries for electrophoresis, such methods of their use is very rare for pharmaceuticals. If the huge
potential of ILs is to be discovered, it should also be noted that in addition to the above detection
methods, researchers are trying to use them with other chromatographic techniques. Although such
applications are not yet widespread in the analysis of pharmaceuticals, their dynamic development
may cause such experiments to be performed in the future. In addition to trends in the design of
analytical methods, the qualification of ILs with similar structures to a specific stage of analysis is
the constant rule. In many works, optimization concerns the selection of a specific IL from a large
diverse group of IL molecules. However, according to the data presented in different reports, the
final optimization effect leads to the selection of the same IL. For example, an IL with hydrophobic
properties was sought for liquid-phase extraction and the best results were often achieved for the
imidazolium cation and anion [PF6]. In turn, as an addition to the mobile phase, the selection of the IL
[PF6] was not suitable due to too strong adsorption on the column and was replaced by [BF4]. It must
be highlighted that these are trends for most, but not all papers (detailed in Tables 2 and 3). However,
the fact is that despite access to a vast amount of ILs, only a few have been tested in experiments, and
the final selection focuses on a small number. As mentioned, the samples are analyzed by various
chromatographic and electrophoretic techniques, while a UV detector is almost always used for analyte
detection, rarely FL and almost never MS/MS.

The above examples confirm that there are no ideal solutions in the design of analytical methods
for the determination of pharmaceuticals in biological and environmental samples. However, in the
case of ILs, their advantages over disadvantages and also the incomplete data on them prove the need
for continuous interest and development in this area.

7. Conclusions

ILs as molecules with unique properties have been the subject of increased interest in recent years.
Undoubtedly, the key issue is “green chemistry”, which has set the direction of current research. Due to
their huge potential, it is natural to use ILs in the search for solutions to many problems in modern
laboratories, including their participation in analyzing pharmaceuticals in real samples. The use of
analytical methods at various stages confirms the universality and enormous potential of this “solvent
design”. The application of various chromatographic and electrophoretic techniques and extraction
methods together with the possibility of the use of ILs for a wide range of analytes prove that their
contribution to the development of analytical methods is not overestimated. At the same time, the
limitations that appear during their use show that success in experiments is not easy and this field of
research requires further development.
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68. Kiszkiel, I.; Starczewska, B.; Leśniewska, B.; Późniak, P. Extraction of ranitidine and nizatidine with using
imidazolium ionic liquids prior spectrophotometric and chromatographic detection. J. Pharm. Biomed. Anal.
2015, 106, 85–91. [CrossRef] [PubMed]

69. Rezaee, M.; Assadi, Y.; Milani Hosseini, M.R.; Aghaee, E.; Ahmadi, F.; Berijani, S. Determination of organic
compounds in water using dispersive liquid-liquid microextraction. J. Chromatogr. A 2006, 1116, 1–9.
[CrossRef]

70. Cruz-Vera, M.; Lucena, R.; Cárdenas, S.; Valcárcel, M. One-step in-syringe ionic liquid-based dispersive
liquid-liquid microextraction. J. Chromatogr. A 2009, 1216, 6459–6465. [CrossRef]

71. Hatami, M.; Karimnia, E.; Farhadi, K. Determination of salmeterol in dried blood spot using an ionic liquid
based dispersive liquid-liquid microextraction coupled with HPLC. J. Pharm. Biomed. Anal. 2013, 85, 283–287.
[CrossRef]

72. Padró, J.M.; Marsón, M.E.; Mastrantonio, G.E.; Altcheh, J.; García-Bournissen, F.; Reta, M. Development of
an ionic liquid-based dispersive liquid-liquid microextraction method for the determination of nifurtimox
and benznidazole in human plasma. Talanta 2013, 107, 95–102. [CrossRef]

73. Padró, J.M.; Pellegrino Vidal, R.B.; Echevarria, R.N.; Califano, A.N.; Reta, M.R. Development of an
ionic-liquid-based dispersive liquid-liquid microextraction method for the determination of antichagasic
drugs in human breast milk: Optimization by central composite design. J. Sep. Sci. 2015, 38, 1591–1600.
[CrossRef] [PubMed]

74. Xiao, C.; Tang, M.; Li, J.; Yin, C.; Xiang, G.; Xu, L. Determination of sildenafil, vardenafil and aildenafil in
human plasma by dispersive liquid-liquid microextraction-back extraction based on ionic liquid and high
performance liquid chromatography-ultraviolet detection. J. Chromatogr. B 2013, 931, 111–116. [CrossRef]

75. Gong, A.; Zhu, X. Dispersve solvent-free ultrasound-assisted ionic liquid dispersive liquid-liquid
microextraction coupled with HPLC for determination of ulipriststal acetate. Talanta 2015, 131, 603–608.
[CrossRef] [PubMed]

76. De Boeck, M.; Missotten, S.; Dehaen, W.; Tytgat, J.; Cuypers, E. Development and validation of a fast ionic
liquid-based dispersive liquid-liquid microextraction procedure combined with LC-MS/MS analysis for the
quantification of benzodiazepines and benzodiazepine-like hypnotics in whole blood. Forensic Sci. Int. 2017,
274, 44–54. [CrossRef] [PubMed]

77. De Boeck, M.; Dehaen, W.; Tytgat, J.; Cuypers, E. Ionic Liquid-Based Liquid-Liquid Microextraction for
Benzodiazepine Analysis in Postmortem Blood Samples. J. Forensic Sci. 2018, 63, 1875–1879. [CrossRef]

78. De Boeck, M.; Dubrulle, L.; Dehaen, W.; Tytgat, J.; Cuypers, E. Fast and easy extraction of antidepressants
from whole blood using ionic liquids as extraction solvent. Talanta 2018, 180, 292–299. [CrossRef]

79. Vaghar-Lahijani, G.; Aberoomand-Azar, P.; Saber-Tehrani, M.; Soleimani, M. Application of ionic liquid-based
ultrasonic-assisted microextraction coupled with HPLC for determination of citalopram and nortriptyline in
human plasma. J. Liq. Chromatogr. Relat. Technol. 2017, 40, 1–7. [CrossRef]

80. Rao, R.N.; Raju, S.S.; Vali, R.M. Ionic-liquid based dispersive liquid-liquid microextraction followed by high
performance liquid chromatographic determination of anti-hypertensives in rat seru. J. Chromatogr. B 2013,
931, 174–180. [CrossRef]

272



Molecules 2020, 25, 286

81. Rao, R.N.; Naidu, C.G.; Suresh, C.V.; Srinath, N.; Padiya, R. Ionic liquid based dispersive liquid-liquid
microextraction followed by RP-HPLC determination of balofloxacin in rat serum. Anal. Methods 2014, 6,
1674–1683. [CrossRef]

82. Rao, R.N.; Mastan Vali, R.; Vara Prasada Rao, A. Determination of rifaximin in rat serum by ionic liquid
based dispersive liquid-liquid microextraction combined with RP-HPLC. J. Sep. Sci. 2012, 35, 1945–1952.
[CrossRef]

83. Vaghar-Lahijani, G.; Saber-Tehrani, M.; Aberoomand-Azar, P.; Soleimani, M. Extraction and Determination of
Two Antidepressant Drugs in Human Plasma by Dispersive Liquid-Liquid Microextraction—HPLC. J. Anal.
Chem. 2018, 73, 145–151. [CrossRef]

84. Gong, A.; Zhu, X. Miniaturized ionic liquid dispersive liquid-liquid microextraction in a coupled-syringe
system combined with UV for extraction and determination of danazol in danazol capsule and mice serum.
Spectrochim. Acta A 2016, 159, 163–168. [CrossRef] [PubMed]

85. Zeeb, M.; Jamil, P.T.; Berenjian, A.; Ganjali, M.R.; Olyai, M.R.T.B. Quantitative analysis of piroxicam using
temperature-controlled ionic liquid dispersive liquid phase microextraction followed by stopped-flow
injection spectrofluorimetry. DARU. J. Pharm. Sci. 2013, 21, 63. [CrossRef]

86. Zeeb, M.; Ganjali, M.R.; Norouzi, P. Modified ionic liquid cold-induced aggregation dispersive liquid-liquid
microextraction combined with spectrofluorimetry for trace determination of ofloxacin in pharmaceutical
and biological samples. DARU. J. Pharm. Sci. 2011, 19, 446–454.

87. Song, J.; Zhang, Z.H.; Zhang, Y.Q.; Feng, C.; Wang, G.N.; Wang, J.P. Ionic liquid dispersive liquid-liquid
microextraction combined with high performance liquid chromatography for determination of tetracycline
drugs in eggs. Anal. Methods 2014, 6, 6459–6466. [CrossRef]

88. Wang, G.N.; Feng, C.; Zhang, H.C.; Zhang, Y.Q.; Zhang, L.; Wang, J.P. Determination of fluoroquinolone
drugs in meat by ionic-liquid-based dispersive liquid-liquid microextraction-high performance liquid
chromatography. Anal. Methods 2015, 7, 1046–1052. [CrossRef]

89. Liu, X.; Fu, F.; Li, M.; Guo, L.P.; Yang, L. Ionic Liquid-Based Dispersive Liquid-Liquid Microextraction
Coupled with Capillary Electrophoresis to Determine Drugs of Abuse in Urine. Chin. J. Anal. Chem. 2013, 41,
1919–1922. [CrossRef]

90. Rao, T.S.; Sridevi, M.; Naidu, C.G.; Nagaraju, B. Ionic liquid-based vortex-assisted DLLME followed by
RP-LC-PDA method for bioassay of daclatasvir in rat serum: Application to pharmacokinetics. J. Anal.
Sci. Technol. 2019, 10, 20. [CrossRef]

91. Cruz-Vera, M.; Lucena, R.; Cárdenas, S.; Valcárcel, M. Ionic liquid-based dynamic liquid-phase
microextraction: Application to the determination of anti-inflammatory drugs in urine samples. J. Chromatogr.
A 2008, 1202, 1–7. [CrossRef]

92. Yao, C.; Li, T.; Twu, P.; Pitner, W.R.; Anderson, J.L. Selective extraction of emerging contaminants from water
samples by dispersive liquid-liquid microextraction using functionalized ionic liquids. J. Chromatogr. A 2011,
1218, 1556–1566. [CrossRef]

93. Zhao, R.S.; Wang, X.; Sun, J.; Wang, S.S.; Yuan, J.P.; Wang, X.K. Trace determination of triclosan and
triclocarban in environmental water samples with ionic liquid dispersive liquid-phase microextraction prior
to HPLC-ESI-MS-MS. Anal. Bioanal. Chem. 2010, 397, 1627–1633. [CrossRef] [PubMed]

94. Yu, H.; Merib, J.; Anderson, J.L. Faster dispersive liquid-liquid microextraction methods using magnetic
ionic liquids as solvents. J. Chromatogr. A 2016, 1463, 11–19. [CrossRef] [PubMed]

95. Mao, T.; Hao, B.; He, J.; Li, W.; Li, S.; Yu, Z. Ultrasound assisted ionic liquid dispersive liquid phase extraction
of lovastatin and simvastatin: A new pretreatment procedure. J. Sep. Sci. 2009, 32, 3029–3033. [CrossRef]
[PubMed]

96. Hou, D.; Guan, Y.; Di, X. Temperature-Induced Ionic Liquids Dispersive Liquid-Liquid Microextraction of
Tetracycline Antibiotics in Environmental Water Samples Assisted by Complexation. Chromatographia 2011,
73, 1057–1064. [CrossRef]

97. Parrilla Vázquez, M.M.; Parrilla Vázquez, P.; Martínez Galera, M.; Gil García, M.D.; Uclés, A.
Ultrasound-assisted ionic liquid dispersive liquid-liquid microextraction coupled with liquid
chromatography-quadrupole-linear ion trap-mass spectrometry for simultaneous analysis of pharmaceuticals
in wastewaters. J. Chromatogr. A 2013, 1291, 19–26. [CrossRef]

273



Molecules 2020, 25, 286

98. Vázquez, M.P.; Vázquez, P.P.; Galera, M.M.; García, M.G. Determination of eight fluoroquinolones in
groundwater samples with ultrasound-assisted ionic liquid dispersive liquid-liquid microextraction prior to
high-performance liquid chromatography and fluorescence detection. Anal. Chim. Acta 2012, 748, 20–27.
[CrossRef]

99. Ji, Y.; Du, Z.; Zhang, H.; Zhang, Y. Rapid analysis of non-steroidal anti-inflammatory drugs in tap water
and drinks by ionic liquid dispersive liquid-liquid microextraction coupled to ultra-high performance
supercritical fluid chromatography. Anal. Methods 2014, 6, 7294–7304. [CrossRef]

100. Xu, X.; Su, R.; Zhao, X.; Liu, Z.; Zhang, Y.; Li, D.; Li, X.; Zhang, H.; Wang, Z. Ionic liquid-based
microwave-assisted dispersive liquid-liquid microextraction and derivatization of sulfonamides in river
water, honey, milk, and animal plasma. Anal. Chim. Acta 2011, 707, 92–99. [CrossRef]

101. Ge, D.; Lee, H.K. Ionic liquid based dispersive liquid-liquid microextraction coupled with micro-solid phase
extraction of antidepressant drugs from environmental water samples. J. Chromatogr. A 2013, 1317, 217–222.
[CrossRef]

102. Zhao, R.S.; Wang, X.; Sun, J.; Hu, C.; Wang, X.K. Determination of triclosan and triclocarban in
environmental water samples with ionic liquid/ionic liquid dispersive liquid-liquid microextraction prior to
HPLC-ESI-MS/MS. Microchim. Acta 2011, 174, 145–151. [CrossRef]

103. Toledo-Neira, C.; Álvarez-Lueje, A. Ionic liquids for improving the extraction of NSAIDs in water
samples using dispersive liquid-liquid microextraction by high performance liquid chromatography-diode
array—Fluorescence detection. Talanta 2015, 134, 619–626. [CrossRef] [PubMed]

104. Zare, F.; Ghaedi, M.; Daneshfar, A. Ionic-liquid-based surfactant-emulsified microextraction procedure
accelerated by ultrasound radiation followed by high-performance liquid chromatography for the
simultaneous determination of antidepressant and antipsychotic drugs. J. Sep. Sci. 2015, 38, 844–851.
[CrossRef] [PubMed]

105. Liu, Z.; Yu, W.; Zhang, H.; Gu, F.; Jin, X. Salting-out homogenous extraction followed by ionic liquid/ionic
liquid liquid-liquid micro-extraction for determination of sulfonamides in blood by high performance liquid
chromatography. Talanta 2016, 161, 748–754. [CrossRef] [PubMed]

106. Cruz-Vera, M.; Lucena, R.; Cárdenas, S.; Valcárcel, M. Determination of phenothiazine derivatives in human
urine by using ionic liquid-based dynamic liquid-phase microextraction coupled with liquid chromatography.
J. Chromatogr. B 2009, 877, 37–42. [CrossRef] [PubMed]

107. Qin, H.; Li, B.; Liu, M.S.; Yang, Y.L. Separation and pre-concentration of glucocorticoids in water samples by
ionic liquid supported vortex-assisted synergic microextraction and HPLC determination. J. Sep Sci. 2013,
36, 1463–1469. [CrossRef] [PubMed]

108. Song, Y.; Wu, L.; Lu, C.; Li, N.; Hu, M.; Wang, Z. Microwave-assisted liquid-liquid microextraction based
on solidification of ionic liquid for the determination of sulfonamides in environmental water samples.
J. Sep. Sci. 2014, 37, 3533–3538. [CrossRef]

109. Tao, Y.; Liu, J.F.; Hu, X.L.; Li, H.C.; Wang, T.; Jiang, G.B. Hollow fiber supported ionic liquid membrane
microextraction for determination of sulfonamides in environmental water samples by high-performance
liquid chromatography. J. Chromatogr. A 2009, 1216, 6259–6266. [CrossRef]

110. Goh, S.X.L.; Goh, H.A.; Lee, H.K. Automation of ionic liquid enhanced membrane bag-assisted-liquid-phase
microextraction with liquid chromatography-tandem mass spectrometry for determination of glucocorticoids
in water. Anal. Chim. Acta 2018, 1035, 77–86. [CrossRef]

111. Hanapi, N.S.M.; Sanagi, M.M.; Ismail, A.K.; Ibrahim, W.A.W.; Saim, N.; Ibrahim, W.N.W. Ionic
liquid-impregnated agarose film two-phase micro-electrodriven membrane extraction (IL-AF-μ-EME)
for the analysis of antidepressants in water samples. J. Chromatogr. B 2017, 1046, 73–80. [CrossRef]

112. Shao, M.; Zhang, X.; Li, N.; Shi, Ji.; Zhang, H.; Wang, Z.; Zhang, H.; Yu, A.; Yu, Y. Ionic liquid-based aqueous
two-phase system extraction of sulfonamides in milk. J. Chromatogr. B 2014, 961, 5–12. [CrossRef] [PubMed]

113. Han, J.; Wang, Y.; Yu, C.; Li, C.; Yan, Y.; Liu, Y.; Wang, L. Separation, concentration and determination of
chloramphenicol in environment and food using an ionic liquid/salt aqueous two-phase flotation system
coupled with high-performance liquid chromatography. Anal. Chim. Acta 2011, 685, 138–145. [CrossRef]
[PubMed]

114. Yao, T.; Yao, S. Magnetic ionic liquid aqueous two-phase system coupled with high performance
liquid chromatography: A rapid approach for determination of chloramphenicol in water environment.
J. Chromatogr. A 2017, 1481, 12–22. [CrossRef] [PubMed]

274



Molecules 2020, 25, 286

115. Wen, Y.; Chen, L.; Li, J.; Liu, D.; Chen, L. Recent advances in solid-phase sorbents for sample preparation
prior to chromatographic analysis. TrAC Trends Anal. Chem. 2014, 59, 26–41. [CrossRef]

116. Pang, X.; Bai, L.; Lan, D.; Guo, B.; Wang, H.; Liu, H.; Ma, Z. Development of an SPE Method Using Ionic
Liquid-Based Monolithic Column for On-Line Cleanup of Human Plasma and Simultaneous Determination
of Five Steroid Drugs. Chromatographia 2018, 81, 1391–1400. [CrossRef]

117. Liu, S.; Wang, C.; He, S.; Bai, L.; Liu, H. On-line SPE Using Ionic Liquid-Based Monolithic Column for the
Determination of Antihypertensives in Human Plasma. Chromatographia 2016, 79, 441–449. [CrossRef]

118. Ferreira, D.C.; De Toffoli, A.L.; Maciel, E.V.S.; Lanças, F.M. Online fully automated SPE-HPLC-MS/MS
determination of ceftiofur in bovine milk samples employing a silica-anchored ionic liquid as sorbent.
Electrophoresis 2018, 39, 2210–2217. [CrossRef]

119. Da Silva, M.R.; Lanças, M.F. Evaluation of ionic liquids supported on silica as a sorbent for fully automated
online solid-phase extraction with LC-MS determination of sulfonamides in bovine milk samples. J. Sep. Sci.
2018, 41, 2237–2244. [CrossRef]

120. Yan, H.; Liu, S.; Gao, M.; Sun, N. Ionic liquids modified dummy molecularly imprinted microspheres as solid
phase extraction materials for the determination of clenbuterol and clorprenaline in urine. J. Chromatogr. A
2013, 1294, 10–16. [CrossRef]

121. Wu, J.; Zhao, H.; Xiao, D.; Chuong, P.H.; He, J.; He, H. Mixed hemimicelles solid-phase extraction
of cephalosporins in biological samples with ionic liquid-coated magnetic graphene oxide nanoparticles
coupled with high-performance liquid chromatographic analysis. J. Chromatogr. A. 2016, 1454, 1–8. [CrossRef]

122. Taghvimi, A.; Hamidi, S.; Javadzadeh, Y. Mixed hemimicelle magnetic dispersive solid-phase extraction
using carbon-coated magnetic nanoparticles for the determination of tramadol in urine samples. J. Sep. Sci.
2019, 42, 582–590. [CrossRef]

123. Yan, H.; Gao, M.; Yang, C.; Qiu, M. Ionic liquid-modified magnetic polymeric microspheres as dispersive
solid phase extraction adsorbent: A separation strategy applied to the screening of sulfamonomethoxine and
sulfachloropyrazine from urine. Anal. Bioanal. Chem. 2014, 406, 2669–2677. [CrossRef] [PubMed]

124. Wang, Z.; He, M.; Jiang, Ch.; Zhang, F.; Du, S.; Feng, W.; Zhang, H. Matrix solid-phase dispersion coupled
with homogeneous ionic liquid microextraction for the determination of sulfonamides in animal tissues
using high-performance liquid chromatography. J. Sep. Sci. 2015, 38, 4127–4135. [CrossRef] [PubMed]

125. Gao, S.; Yu, W.; Yang, X.; Liu, Z.; Jia, Y.; Zhang, H. On-line ionic liquid-based dynamic microwave-assisted
extraction-high performance liquid chromatography for the determination of lipophilic constituents in root
of Salvia miltiorrhiza Bunge. J. Sep. Sci. 2012, 35, 2813–2821. [CrossRef] [PubMed]

126. Amiri, M.; Yamini, Y.; Safari, M.; Asiabi, H. Magnetite nanoparticles coated with covalently immobilized
ionic liquids as a sorbent for extraction of non-steroidal anti-inflammatory drugs from biological fluids.
Microchim. Acta 2016, 183, 2297–2305. [CrossRef]

127. Fontanals, N.; Ronka, S.; Borrull, F.; Trochimczuk, A.W.; Marcé, R.M. Supported imidazolium ionic liquid
phases: A new material for solid-phase extraction. Talanta 2009, 80, 250–256. [CrossRef]

128. Bratkowska, D.; Fontanals, N.; Ronka, S.; Trochimczuk, A.W.; Borrull, F.; Marcé, R.M. Comparison of different
imidazolium supported ionic liquid polymeric phases with strong anion-exchange character for the extraction
of acidic pharmaceuticals from complex environmental samples. J. Sep. Sci. 2012, 35, 1953–1958. [CrossRef]

129. Zhu, G.; Cheng, G.; Wang, P.; Li, W.; Wang, Y.; Fan, J. Water compatible imprinted polymer prepared in water
for selective solid phase extraction and determination of ciprofloxacin in real samples. Talanta 2019, 200,
307–315. [CrossRef]

130. Arthur, C.L.; Pawliszyn, J. Solid phase microextraction with thermal desorption using fused silica optical
fibers. Anal. Chem. 1990, 62, 2145–2148. [CrossRef]

131. Jamshidi, S.; Rofouei, M.K.; Thorsen, G. Using magnetic core-shell nanoparticles coated with an ionic liquid
dispersion assisted by effervescence powder for the micro-solid-phase extraction of four beta blockers from
human plasma by ultra high performance liquid chromatography with mass. J. Sep. Sci. 2019, 42, 698–705.
[CrossRef]

132. Yang, M.; Wu, X.; Jia, Y.; Xi, X.; Yang, X.; Lu, R.; Zhang, R.; Gao, H.; Zhou, W. Use of magnetic effervescent
tablet-assisted ionic liquid dispersive liquid-liquid microextraction to extract fungicides from environmental
waters with the aid of experimental design methodology. Anal. Chim. Acta 2016, 906, 118–127. [CrossRef]

275



Molecules 2020, 25, 286

133. Serrano, M.; Chatzimitakos, T.; Gallego, M.; Stalikas, C.D. 1-Butyl-3-aminopropyl imidazolium-functionalized
graphene oxide as a nanoadsorbent for the simultaneous extraction of steroids and β-blockers via dispersive
solid-phase microextraction. J. Chromatogr. A 2016, 1436, 9–18. [CrossRef] [PubMed]

134. Pacheco-Fernández, I.; Najafi, A.; Pino, V.; Anderson, J.L.; Ayala, J.H.; Afonso, A.M. Utilization of highly
robust and selective crosslinked polymeric ionic liquid-based sorbent coatings in direct-immersion solid-phase
microextraction and high-performance liquid chromatography for determining polar organic pollutants in
waters. Talanta 2016, 158, 125–133. [CrossRef] [PubMed]

135. Talebpour, Z.; Taraji, M.; Adib, N. Stir bar sorptive extraction and high performance liquid chromatographic
determination of carvedilol in human serum using two different polymeric phases and an ionic liquid as
desorption solvent. J. Chromatogr. A 2012, 1236, 1–6. [CrossRef] [PubMed]
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